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ABSTRACT 

The ability of drinking water treatments (DWT) to remove ENPs from water is crucial to 

ensure the safety of public water supply. This thesis assessed the removal of three commercial 

metal-based nanoparticles, titanium dioxide (TiO2), silver (Ag) and copper oxide (CuO) in 

DWT, exploring and comparing the potential of conventional and advanced processes. To 

understand the removal mechanisms, individual ENPs and mixtures of the three ENPs, 

dispersed in synthesised and natural surface waters were used. Conventional coagulation/ 

flocculation/ sedimentation (C/F/S) process alone and enhanced with powdered activated 

carbon (PAC) were studied, and the advanced membrane filtration processes, ultrafiltration 

(UF) and nanofiltration (NF), were integrated with conventional C/F/S (hybrid water treatment) 

or used alone (NF). These technologies were evaluated under typical DWT operational 

conditions. Overall, results show that optimised treatments are able to remove ENPs, without 

hampering other DWT target compounds. Residual turbidity, dissolved organic carbon, specific 

UV absorbance and aluminium were below the guidelines and similar to those found in actual 

DWTP. C/F/S removed 93% and 98% of the tested ENPs, depending on water characteristics. 

C/F/S+PAC and C/F/F→UF treatments improved the removal of single and multiple ENPs in 

approximately 10% compared with C/F/S alone, with Ti and Cu undetected in the C/F/S→UF 

treated water. However, due to AgNPs dissolution, residual Ag concentrations were present in 

the C/F/S→UF treated water. Using NF, the dissolved Ag was eliminated from treated water to 

undetectable values (depending on water characteristics). The main mechanisms responsible 

for the removal were charge neutralisation (C/F/S), size exclusion (UF and NF), adsorption and 

complexation with salts and adsorption on NOM (PAC and NF). This study contributes to the 

advancement of knowledge on the removal of emerging contaminants from drinking water, 

demonstrating that the processes optimisation for the ENPs removal is a key factor to ensure 

safe water, reducing the potential hazards associated to the ingestion of these contaminants and 

meeting the drinking water quality guidelines. 

 

Keywords: Engineered nanoparticles, surface water, drinking water treatment, metal-based, 

conventional water treatment, advanced water treatment. 
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RESUMO ALARGADO 

A capacidade de controlar e manipular a forma e o tamanho de estruturas à escala 

nanométrica veio revolucionar diversas áreas industriais, possibilitando a criação de produtos 

adaptáveis, mais eficientes e de baixo custo através da integração de nanomateriais 

manufaturados, especialmente nanopartículas (NPs). Contudo, o crescimento exponencial de 

produtos do quotidiano contendo NPs leva à introdução destas nanoestruturas no meio aquático, 

originando potenciais riscos toxicológicos tanto para o ambiente como para a saúde humana. 

As características intrínsecas das NPs, tais como tamanho reduzido, forma variada, área 

superficial elevada, assim como as suas capacidades de agregação e dissolução, proporcionam 

uma maior reatividade, podendo ampliar o seu efeito tóxico e tornando-as responsáveis por 

efeitos nocivos nos organismos vivos.  

A introdução de NPs manufaturadas em águas superficiais utilizadas para a produção de 

água para consumo apresenta um elevado risco para a saúde humana, uma vez que pode levar 

à exposição direta às NPs através da ingestão de água contaminada. A ingestão de NPs pode 

causar efeitos adversos à saúde humana, tais como problemas renais, inflamações 

gastrointestinais, implicações ao nível do sistema neurológico e doenças cancerígenas. Embora 

ainda existam algumas dúvidas relacionadas com a toxicidade destas nanoestruturas, algumas 

NPs já foram identificadas como tóxicas para a saúde humana, nomeadamente as de origem 

metálica, onde se incluem as NPs de TiO2, Ag e CuO. Atualmente, já foram detetadas NPs em 

águas superficiais, águas para consumo humano e em água da torneira com concentrações entre 

os ng/L e os µg/L.  

Embora o tratamento de água seja uma das principais estratégias para evitar a exposição 

humana às NPs através da ingestão, os poucos estudos existentes descrevem os tratamentos 

convencionais como sendo ineficientes na sua remoção. Estes estudos, para além de mostrarem 

uma elevada variabilidade nas eficiências de remoção, foram maioritariamente realizados 

usando elevadas concentrações de NPs dispersas em água ultrapura, da torneira ou soluções 

sintéticas, sem considerarem a complexidade das águas superficiais naturais.  

Assim sendo, este trabalho pretendeu estudar a capacidade dos tratamentos de água 

convencionais e avançados para remover nanopartículas de águas superficiais. Para tal, a 

remoção de NPs de origem metálica foi explorada e avaliada usando diversas estratégias de 

tratamento, de modo a garantir uma eficiente remoção de NPs e de iões provenientes da sua 

dissolução. Os tratamentos propostos tiveram também por base a minimização do impacte da 
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requalificação das estações de tratamento de águas para consumo humano recuperando os 

processos mais utilizados na produção de água potável.  Para os ensaios foram escolhidas 

nanopartículas manufaturadas disponíveis comercialmente, TiO2, Ag e CuO, com base na sua 

elevada produção e aplicação em produtos do quotidiano. De modo a compreender os 

mecanismos de remoção, as NPs foram usadas individualmente e em conjunto dispersas em 

águas sintéticas (águas modelo) e águas naturais provenientes de barragens (Alentejo e Algarve) 

atualmente utilizadas para a produção de água para consumo humano. Em todas as opções de 

tratamento estudadas, os processos foram sempre otimizados tendo em vista a maximização da 

remoção das NPs, aplicando condições operacionais típicas em contexto real de tratamento de 

água. O tipo e doses de coagulante e carvão ativado testados são também usados em contexto 

real. O tratamento convencional coagulação/floculação/sedimentação (C/F/S) demonstrou ter 

capacidade para remover NPs, tanto em águas sintéticas como naturais, utilizando um 

coagulante polimérico de alumínio. Este processo apresentou eficiências elevadas (ca. 95%) 

tanto na remoção das NPs individualmente, como na sua remoção simultânea (variando entre 

93% e 99% dependendo da NP e das características da água. Contudo, foi observado que para 

alcançar remoções semelhante de NPs de TiO2, as águas hidrofóbicas necessitam de uma dose 

de coagulante mais elevada do que as hidrofílicas. Ao contrário das características das águas, a 

presença de diferentes NPs em conjunto não afetou a dose de coagulante necessária.  

Determinou-se que o mecanismo de remoção de NPs mais provável foi a neutralização de 

cargas. No final do processo, as concentrações residuais de NPs nas águas tratadas foram,  

6.5±2.1 e 2.5±0.7 µg Ti/L, 15.0±1.4 e 6.0±1.4 µg Ag/L, e 18.8±8.8 e 0.5±0.1 µg Cu/L, para a 

água natural com menor turvação e matéria orgânica natural (NOM) e para a água natural com 

maior turvação e NOM, respetivamente. De modo a diminuir as concentrações residuais de NPs 

na água tratada, o processo convencional C/F/S foi combinado com a adsorção por carvão 

ativado em pó (C/F/S+PAC) e integrado com o tratamento avançado ultrafiltração (UF) num 

processo de tratamento híbrido (C/F/S→UF). O processo C/F/S+PAC foi mais eficiente na 

remoção das NPs de TiO2 (>99.9%), com o Ti a apresentar concentrações inferiores ao limite 

de deteção na água tratada. Para o mesmo tratamento as remoções de Ag e Cu foram superiores 

a 99.2%. Com a aplicação do tratamento híbrido (C/F/S→UF), não foram detetadas 

concentrações residuais nem de Ti nem de Cu na água filtrada. Contudo, foram detetadas 

concentrações entre 5.0 e 7.0 µg/L para a Ag. Este resultado foi associado à dissolução das 

AgNPs, uma vez que, tendo em conta o menor tamanho do poro da membrana comparado com 

o tamanho individual das NPs e dos agregados formados, a parte nanoparticulada foi removida. 
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Com o intuito de remover  tanto AgNPs, como os iões provenientes da dissolução foi utilizado 

o tratamento avançado de nanofiltração (NF). Com este tratamento os agregados e as 

nanopartículas individuais foram completamente removidas por exclusão de tamanho, tendo a 

remoção de Ag dissolvida chegado aos 99.9%, dependendo do conteúdo de sais e matéria 

orgânica natural das águas testadas.  

Os resultados obtidos permitem concluir que é possível remover de forma eficaz NPs 

durante o tratamento de água para consumo humano, utilizando uma combinação/sequência de 

tratamentos convencionais e avançados, sem prejudicar a qualidade da água final. Tal foi 

demonstrado pela comparação dos valores residuais de turvação, carbono orgânico dissolvido, 

SUVA (absorvência específica) e alumínio com os valores paramétricos nacionais e 

internacionais para a água para consumo humano. Uma linha de tratamento integrando 

C/F/S+PAC, seguido de UF ou até mesmo NF, apresenta-se como uma solução segura para 

eliminar a ameaça de ingestão de NPs através de água potável. 

 

Palavras-Chave: Nanopartículas, água para consumo humano, águas superficiais, tratamento 

de água convencional, tratamento de água avançado. 
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1.1 Nanoparticles, a threat to the quality of drinking water? 

The increasing production and application in consumer goods of engineered nanoparticles 

(ENPs) over the past decade will inevitably lead to their release into the aquatic environment 

and thereby cause the exposure of living organisms to these contaminants, resulting in growing 

environmental and human health concerns (Dwivedi et al., 2015; Giese et al., 2018; Lead et al., 

2018; Nowack et al., 2016). It has been shown that ENPs-containing products release 

nanoparticles (NPs) into the environment during their production, useful life or upon final 

disposal (Caballero-Guzman and Nowack, 2016; Giese et al., 2018; Gottschalk and Nowack, 

2011; Sun et al., 2017; Williams et al., 2019). This leads to direct exposure to ENPs for humans 

via inhalation, skin contact and ingestion of contaminated drinking water or indirect exposure 

from ingestion of seafood (Liu et al., 2014; Tiede et al., 2015). Therefore, ENPs should be 

considered an emerging water contaminant, and their removal during drinking water treatment 

should be ensured and monitored (Abbott Chalew et al., 2013). Estimated NPs concentrations 

in surface waters range from ng/L to µg/L (Donovan et al., 2016; Peters et al., 2018; Yang and 

Westerhoff, 2014), but these concentrations are anticipated to increase over time with higher 

use and disposal of ENPs-containing products (Adam et al., 2018; Nowack et al., 2016). 

Although the effects of ingested ENPs are still being investigated, several recent in vitro and in 

vivo experiments have already shown that there are adverse health effects from nanoparticles 

exposure. At the cellular level, nanoparticles exposure led to cell death, DNA damage and 

increased reactive oxygen species (Kumbıçak et al., 2014; Missaoui et al., 2018; Yu et al., 

2013).  

Due to their small size, NPs can accumulate inside cells, and, once inside, may release ions 

that can directly impact cell functioning (Carlson et al., 2008; Missaoui et al., 2018). In vivo 

studies demonstrated that TiO2 NPs are genotoxic (Chen et al., 2014) and after five days of 

ingesting TiO2 NPs from drinking water, rats had detectable DNA damage (Trouiller et al., 

2009). Other studies reported histological evidence of inflammation, as well as increased liver 

enzymes related to necrosis, in rats and mice in response to Ag and ZnO NPs in drinking water 

(Cha et al., 2008; Park et al., 2010). Human exposure to Ag NPs has been shown to cause liver 

and kidney damage, eye and skin irritations, and changes to blood cells (Ahamed et al., 2010). 

Furthermore, the ability of these particles to penetrate the body and cells provides potential 

routes for the delivery of nanoparticle-associated toxic pollutants to sites that they would not 

usually reach (Missaoui et al., 2018; Moore, 2006). Despite the evidence of ENPs released into 

surface waters and consequently drinking waters sources, only a few studies investigated the 
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removal of ENPs by water treatment processes. These studies have found that conventional 

treatment is not completely effective in ENPs removal from drinking water and removal 

efficiencies are highly dependent on water characteristics (Abbott Chalew et al., 2013; Honda 

et al., 2014; Kinsinger et al., 2015; Sun et al., 2013; Zhang et al., 2008). In addition, these 

studies did not test ENPs removal in natural waters with complex chemistries. Water 

characteristics such as pH, natural organic matter content and salt composition can affect the 

size, aggregation, dissolution and stability of NPs in water (Serrão Sousa and Ribau Teixeira, 

2013). Abbott Chalew et al., 2013 have found that ultrafiltration was more effective in the 

removal of Ag, ZnO2 and TiO2 than conventional treatment, however, finished water contained 

considerable metal concentrations that may pose hazards to human health. Once again, ENPs 

removal was affected by stability, aggregation and dissolution. Most of these studies were 

conducted using nanoparticles spiked into ultrapure, tap water, or synthetic freshwaters at high 

nanoparticle concentrations. To date, no studies have investigated removal through the 

combination of conventional and advanced drinking water treatment processes using natural 

surface waters and environmentally relevant ENPs mixtures taking into account the release of 

metal ions from NPs. If ENPs are not removed from the drinking water, they represent a threat 

to human health. Thus, their removal is essential to minimize their potential hazards. Due to 

ENPs potential adverse effects, the discussion about their safety in terms of human health and 

the environment has become a priority for several governments and regulatory agencies all over 

the world (Geissen et al., 2015a; Giese et al., 2018; Houtman, 2010). 

 

1.2. Nanoparticles properties 

Nanotechnology is often defined as the design, development, production and application of 

structures by controlling and manipulating shape and size at the nanometric scale, allowing the 

creation of novel materials or the improvement of existing ones (Jeevanandam et al., 2018; The 

Royal Society and Royal Academy of Engineering, 2004). Amongst engineered nanomaterials 

(ENMs), ENPs (structures with 100 nm or less in a least one dimension) play a central role, 

with massive production in the last decade, and application to a wide range of different areas 

such as electronics, biomedical, pharmaceutical, cosmetic, environmental remediation, food 

and several other daily products (Chekli et al., 2015; Dwivedi et al., 2015).  

Nanoparticles show a different behaviour comparing to bulk counterparts, with surface and 

quantum effects conducting these differences. Due to size reduction, ENPs have a higher 
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surface area to volume ratio, showing a higher number of atoms present at the surface instead 

of on the interior of the particle and increasing their reactivity. At the nanoscale, quantum 

effects, such as electron localisation, binding energy shift, surface collective charge excitation, 

are also significant, influencing mechanical, optical, electrical and magnetic properties of ENPs 

(Khan et al., 2019; Klaine et al., 2008; Nel et al., 2009).  

ENPs are usually classified by their chemical composition. However, the wide variety of 

ENPs (size, specific area and shape) will result in different chemical reactivity, bioavailability 

and toxicity. Metal-based ENPs comprise the most significant number of nanoparticles, which 

includes oxides, such as titanium dioxide (TiO2) and copper oxide (CuO), two of the most 

commonly used metal oxides, and bare metals, such as silver (Ag) (Bhatt and Tripathi, 2011; 

Klaine et al., 2008). TiO2 is amongst the first ENMs made readily commercially available.  

Nano-TiO2 is widely used in sunscreen due to its effectiveness in UV reflection and absorption 

(Botta et al., 2011), it is also used as a thickener and whitening additive (Piccinno et al., 2012; 

Savage et al., 2007). Due to these specific and unique characteristics, it is also applied in 

cosmetics, toothpaste, plastics, paints, coatings, sporting goods and water treatment (Menard et 

al., 2011; Piccinno et al., 2012). CuO ENPs present an elevated thermal and electrical 

conductivity, being intensively used as heat transfer fluid in machinery, polymers and plastics, 

gas sensors, wood preservation, inks, integrated circuits and batteries coatings (Maisano et al., 

2015; Pang et al., 2012). Also, due to antimicrobial properties, CuO ENPs are applied in skin 

products and textiles (Maisano et al., 2015). Ag ENPs are one of the most commercialised 

nanoparticles due to their antibacterial properties, making them widely used in textiles, food 

storage, kitchenware, cosmetics, personal hygiene products and household appliances (Cascio 

et al., 2015; Tolaymat et al., 2010). Moreover, these ENPs are used in several medical 

equipments and medical textiles (Li et al., 2008).  

 

1.3. Aims and outline 

Although water treatment is one of the main strategies to avoid the ingestion of harmful 

contaminants from drinking water, a few studies have already demonstrated that conventional 

water treatment is not able to remove nanoscale particles. As environmental ENPs 

concentrations increase, it is necessary to adapt drinking water treatment processes to entirely 

remove nanoparticles, reducing their potential harmful health effects.  
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This thesis aims to fill the gap of knowledge about the effectiveness of conventional and 

advanced drinking water treatments in the removal of single and multiple ENPs from surface 

waters. Hence, the primary objective of this work is to explore and evaluate effective water 

treatment processes to avoid the nanoparticles breakthrough into treated drinking water, 

determining the effects of ENPs and water characteristics on the removal processes. Commonly 

present in consumer products and also likely to be present in water, TiO2, Ag and CuO ENPs 

were chosen to conduct the experiments in this program. Although these ENPs toxicity was 

already shown by several studies they are highly produced. Additionally, Ag and TiO2 ENPs 

are increasingly used to improve water quality in drinking water treatment, being important to 

ensure that these NPs do not breakthrough into finished drinking water. 

To achieve this goal, this thesis intends to study advanced water treatment processes as also 

explore new approaches to optimise conventional water treatment to remove nanoparticles and 

released ions from water and thereby answering the main questions: 

a) Can conventional drinking water treatment be optimised to be able to remove 

nanoparticles? 

b) Can advanced water treatments effectively remove nanoparticles and released ions from 

water? 

c) Can advanced/optimised conventional water treatments explored in this thesis be 

incorporated in a drinking water treatment plant (DWTP) to remove nanoparticles and 

released ions without compromising the quality of the treated drinking water? 

To answer these questions and achieve the purpose, this thesis is divided into eight chapters, 

including five main chapters (Chapters 2 to 6), a general introductory chapter (Chapter 1), a 

final concluding chapter (Chapter 7), and the references (Chapter 8). Supplemental materials 

associated with the main chapters are compiled at the end of the document (Appendices A, B 

and C). Thesis chapters are outlined below. 

 

Chapter 1: General introduction 

Brief description of the subject approached by this thesis, the objectives and the outline. 

 

Chapter 2: Metal-based engineered nanoparticles in drinking water systems. 

This Chapter critically reviewed and evaluated the effectiveness of drinking water 

treatment processes to control human health risks associated with ENPs presence. The most 
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extensively studied water treatment processes to remove metal-based ENPs, specifically 

conventional and advanced processes, were discussed and highlighted in detail, identifying the 

research gaps regarding ENPs removal in DWTPs and discussing future aspects of ENPs in 

water treatment. The Chapter also reviewed the available information on production, presence, 

potential hazards to human health and environment, and release and behaviour of metal-based 

ENPs in surface waters and drinking water. 

 

Chapter 3: The effect of TiO2 nanoparticles removal on drinking water quality 

produced by conventional treatment C/F/S. 

The aim of this Chapter was to address the removal efficiency of  TiO2 ENPs from surface 

water, using conventional coagulation/ flocculation/ sedimentation (C/F/S), exploring their 

removal mechanisms and evaluating if the nanoparticles removal affected the ability of C/F/S 

to remove natural organic matter (NOM) and turbidity, and consequently affected the quality 

of the treated water. The effect of the water characteristics on the TiO2 NPs removal was 

evaluated using four synthetic waters with different NOM content, and one natural surface 

water.  

 

Chapter 4: Simultaneous removal of different metal-based engineered nanoparticles 

from surface waters by conventional treatment: a shift from single to multiple 

nanoparticles control. 

Given the high-efficiency removals of TiO2 ENPs from waters observed in Chapter 3, the 

same process was used to simultaneous remove ENPs from a mixture (TiO2, Ag and CuO) in 

natural drinking water sources. The removal of single ENPs was firstly evaluated to optimise 

and select the most adequate coagulant for their removal, then a mixture of the same compounds 

was tested, shifting from single to multiple nanoparticle removal. The impact of ENPs removal 

was evaluated for drinking water parameters such as turbidity and NOM. 

 

Chapter 5: Multiple nanoparticles in surface water: removal through enhanced 

conventional treatment versus hybrid membrane processes. 

Since residual ENPs concentrations were found in the treated water by C/F/S, in this 

Chapter the performance of enhanced conventional coagulation with addition of powdered 

activated carbon (C/F/S+PAC) and of hybrid membrane treatment integrating conventional 

C/F/S and advanced ultrafiltration (C/F/S→UF) were studied to maximise the simultaneous 
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removal of TiO2, Ag and CuO ENPs from drinking water sources. PAC doses were optimised 

for ENPs removal and UF membrane was selected according to the ENPs nominal size and the 

size of the aggregates formed. Turbidity, dissolved organic carbon (DOC), specific UV 

absorbance (SUVA) and aluminium residual concentrations were compared to the Portuguese 

and WHO guidelines for DWT, and to those found in DWTPs. 

 

Chapter 6: Silver nanoparticles separation from the water using nanofiltration 

membranes: the role of mono-divalent salts and NOM. 

With the intent to remove the residual metal concentrations present in treated water after 

C/F/S+PAC and C/F/S→UF due to ENPs dissolution, a more refined treatment, nanofiltration 

(NF) was studied. To fully understand the removal mechanisms of both nanoparticulate and 

ionic form and solution-NPs interaction, Ag ENPs removal was assessed under several salts 

and NOM conditions, worst scenarios hypotheses were tested.  

 

Chapter 7: Concluding remarks. 

This Chapter presents general conclusions that gather all the results obtained in the previous 

Chapters. Recommendations for future research are also considered. 

 

Chapter 8: References. 

Finally, this last Chapter comprises all the studies referred to in the thesis.  
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ABSTRACT 

The emergence of nanotechnologically-enabled materials, compounds or products 

inevitably leads to engineered nanoparticles (ENPs) released into surface waters. ENPs have 

already been detected in wastewater streams, drinking water sources and even in tap water at 

concentrations in the ng/L and µg/L range, making the latter a potential route for humans. The 

presence of ENPs in raw waters raises concerns over the possibility that ENPs might pose a 

hazard to the quality and security of drinking water and whether drinking water treatment plants 

(DWTPs) are prepared to handle this problem. Therefore, it is essential to critically evaluate if 

ENPs can be effectively removed through water treatment processes to control environmental 

and human health risks associated with their release. This review includes a summary of the 

available information on production, presence, potential hazards to human health and 

environment, and release and behaviour of metal-based ENPs in surface waters and drinking 

water. In addition, the most extensively studied water treatment processes to remove metal-

based ENPs, specifically conventional and advanced processes, are discussed and highlighted 

in detail. Furthermore, this work identifies the research gaps regarding ENPs removal in 

DWTPs and discusses future aspects of ENPs in water treatment. 
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2.1. Introduction 

Over the last years the presence of emerging contaminants in the environment, including 

engineered nanomaterials (ENMs), has raised concerns about environmental protection, 

industrial and municipal wastewater treatment and drinking water production (Geissen et al., 

2015b; Giese et al., 2018; Houtman, 2010). 

The emergence of nanotechnologically-enabled materials, compounds or products, widely 

applied in distinct areas such as medicine, pharmaceutics, cosmetics, textiles, agriculture, 

energy, electronics or environment (Chekli et al., 2015; Dwivedi et al., 2015), due to their 

tailoring potential for specific applications (Prajitha et al., 2019), is currently a globally 

recognised issue. In day-to-day life, humans are getting exposed to thousands of engineered 

nanoparticles (ENPs), via contact, inhalation or ingestion. For example, titanium dioxide (TiO2) 

ENPs are used in sunscreens, toothpaste and other cosmetics or as a whitening additive in food 

and drinks. Silver (Ag) ENPs are being applied in a broad range of consumer products due to 

their antimicrobial properties (socks, washing machines, cosmetics, and medicines) (Jahan et 

al., 2017; Troester et al., 2016).   

The estimated value for produced/imported ENPs or ENPs-containing products was around 

1,615,000 ton in 2016 only in the European Union (Ricardo Energy & Environment et al., 

2016). With the predicted growth of nanomaterials production, the volume and diversity of 

ENPs released (intentionally or unintentionally, directly or indirectly) into the aquatic 

environment during production, use and disposal will increase accordingly, producing a 

detrimental effect on the quality of surface waters, potentially used to public water supply 

(Adam et al., 2018; Jahan et al., 2017; Nowack et al., 2016). The uncontrolled release of 

heterogeneous (various forms, shapes, sizes, surface functionalities) and unknown ENMs to 

surface water pose concerns towards their ecological and human health toxicity (Jahan et al., 

2017). This growing trend demands a wide-ranging analysis of present and future releases, 

toxicity exposure and environmental concentrations and distribution to prepare preventive and 

regulatory measures (Giese et al., 2018). 

In the past, the technologies available could not detect ENPs in wastewater streams, so the 

potential release of ENPs into the environment was modelled (Giese et al., 2018; Gottschalk et 

al., 2009, 2013; Gottschalk and Nowack, 2011; Keller et al., 2013; Sun et al., 2014). Now, ENPs 

have already been detected in wastewater streams, drinking water sources and even in tap water 

at concentrations in the ng/L and µg/L range making the latter a potential route for humans 

(Donovan et al., 2016; Peters et al., 2018; Yang and Westerhoff, 2014). Despite this, data on 
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measured environmental concentrations of ENPs in surface waters is still lacking, however, 

several researchers have estimated values between 21 and 10,000 ng/L for TiO2 NPs only 

(Gottschalk et al., 2013; Gottschalk and Nowack, 2011). 

Although more research is needed to establish the impact of these emerging contaminants 

on human health and environment, there has been a considerable increase in the studies on 

ENPs toxicology. ENPs exposure experiments have already been associated with toxic effects, 

including phototoxicity under UV radiation from the topic application of sunscreens. Properties 

like the high surface area-to-volume ratio and binding affinity to cells associated with ENPs 

small size (properties that provide specific functionality) can affect their behaviour in the 

environment and organisms, which may result in different exposures. The presence of ENPs 

will affect the entire organ system, affecting even the reproduction and fetal developmental 

stages (Oomen et al., 2018; Prajitha et al., 2019). In parallel, ENPs can transport other harmful 

chemicals used during the manufacturing process or adsorb to them due to the strong adsorption 

properties, thereby enabling the entry of these substances into organisms (Bakaraki Turan et 

al., 2019; Prajitha et al., 2019). This toxicological data combined with models of exposure can 

contribute to a prospective risk assessment, regardless, from a regulatory point a view, data on 

ENPs actual release and exposure is required to estimate the associated risk. Yet, the results of 

exposure and toxicology models have to be validated based on reliable model input data, which 

is mostly missing in nanomaterials context (Oomen et al., 2018; Williams et al., 2019).  

Therefore, if nanoparticles occur in surface water reservoirs and pass rough water treatment 

processes, they may potentially be consumed by populations via tap water, leaving individuals 

exposed to their adverse effects. The presence of ENPs in raw waters raises the question of 

whether drinking water treatment plants (DWTPs) are prepared to handle this problem and 

produce safe drinking water. Therefore, it is essential to critically evaluate if ENPs can be 

effectively removed through water treatment processes to control the environmental and health 

risks associated with ENPs exposure. Despite the particle removal is one of the main objectives 

of drinking water treatment, with operations like coagulation, flocculation and sedimentation 

(C/F/S), granular media filtration or membrane filtration, very little is known about the ability 

of these treatment processes to remove particles smaller than 1 µm and the behaviour of these 

particles within the treatment systems (Troester et al., 2016). 

Earlier reviews summarised the production, release, fate and behaviour of ENPs in the 

aquatic environment. However, the potential hazard of nanoparticles to drinking water safety 

has not been sufficiently addressed. With restricted data available for ENPs occurrence in 
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surface water and tap water, it is still unclear whether the current processes for drinking water 

treatment (DWT) have the ability to remove ENPs. So, a systematic description of the fate and 

breakthrough of ENPs in DWTP is still missing.  

This review integrates previous information and discusses the peer-reviewed articles 

published on metal-based ENPs in surface waters. Thus, the objective of this work is to 

critically review and summarise published studies on the occurrence, behaviour and detection 

of ENPs in surface waters, as well as to assess the ability of DWTPs processes to remove ENPs. 

Since previous reviews focused primarily on bench-scale studies, in this article an effort was 

made to keep up with the growth of studies on ENPs pilot and full-scale water treatment plants. 

Rather than focusing on a particular nanoparticle, a broader approach of metal-based ENPs was 

followed to cover a wider variety of water treatments and conditions relevant to drinking water 

supplies. Both conventional and promising, though less commonly employed, treatment options 

are discussed. Despite the lack of literature, the present review also attempts to link the unique 

characteristics and properties of ENPs with their removal in water treatment. To provide further 

context this review also includes a brief summary of the behaviour and toxicological 

significance of ENPs in drinking water.  

 

2.2. Methodology 

This review integrates previous information and discusses the peer-reviewed articles and 

book chapters published in the last decade addressing the issues and raising questions on the 

release, occurrence and detection of metal-based ENPs in surface waters and their potential 

removal in drinking water treatment. 

SCOPUS database search (June 2019) using the keyword “nanoparticles” resulted in a total 

of 1,209,826 articles and book chapters. Only original English research published between 2009 

and 2019 was considered. 

Within these results, it was observed that the majority of these papers (86.8%) was on the 

production, application or characterization of nanoparticles (including for environmental 

remediation purposes), while a small percentage was dedicated to toxicological studies (12.7%) 

and only 0.5% addressed the themes release, occurrence, detection or removal (Figure 2.1). 
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Figure 2.1. Literature on “Nanoparticles” (source SCOPUS) from 2009 to 2019 represented by three main areas: 

Production, application or characterisation, Toxicology and Occurrence, release, detection, or removal. 

 

 

A more refined search using the keywords “nanoparticles in freshwater”, “nanoparticles in 

drinking water”, and “nanoparticles removal” AND “water treatment” resulted in 138, 90 and 

129 articles, respectively. Figure 2.2 shows the number of papers per year, indicating that the 

topics about the presence of nanoparticles in freshwater and their removal by water treatments 

have experienced exponential growth in the number of papers published since 2014. In 

comparison, the topic on the nanoparticles in drinking water raised a greater interest in the 

scientific community only from 2015. Most of the literature was on nanoparticles toxicological 

studies (34%) and the application of these substances to environmental remediation (32%), 

mainly for water purification. As expected, research on the occurrence (and detection) of 

nanoparticles in natural waters, as also on their removal by water treatment processes was 

scarce, 12% and 18% respectively (Figure 2.2), with publication increasing in more recent 

years, in particular from 2017 onwards. Papers on risk assessment of nanoparticles in freshwater 

or drinking water, or both, represent only 2% of the results.  
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Figure 2.2. Literature on topics “nanoparticles in freshwater”, “nanoparticles in drinking water” and 

“nanoparticles removal” AND “water treatment” (source SCOPUS) between 2009 and 2019, analysed by year 

(bars chart). Analysis of the total number of publications by theme (circular chart). 

 

In this review, it was also assessed which subjects have more publications within each 

combination of the keyword searched on SCOPUS database (Figure 2.3). For the “nanoparticles 

in freshwater”, the toxicity studies represented most of the publications (80%) and the works 

on the NPs removal represented the minority (1%). Under this topic, information is still very 

scarce on the occurrence of nanoparticles (9%) and even more about detection and actual 

concentrations determined in freshwaters (<<1%). Furthermore, some papers have already 

tackled some steps of the risk assessment in freshwaters (6%), using the data published about 

ENPs toxicity. 

Under the topic “nanoparticles in drinking water”, half the papers (50%) were on the 

application of ENPs to remediation, specifically for water purification, and a similar result was 

found under the topics “nanoparticles removal” AND “water treatment”. Likewise, works on 

the ENPs occurrence were also similar for both topics, 18% and 13%, respectively. Toxicity 

and risk are only represented under the “nanoparticles in drinking water” topic (approximately 

16% of the works), not having any representativeness in the topic “nanoparticles removal” AND 

“water treatment”. 
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Even within this last-mentioned topic combination, focused on nanoparticles removal, most 

published papers were on the use of ENPs for remediation purposes (50%), and only 37% about 

their removal. 

 

 

Figure 2.3. Literature by topics “nanoparticles in freshwater”, “nanoparticles in drinking water” and 

“nanoparticles removal” AND “water treatment” (source SCOPUS) between 2009 and 2019, analysed by theme 

within each topic. 

 

 

2.3. Why can ENPs pose a risk to the environment and human health? 

According to the European Union (EU), nanomaterials are defined by their physical 

characteristics rather than their chemical composition (Williams et al., 2019). Based on EU 

recommendation, the definition of nanomaterial is “a natural, incidental or manufactured 

material containing particles, in a boundless state or as an aggregate (or agglomerate) and 

where, for 50% or more of the particles in the number size distribution, one or more external 

dimensions are in the size range 1 – 100 nm” (EC - European Commission, 2011). The main 

technological interest in ENMs is due to their modifiable and enhanced physicochemical 

properties which provide them high chemical reactivity at the nanoscale level (Clavier et al., 

2019; Jeevanandam et al., 2018).  

ENPs are synthesised to achieve unique physicochemical properties including size, 

structure, composition and surface area different from their bulk material, which can be tailored 

due to the number of atoms lying on the surface (Amde et al., 2017; Jiang et al., 2009; Khan et 

al., 2019; Lead et al., 2018). With size reduction, properties such as electrical conductivity, 

magnetic characteristics, active surface area, chemical reactivity and biological activity 

undergo significant changes differing from those presented by their bulk counterparts (Karlsson 
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et al., 2009). At the nanoscale the ratio between the surface area and volume is higher than in 

the bulk material (Cupaioli et al., 2014). 

These appellative characteristics to technological development can also represent a 

significant, and still largely unknown, hazard to human health, scarcely faced by researchers 

(Tosco and Sethi, 2018). The exceptionally small size range and distinct surface properties 

determine their behaviour, biological effects and consequently their toxicity, enhancing ENPs 

entry, absorption and further distribution inside the living systems (Peralta-Videa et al., 2011; 

Prajitha et al., 2019). ENPs may enable harmful effects in biological organisms, reaching targets 

not reachable for their bulk counterparts (Pietroiusti et al., 2018). 

The widespread of ENPs has increased the human exposure to these substances by 

inhalation, dermal penetration or ingestion. The potential release into the environment, 

especially to surface waters, raises serious concerns about the ENPs ingestion through drinking 

water or the food chain (Tiede et al., 2015). The ingestion by drinking water intake may pose a 

direct human health hazard or an indirect risk due to the release of trace metal ions from ENPs 

(Abbott Chalew et al., 2013). Exposure to ingested metal-based ENPs or metal ions released 

can result in adverse effects, such as kidney damage, increased blood pressure, gastrointestinal 

inflammation, neurological damage and cancerous implications (Kavcar et al., 2009; Missaoui 

et al., 2018; Vahter et al., 2002). Once ingested, ENPs are absorbed through the digestive 

system and later transported to the lymphatic tissues and may cause local toxic effects. They 

also can either be excreted if unstable or accumulated in the digestive system, which can 

ultimately result in obstruction of the gastrointestinal tract. The interaction with the intestinal 

microbiota may cause relevant local and systemic biological effects (Fröhlich and Roblegg, 

2016; Pietroiusti et al., 2018; Shvedova et al., 2012). Primary toxicity effects from the ingestion 

of ENPs are organ inflammation, oxidative stress and DNA damage (Missaoui et al., 2018). If 

the ENPs reach the bloodstream, they can accumulate in several organs like liver, spleen, 

kidneys and lungs due to their leaky blood vessels (Desai, 2012; Weir et al., 2012).  

Despite the lack of information, some ENPs are already known by their toxicity, such as 

cationic NPs (e.g. metal-based NPs). These nanoparticles can biodegrade swiftly and penetrate 

deeply into tissues and cells, due to small size, which will result in the destabilisation of the 

plasma membrane, tissue damage and organ dysfunction (Missaoui et al., 2018). Metallic oxide 

ENPs, like TiO2 and ZnO, are among the types with the highest likelihood of human exposure 

and are also within the most produced ones (Tiede et al., 2015). 
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Human exposure to ENPs by ingestion is expected to become more common as the 

production and application of nanomaterials are increasing. While for contained in consumer 

products dermal or inhalation exposure during use is the most significant route, for ENPs in 

clothing and some paint products, exposure by ingestion of contaminated drinking water 

appears to be higher than by other routes (Tiede et al., 2015). Since ENPs toxicity to humans 

widely depends on exposure duration, amount and entry portals (Prajitha et al., 2019), 

understanding the ability of drinking water treatment to effectively remove these substances is 

required. 

 

2.4. ENPs annual production and application to consumer products 

Due to the scarcity of available data related to the company’s secrecy in the nanomaterials 

market and inconsistency in viable data sources, uncertainness in annual ENPs volumes 

produced is still very high, but clearly is situated in the tonnes-per-year range (Giese et al., 

2018; Hendren et al., 2011; Piccinno et al., 2012; Ricardo Energy & Environment et al., 2016; 

Sun et al., 2014).  

The annual production estimates for ENPs published in the literature are extremely 

uncertain with a considerable variance between studies and even within the same work as shown 

in Figure 2.4. These differences are observed for the European production (2009-2010) (Figure 

2.4a) for TiO2, ZnO and SiO2 ENPs that varies between 55 and 42,000, 5.5 and 28,000, and 55 

and 55,000 t/year, respectively. Despite the data variance, it is commonly agreed that nano-

SiO2 is the most produced for the three scenarios analysed, followed by TiO2 (Figure 2.4). This 

was already expected since both materials have long been used in nano-particulate form, even 

before nanotechnology widespread (Piccinno et al., 2012). In general, the ENMs with the 

highest production also present the values with higher variability, compared to the less produced 

ones (Figure 2.4). The high production (and its variance) of SiO2 and TiO2 ENPs could be 

associated to the difficulty to clearly define when a specific material is considered an ENM or 

a conventional material (Nowack et al., 2015). Overcome the constrains associated with the 

variability of production data will be challenging, since it is mostly collected through responses 

given by manufactures. 
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Figure 2.4. ENPs production volumes from literature: a) Worldwide and Europe between 2009 and 2010 and b) 

Europe in 2013 (Caballero-Guzman and Nowack, 2018; Future Markets, 2012; Giese et al., 2018; Hendren et al., 

2011; Keller et al., 2013; Piccinno et al., 2012; Ricardo Energy & Environment et al., 2016; Sun et al., 2014; 

Windler et al., 2013). 

 

A recent European Commission report (Ricardo Energy & Environment et al., 2016) 

estimated that the global volume of produced/imported substances or ENPs-containing products 

was around 1,615,000 t in 2016 for the EU. This report was mainly extrapolated from French 

production and importation registry. Due to the number of assumptions used to reach the 

indicative inventory, numerical production and release, estimates were considered highly 

uncertain. Based on this report, Giese et al. (2018) derived a median annual growth of 5% to 

the produced amount of ENMs. Inshakova and Inshakov (2017) foresee a compound annual 

growth rate of 20.0% during 2016-2022 for the European market. These estimations confirm 

that the annual production of ENMs will continue to grow fast to keep abreast of developments 

in nanotechnology field.  

Other sources to understand the magnitude of ENPs production and their incorporation in 

consumer goods are the inventory lists of ENPs-containing products. In 2005 the 

Nanotechnology Consumer Product Inventory (CPI) was created (Woodrow Wilson 

International Center, 2005), the first-of-its-kind inventory on ENPs-containing products, listing 

54 products. Despite the critics to its lack of science-based data to support the manufactures 

information’s (Berube et al., 2010; Matthews, 2014), this inventory is significantly cited in 

scientific literature and government reports worldwide. In 2010, the CPI listed 1012 products 
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from 24 different countries and at the time of this writing, the inventory showed 1829 products 

with USA, Europe and Korea leading the list with 44%, 35% and 8% ENPs-containing 

products, respectively.  

A more recent database, “The Nanodatabase” (Danish Consumer Council, 2012), an ENPs-

containing products inventory available in the European consumer market, presented 

considerably higher values (Figure 2.5). The difference in the listed products between the 

databases could be related to the lack of substantial updates of the CPI in the last years. 

Currently, “The Nanodatabase” (Danish Consumer Council, 2012) lists a total of 3109 ENPs-

containing products for 2019, two and half times higher than for 2012 (first report), as shown 

in Figure 2.5. More than 60% of these products are listed under the “Health and Fitness” 

category that also includes personal care products, like cosmetics, sunscreens or toothpaste. 

According to this database, the leading nanoparticle producers are Europe (53%), USA (37%) 

and Asia (7%) (Figure 2.5, circular graph). Of the 3109 products listed in “The Nanodatabase” 

for 2019, only 1161 (approximately 37%) advertise the composition of at least one ENP and 

the remaining does not present the composition, or a detailed description of the nanomaterial 

used. Despite TiO2 and SiO2 are the most produced ENMs (Figure 2.4), and the annual 

production of AgNPs only represented a small amount of the global production, AgNPs are the 

most prevalent advertised nanoparticle, present in 379 products (12%), followed by TiO2 (123 

products) (Danish Consumer Council, 2012). 

 

 

Figure 2.5. Inventory of ENPs-containing products available in the European consumer market, listed from 2012 

to 2019 and grouped under seven categories (bars chart). Analysis of the total ENPs-containing products listed 

for 2019 by production region (circular chart). Source: “The Nanodatabase” (Danish Consumer Council, 2012). 
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2.5. ENPs in surface waters 

Freshwater is the key source for potable water production for human consumption, industry, 

agriculture and energy production (Teodosiu et al., 2018), which includes surface waters, like 

rivers or lakes (or reservoirs), and groundwaters. This review focuses on surface waters often 

affected by organic and inorganic emerging contaminants, that are of serious concern for human 

health and environment (Geissen et al., 2015b; Houtman, 2010; Sauvé and Desrosiers, 2014; 

Snow et al., 2017).  

Surface waters are vulnerable to anthropogenic contamination due to the wide exposure to 

human and industrial activities and consequent impacts. Waste streams, discharges of 

inadequately treated wastewaters, agricultural and urban runoff, and releases from 

contaminated sludge placed in landfills, applied as fertiliser or dumped in aquatic environments 

are important causes of surface water contamination by ENPs (Baalousha et al., 2016; Park et 

al., 2017). ENPs released concentrations are strongly dependent on the volume of industrial 

production and application to consumer products thus will continue to increase as the 

widespread of nanomaterials continues to grow (Caballero-Guzman and Nowack, 2016; Sajid 

et al., 2015).  

ENPs released into surface waters are a threat not only for the well-being of the aquatic 

ecosystem but also to the security of resources used for drinking water production. Thus, 

understanding ENPs occurrence and behaviour, as also detect and quantify their real 

concentrations in surface waters, is mandatory to assess the potential impacts to human health 

and to determine the required treatment processes to produce safe drinking water without ENPs. 

The current accepted approach to assess the multiple sources and pathways trough which 

ENPs can be introduced into the different environmental compartments and consequently in 

surface waters, follows a lifecycle principle tracking ENPs flow and release from the production 

through their final settling place in environment or waste streams (Caballero-Guzman and 

Nowack, 2016; Giese et al., 2018; Gottschalk et al., 2009; Gottschalk and Nowack, 2011; Liu 

and Cohen, 2014; Sun et al., 2017; Williams et al., 2019) (Figure 2.6). It is expected that the 

most substantial unintentional and unrestrained, direct or indirect release to surface waters 

occurs during the use phase (Caballero-Guzman and Nowack, 2016; Froggett et al., 2014). 

ENPs can be released to technical compartments (or technosphere) like WWTPs, waste 

incineration plants (WIPs), landfills and recycle process during production, use and disposal 

(Figure 2.6). These compartments are considered transitional since ENPs will be transferred 

later to an environmental compartment such as atmosphere, soil, and surface and ground waters 
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(Duester et al., 2014; Nowack, 2017). As shown in Figure 2.6, they can also be released directly 

to the environmental compartments without going through the technical ones and move across 

the boundaries of environmental compartments (Duester et al., 2014; Williams et al., 2019).  

Surface waters potentially receive ENPs directly from production, use and disposal, 

technical compartments and other environmental compartments due to transport phenomena 

like runoff, erosion or leaching (Figure 2.6). The main ENPs pathways into surface water 

systems are expected to be direct discharges of insufficiently treated wastewater, release from 

sludge applied to soils as a fertiliser, landfills trough leaching streams, urban runoff or directly 

dumped (Baalousha et al., 2016; Bolyard et al., 2013; Brar et al., 2010; Duester et al., 2014; 

Nowack et al., 2012). The application of nanopesticides in agriculture could potentially result 

in the most considerable intentional diffuse input of ENPs into surface waters, followed by TiO2 

applied in water treatment (Troester et al., 2016) or nano zero-valent iron in groundwater 

remediation (Grieger et al., 2010). Cosmetics and personal care products, foods, textiles, 

electronics, vehicle components, construction materials and products applied in agriculture or 

environmental remediation (e.g. soil and water purification) are within the main sources of 

ENPs released to surface waters (Giese et al., 2018; Gondikas et al., 2018; Gottschalk and 

Nowack, 2011; Kaegi et al., 2017; Keller et al., 2013; Morgeneyer et al., 2018; Shandilya et al., 

2015; Som et al., 2011).  

At the end of their lifecycle (disposal), instead of being stored in an environmental 

compartment as its final sink, ENPs may flow back to another application if a nanomaterial 

fraction is recovered and reused or recycled. However, currently ENPs that are recycled are 

more likely to be used in the production of other type of materials, such as plastics, than in 

nano-applications (Adam et al., 2018; Caballero-Guzman and Nowack, 2016; Nowack et al., 

2016), which is illustrated in Figure 2.6 by the interruption of the path between recycling and 

production. 
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Figure 2.6. ENPs flows throughout the entire lifecycle: ENPs production, use and disposal; ENPs release during 

production, from products during use and disposal; transport and fate of ENPs between and within technical 

(WWTP, WIP and landfill) and environmental compartments (atmosphere, soil, surface and ground waters). 

Adapted from (Duester et al., 2014; Gottschalk et al., 2013; Sun et al., 2014). 

 

 

The wastewater effluents are usually considered one of the most significant point sources 

of ENPs in surface waters due to the consumer goods, that are washed down the drains during 

household use (hygiene routine, laundry and food preparation) (Keller et al., 2013; Park et al., 

2017; Weir et al., 2012). Since wastewater treatment processes are not entirely effective in the 

removal of ENPs, any remain ENPs in treated wastewater effluents are discharged into surface 

waters (Westerhoff et al., 2018). Water quality of DWTP intakes is highly affected by upstream 

possible WWTP discharges (Westerhoff et al., 2018). According to Duester et al. (2014), three 

potential pathways were considered research priorities by the european COST program due to 

their significance: (i) wastewater → WWTP → surface water, (ii) wastewater → stormwater → 

surface water and (iii) landfill leachate → treatment → surface. 
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2.5.1. The occurrence of ENPs in surface water 

The continuous growth of nanomaterials production, the volume and diversity of ENPs 

released into the aquatic environment will lead to the rapid increase of ENPs in surface waters 

(Giese et al., 2018; Nowack et al., 2016).  

According to recent studies (Giese et al., 2018; Ricardo Energy & Environment et al., 

2016), ENPs release during production is expected to be between 0.7 and 1.6% of the total mass 

(this value can increase until 5% for formulations of suspensions). Considering an annual 

production of 1,624,285 t (Europe), the potential release can vary between 11,301 and 25,830 t 

of ENPs during production. Giese et al. (2018) estimated that, through use phase, the release of 

nano-Ag, CeO2 and SiO2 into environmental compartments (Figure 2.6) in 2017 was 17,080 t 

(2.5 to 3 times more than for technical compartments) and 7 t during disposal phase. Their 

forecast follows the already stated trend of an increase in ENPs released to the environment, 

30,105 and 73,315 t/year during use phase and 7 and 17 t/year during disposal phase for 2030 

and 2050, respectively. As earlier described, during the disposal phase the amount of ENPs 

released is expected to be higher to technical compartments, 37,010, 56,715 and 149,030 t/year 

for the years 2017, 2030 and 2050, respectively (Giese et al., 2018). 

Detecting, characterising and quantifying ENPs in surface waters or WWTP effluents, by 

field monitoring would be an asset for assessing the environmental distribution of these 

substances (Liu and Cohen, 2014). However, these analyses are hampered by the limited 

resolution of the techniques applicable for ENPs detection in natural aquatic environments, the 

complexity of the sample’s matrices and the levels of naturally occurring nanoparticulate matter 

(Laborda et al., 2016). Even with more advanced methods available, the development of a field 

monitoring campaign would be a daunting and costly endeavour, which could be unfeasible for 

such diversity of ENPs (Liu and Cohen, 2014). Therefore, ENMs-specific estimation models 

have been extensively used as a valuable tool to inform decision-makers about ENPs potential 

environmental releases.  

Within the ENMs-specific models, a distinction must be made between environmental fate 

models (EFM) and material flow analysis (MFA). EFM describe nanomaterials fate and 

behaviour in one or more environmental compartments. An exhaustive and useful description 

of these models had already been made in previous model reviews (Dale et al., 2015; Gottschalk 

et al., 2013; Nowack, 2017). MFA models estimate nanomaterials release into the environment 

from products during their use, recycling and final disposal, following the lifecycle principle 

and tracking the materials mass-flows. MFA models are essential to know the predicted 
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environmental concentrations (PEC) of nanomaterials to understand their potential hazards to 

the environment and human health.  

One of the earliest nano-MFA models was presented by Gottschalk et al. (2009), where five 

nanomaterials (TiO2, ZnO, Ag, CNT and fullerenes) were modelled to calculate PEC for the 

US, Europe and Switzerland, using production volumes, product categories and releases as 

model inputs. Over the last decade, this kind of model has undergone several improvements, 

such as the addition of a temporal dimension, allowing the assessment of release variability 

over time (Sun et al., 2017, 2016). Table 2.1 summarises the predicted concentrations of ENMs 

in surface waters and in WWTP effluents published since 2009, using MFA models. It includes 

the most cited and the most up to date works. Due to the different dynamic and static modelling 

concepts applied in the studies, it is not possible to draw a direct comparison between the 

predicted released concentrations from the works. However, an overall analyse can be made to 

get a general knowledge of the expected range of ENPs released to WWTP effluents and surface 

waters.  

The ENPs releases to surface waters and to WWTP effluents presented in Table 2.1, show 

the relation between release and production, since nano-SiO2 generally presented the highest 

concentration for both WWTP effluents and surface waters, followed by TiO2 and ZnO (Figure 

2.4). The available modelled data suggests that ENPs may occur in some surface waters with 

amounts that can reach 25.5 µg/L (SiO2 ENPs, Table 2.1).  

Additional studies also predicted ENPs occurrence in European rivers. Dumont et al. (2015) 

predicted concentrations higher than 0.002 and 1.5 ng/L of Ag and ZnO ENPs, respectively, in 

50% of river stretches studied, and 18 (Ag) and 150 ng/L (ZnO) in 10%. For the River Rhone 

(France), based in one WWTP as single emission source of TiO2, Sani-Kast et al. (2015) 

predicted concentrations of 30, 10 and approximately 0 ng/L at 0, 151 and 303 km after the 

emission source, respectively. The authors considered that heteroaggregation and sedimentation 

were the major contributors to the nanoparticles decay. Quick et al. (2015) reported that 50% 

of the assumed ENPs emission concentration (10 ng/L) decreased due to heteroaggregation 

within 40 km from the WWTP source in Dommel River (Netherlands). 
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Table 2.1. Estimates of ENPs releases to WWTP and surface waters based on MFA models. 

ENPs Data WWTP Effluent Surface Water Reference 

TiO2 

 3.47 (2.50-10.8) 0.015 (0.012-0.057) (Gottschalk et al., 2009)* 

Mode (Q0.15-Q0.85) 

µg/L 
1.75 (1.37-6.70) 0.002 (0.002-0.010) (Gottschalk et al., 2009)** 

 16 (13-110) 0.53 (0.40-1.4) (Sun et al., 2014)* 

Mean 

µg/L 
1640 ----- (Tiede et al., 2015) 

ZnO 

 0.43 (0.34-1.42) 0.01 (0.008-0.055) (Gottschalk et al., 2009)* 

Mode (Q0.15-Q0.85) 

µg/L 
0.3 (0.22-0.74) 0.001 (0.001-0.003) (Gottschalk et al., 2009)** 

 2.3 (1.7-21) 2.3 (1.7-21) (Sun et al., 2014)* 

Mean 

µg/L 
636 ---- (Tiede et al., 2015) 

SiO2 

Mode (min-max) 

µg/L 
44.4 (0.01-1557.6) 5.34 (0.0-25.5) (Giese et al., 2018)* 

Mean 

µg/L 
400 ---- (Tiede et al., 2015) 

CeO2 

Mode (min- max) 

ng/L 
199.9 (0.03-1867.9) 7.01 (0.00-61.74) (Giese et al., 2018)* 

Mean 

µg/L 
0.000467 ----- (Tiede et al., 2015) 

Ag 

 42.5 (32.9-111) 0.76 (0.59-2.16) (Gottschalk et al., 2009)* 

Mode (Q0.15-Q0.85) 

ng/L 
21.0 (16.4-74.7) 0.12 (0.09-0.43) (Gottschalk et al., 2009)** 

 0.17 (0.06-16) 0.66 (0.51-0.94) (Sun et al., 2014)* 

Mode (min-max) 

ng/L 
18.89 (0.06-151.2) 0.38 (0.00-4.17) (Giese et al., 2018)* 

Mean 

µg/L 
107 ----- (Tiede et al., 2015) 

Al /AlOx 
Mean 

µg/L 
1.29 ----- (Tiede et al., 2015) 

The values presented are the most probable values (mode values - Mode) and their 15th and 85th percentiles (Q0.15-Q0.85) or 

minimum (min) and maximum (max). 

*Europe data; **US data. 

 

 

 

Although they are a valuable tool, the field-validation of models is currently hampered by 

the lack of reliable data on ENPs environmental concentrations. Nevertheless, a few 

nanoparticles have already been measured in some environmental compartments with 

concentrations in the ng/L and µg/L range (Table 2.2). The highest concentration for surface 

waters, 52-86 µg/L (Table 2.2), was found for nano-TiO2 in a river stream in northern China 

(Shi et al., 2016). This value is significantly higher than the one found in WWTP effluents (27-

43 µg/L, Table 2.2) in the same study, implying the presence of other important nano-TiO2 

sources (possible urban runoff or direct discharge). A concentration of 2.2 µg/L was found in 
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Missouri River (Donovan et al., 2016) also for nano-TiO2. Neal et al. (2011) reported an average 

concentration of 1.81 µg/L (Table 2.2), for the same nanoparticles in some England rivers. 

These concentrations are higher than the modelled values reported for the same nanoparticles 

in surface waters (Table 2.1). The authors described that the highest concentrations were found 

in urban and industrialised areas, indicating anthropogenic origin. Gondikas et al. (2014) 

measured variations of Ti over one year in Lake Old Danube (Austria) and used the increase in 

Ti/Al ratio to discriminate between natural and engineered TiO2 nanoparticles, since the 

abundance of local aluminium was much higher than titanium. Based on this ratio, they reported 

an average concentration of 1.38 µg/L for the TiO2 ENPs (Table 2.2). The authors concluded 

that the TiO2 ENPs found in in the lake water suspended mineral had similar composition to 

those usually used in sunscreens. Yang and Westerhoff (2014) published one of the first reports 

on ENPs particle mass concentrations measured in tap water, rivers and effluents from WWTPs 

using single-particle ICP-MS (sp-ICP-MS), which justifies the lower concentrations shown by 

these authors for TiO2 in rivers (Table 2.2). In my best knowledge this is the only study that 

detected ENPs in tap water, 3.1 and 1.9 ng/L of Ti and Ag, respectively. More recently, De 

Klein et al. (2016) reported concentrations of Ce (0.04-0.27 µg/L) and Al (2.2-5.9 µg/L) in the 

Dommel River in the Netherlands (Table 2.2). Based on the well-established geochemistry of 

these elements, the authors assumed that Ce occurs as CeO2 and Al(OH)3, with sizes between 2 

and 450 nm. They also detected Ti (0.63-1.15 µg/L) and Zr (0.074-0.23 µg/L) in <450 nm 

filtrates (Table 2.2). Since these metals are known to be insoluble, the authors assumed them to 

be in particulate form, as TiO2 and ZrO2. Markus et al. (2018) also analysed samples from the 

same river and a WWTP nearby. They concluded that there were nanoparticles in the treatment 

plant, as they found Ti and Au particles in both influent and effluent. They also observed, that 

in the river water samples, 80-90% of the mass concentration of the particles were attached to 

natural colloids or as clusters of smaller particles. Peters et al. (2018) reported nano-Ag 

concentrations from 0.3 to 2.5 ng/L (Table 2.2) with an average concentration of 0.8 ng/L and 

an average particle size of 15 nm, measured in multiple surface waters samples collected along 

rivers from Netherlands. In the same locations, nano-CeO2 was detected with concentrations 

ranging from 0.4 to 5.2 ng/L (Table 2.2), with an average concentration of 2.7 ng/L and an 

average size of 19 nm. In the same study concentrations between 0.2 and 8.1 µg/L of TiO2 

particles in the range of 300 nm were also reported, probably due to aggregation. The particles 

were present in all the water samples, and sizes were comparable with the particle sizes that are 

used in nanomaterial applications and to consumer products (Peters et al., 2018). Despite the 
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predicted and measured values not exceeding the µg/L range, the above-mentioned expected 

increase of production and consequent use and release will raise the risk of contamination for 

surface water in the future. Point sources of ENPs contamination and long periods between 

ENPs input and the use of water contribute to an increase in the possibility of them to reach 

DWTP (Troester et al., 2016). However further research is needed to corroborate this 

hypothesis. 

 

Table 2.2. Overview of ENPs concentrations measured in WWTP effluents, surface waters and tap water. 

ENPs 
Analytical 

method 
WWTP 

Surface 

freshwater 
Tap water Reference 

TiO2 

sp-ICP-MS 

95 ng/L 

124 ng/l 

169 ng/L (inf); 57 ng/L (eff)* 

895 ng/L 

67 ng/L 
3.1 ng/L 

(Yang and 

Westerhoff, 

2014)b 

----- 2.2 µg/L ----- 
(Donovan et al., 

2016) 

ICP-MS** 

30.5 µ/L (inf); 3.2 µg/L (eff)  ----- ----- 
(Johnson et al., 

2011) 

----- 0.63 – 1.15 µg/L ----- 
(De Klein et al., 

2016) 

27 – 43 µg/L 52 – 86 µg/L ----- (Shi et al., 2016) 

Sequential 

filtration / 

ICP-MS 

----- 0.94 – 1.81 µg/L ----- 
(Neal et al., 

2011)a 

Electron 

microscopy 
----- 1.38 µg/L ----- 

(Gondikas et al., 

2014)a 

Ag sp-ICP-MS 

2.1 ng/L 

0.4 ng/L 

0.1 ng/L (inf); 0.1 ng/L (eff)* 

0.2 ng/L 

0.1 ng/L 
1.9 ng/L 

(Yang and 

Westerhoff, 

2014)b 

----- 0.3 – 2.5 ng/L ----- 
(Peters et al., 

2018) 

CeO2 

ICP-MS** ----- 0.04 – 0.27 µg/L ----- 
(De Klein et al., 

2016) 

sp-ICP-MS ----- 0.4 – 5.2 ng/L ----- 
(Peters et al., 

2018) 

Al(OH)3 ICP-MS** ----- 2.2 – 5.9 µg/L ----- 
(De Klein et al., 

2016) 

ZrO2 ICP-MS** ----- 0.074 – 0.23 µg/L  
(De Klein et al., 

2016) 
Concentrations are presented as Ti or Ag, respectively. 

* For this WWTP values were determined before microfiltration process (inf) and after (eff). 

**0.45µm filtration prior to ICP-MS measurements 
a Concentrations as total Ti or Ag. 
b Particle mass concentrations as Ti or Ag. 
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2.5.2. ENPs behaviour in surface waters 

When released into complex media as surface water, ENPs will suffer transformations that 

can be divided into physical, chemical and biological processes. These transformations depend 

on two complex and variable factors, the nature of the nanomaterial and the environmental 

conditions, which make the processes characterisation and prediction highly challenging (Lead 

et al., 2018).  

Several works have already investigated the behaviour and fate of ENPs in aquatic 

environments (Chekli et al., 2015; Dale et al., 2015; Elzey and Grassian, 2010; Kaegi et al., 

2013; Van Koetsem et al., 2015; Von Der Kammer et al., 2010; Weinberg et al., 2011), also, 

exhaustive and comprehensive description of these processes has been made in previous 

reviews (Klaine et al., 2008; Lead et al., 2018; Lowry et al., 2012; Nowack et al., 2012; 

Peijnenburg et al., 2015). In 2008, Klaine et al. were pioneers in summarising the escalating 

progress of nanomaterials in the environment, with a review about their behaviour, fate, 

bioavailability and effects, which become the most cited paper on nanoparticles in the 

environment and nanotoxicology. Recently, Klaine´s original co-authors with other colleagues 

updated this review (Lead et al., 2018). In the present review, the behaviour of ENPs in surface 

waters is approached from a perspective of water treatment, since knowing these 

transformations is extremely useful to better understand the behaviour of ENPs in drinking 

water treatment processes and select the most appropriate operations to remove them effectively 

remove.  

Once in surface waters, ENPs might interact with each other or with naturally occurring 

water components, such as natural organic matter (NOM), colloidal matter and dissolved 

molecules. These interactions can result in the formation or breakdown of aggregates or 

agglomerates and sedimentation and deposition (physical processes). It can also occur chemical 

transformations including redox reactions, dissolution and subsequent speciation variations and 

photochemical reactions. Biological processes can comprise biodegradation and 

biomodification, most likely microbially mediated (Amde et al., 2017; Baalousha, 2009; Dale 

et al., 2015; Lead et al., 2018; Lowry et al., 2012; Merdzan et al., 2014).  

Currently, it is generally accepted that Derjaguin, Landau, Verwey and Overbeek (DLVO) 

theory as the combination of repulsive and attractive forces works well to understand 

nanoparticles charge (de)stabilisation (Baalousha, 2009; Baalousha and Lead, 2013; Gottschalk 

and Nowack, 2011; Serrão Sousa and Ribau Teixeira, 2013). The key factors in the aggregation 

of charge-stabilised nanoparticles in surface waters are the surrounding solution chemistry, 
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expressed in terms of parameters such as pH, ionic strength, NOM concentration and type, 

hydrodynamic conditions and temperature, along with the concentration of ENPs. The structure 

and aggregation mechanisms of nanoparticles are both pH- and NOM-dependent, and the ionic 

strength, type and valence of the electrolytes also have a high effect on these mechanisms 

(Amde et al., 2017; Fabrega et al., 2011; Karlsson et al., 2009; Lead et al., 2018; Lowry et al., 

2012). pH influences the aggregation and disaggregation of nanoparticles by altering surface 

charge (Baalousha, 2009) whereas ionic strength increase will lead to aggregation (Lead et al., 

2018). Humic and fulvic acids can have a significant effect on the stability of nanoparticles 

against aggregation (Chekli et al., 2015; Yang et al., 2017; Yu et al., 2018; Zhang et al., 2009). 

NOM adsorbs to the surfaces of colloidal nanoparticles, which modifies surface characteristics, 

in turn, increasing the particles stability. Surface coating of nanoparticles by NOM influences 

the aggregation rate of particles by electrostatic stabilisation mechanisms and electrosteric 

repulsion (Chekli et al., 2015; Gallego-Urrea et al., 2011; Keller et al., 2010; Loosli et al., 2013; 

Lowry et al., 2012; Mohd Omar et al., 2014; Ottofuelling et al., 2011; Peng et al., 2017; Serrão 

Sousa and Ribau Teixeira, 2013; Yang et al., 2017).  

Recent studies have shown that dissolution and solubility are affected by specific intrinsic 

nanoparticle properties like size, coating and doping (Adeleye et al., 2018; Toncelli et al., 2017; 

Tsiola et al., 2017). In addition, external factors like NOM may enhance dissolution along with 

particle ripening and precipitation (Merrifield et al., 2017; Xiao et al., 2018). Wasmuth et al. 

(2016) reported that the complex system of natural waters substantially affects the dissolution 

of nanomaterials. Other factors, such as sunlight can change the environmental fate and toxicity 

of some nanoparticles and affects their dispersion in the natural water environment (Li and 

Lenhart, 2012; Mittelman et al., 2015; Wodka et al., 2010). Silver released during particle 

dissolution can occur under particle irradiation by a variety of light such as sunlight. Odzak et 

al. (2017) concluded that Ag NP dissolution increased with visible light for natural waters 

studied in comparison to dark conditions, while UV-light decreased the dissolved Ag+ after 

longer exposure time. Ag NP particle dissolution is reduced by photoreduction catalysed by 

photoreactive species at the surface of the original nanoparticles and subsequently changing 

particle shape and morphology (Li and Lenhart, 2012; Mittelman et al., 2015). For ZnO NPs, 

Odzak et al. (2017) observed that pH was predominant for dissolution, with visible and UV-

light promoting dissolution. UV light and visible light led to the formation of reactive oxygen 

species (ROS), which caused increased dissolution of silver by oxidation and of zinc oxide due 

to the loss of organic coating compounds (Odzak et al., 2017). UV radiation also promotes the 
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generation of ROS for TiO2 NPs, which can degrade contaminants entirely in a short reaction 

time (Lu et al., 2016). However, under visible light the photocatalytic properties of the TiO2 

NPs are relatively imperceptible due to the large energy gap (Lu et al., 2016; Wodka et al., 

2010). 

Questions remain about the reversibility and time periods of ENPs transformations and 

their effects on persistence and bioaccumulation in surface waters, and more research is needed. 

In addition, the high variability of ENPs entering the market hamper the accurate prediction of 

fate and behaviour of these substances in surface waters. 

 

2.6. Water treatment plants ability to cope with the ENPs in drinking water 

The release of ENPs into surface waters raises the concern about contamination of drinking 

water sources. Therefore, DWTPs should be a barrier to these materials between source to tap 

to provide safe potable water (Westerhoff et al., 2018). However, the appealing innovative and 

unique configurations and properties of ENPs make them more likely to persist in water and 

hamper their effective removal, increasing the risk of human exposure via ingestion of drinking 

water. Thus, to be sure that ENPs do not pose hazards to human health, it is necessary to ensure 

their complete removal during DWT. 

To authors best knowledge, only two studies have been published reporting ENPs 

predictions in treated drinking water. O’Brien and Cummins (2010) estimated concentrations 

between 0.0441 and 1.4482 µg/L for TiO2 ENPs, 0.0009 and 0.0295 µg/L for Ag ENPs and 

0.00074 and 0.0243 and 0.0243 µg/L for CeO2 ENPs in Irish drinking waters. In turn, Tiede et 

al. (2015) presented estimations for UK treated drinking water between 4.91x10-4 and 1.55x10-

1 µg/L for TiO2, 3.21x10-5 and 1.02x10-2 µg/L for Ag and 1.40x10-10 and 4.43x10-8 µg/L for 

CeO2. The estimates from the first study are somewhat higher than the latter one, which is most 

likely due to differences in the removal efficiencies during DWT assumed by authors in their 

studies (0% removal for Irish´s DWTP and 97-99% for the UK). 

 

2.6.1. ENPs characterisation required for drinking water treatment  

As well known, the effectiveness of the drinking water treatments is strongly dependent on 

the source water characteristics and contaminants. Thus, to target specifically the removal of 
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ENPs in DWTP, it is not only imperative to understand their behaviour in surface waters, but 

also an appropriate physicochemical characterisation is critical. The ENPs size, surface charge, 

aggregation state and dissolution, interactions with NOM and ionic strength will influence the 

efficiency of ENPs removal during DWT. Therefore, the knowledge of those characteristics is 

crucial to specifically design an operational treatment line able to remove ENPs as also other 

target contaminants and naturally occurring compounds present in the water sources, whose 

removal is required in DWT. 

Dynamic Light Scattering (DLS) is one of the most used high-throughput techniques to 

measure NPs size in aqueous media. According to their size, the nanoparticles and aggregates 

acquire different mobility, namely Brownian motion. In DLS, this movement is measured 

trough time-dependent fluctuations in scattering intensity and related to an equivalent 

hydrodynamic diameter (Brar et al., 2010; Laborda et al., 2016). However, this technique 

presents inherent limitations. The presence of heterogeneous size distributions or interfering 

particles, like environmental samples, difficult the correct interpretation of the data acquired by 

DLS. Another drawback is associated to the powerlessness to detect small particles among 

bigger ones, because of the intensity of scattered light that is proportional to the sixth power of 

the diameter, and the analysis is heavily weighted towards larger particle size (Laborda et al., 

2016; Maguire et al., 2018). This is particularly important in samples containing particles with 

heterogeneous size distributions like surface waters (Laborda et al., 2016; Stetefeld et al., 2016). 

Despite drawbacks, DLS is very valuable to determine aggregates size and to monitor 

aggregation behaviours (Laborda et al., 2016). In its turn, microscopic techniques provide an 

accurate assessment of the individual size and shape of nanoparticles dispersed in water.  

Nanoparticle tracking analysis (NTA) is also a light scattering technique, where Brownian 

movement is measured by video microscopy, and the hydrodynamic diameter is calculated 

using a modified Stokes-Einstein equation. Firstly, single particles are detected, and the 

distance travelled by the particle in each time period is related to their hydrodynamic diameter. 

In the end, particle-number concentration and hydrodynamic-size distribution are obtained. 

Since NTA tracks individual particles, it is not subjected to the limitations of DLS in 

polydisperse samples. This technique also shows high sensitivity related to particle-number 

concentration and reliable size distribution in samples with large particles or aggregates and 

consumes less time than microscopy techniques to measure a large number of individual ENPs. 

However, due to detection limitations, reliable data cannot be obtained for particles under 20 

nm (Gallego-Urrea et al., 2011; Laborda et al., 2016; Saveyn et al., 2010). 
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Electron microscopy (scanning and transmission electron microscopy, TEM and SEM) is 

considered one of the most powerful techniques to analyse nanoparticles, since it provides 

surface images of nanoparticles allowing the collection of information about size, shape and 

aggregation state (Calzolai et al., 2012; Hendrickson et al., 2011; Lapresta-Fernández et al., 

2014). Despite the fact that TEM provides precise information about size dimension, it is not 

considered the ideal approach for quantification due to the high number of particles to be 

counted and sized to get statistically significant and representative results, therefore, it is a time-

consuming and low-throughput technique (Howard, 2010).  

To determine the surface charge of nanoparticles is commonly used electrophoretic light 

scattering (ELS), expressed as zeta potential. In this technique, an electric field is applied and 

the electrophoretic mobility of suspended nanoparticles in the medium is measured (Rocha et 

al., 2015; Varenne et al., 2015). Zeta potential is usually affected by ionic strength and pH of 

water (Serrão Sousa and Ribau Teixeira, 2013). 

The sedimentation rate of nanoparticles is another parameter of great interest in water 

treatment, mainly if conventional operations will be considered for ENPs removal. This 

parameter can be measured by any quantification method. However, the change in turbidity 

with time is a simple, immediate and less expensive way to determinate the sedimentation rate 

as showed by Serrão Sousa and Ribau Teixeira (2013). Moreover, turbidity is an essential 

parameter to evaluate the performance of water treatments, especially if conventional 

treatments are used. Sedimentation rate can be related to the normalised nanoparticle turbidity 

C/C0, where C is the turbidity at time t and C0 the initial turbidity at time 0. The sedimentation 

rate is (C/C0)/t, which is estimated from the initial 5% decrease in normalized particle 

turbidity, which occurs within the first hour for the fast sedimentation conditions and within 12 

hours for slow sedimentation conditions (Keller et al., 2010; Li and Sun, 2011). 

At last, to evaluate the efficiency of the water treatments in the removal of ENPs, detection 

and quantification techniques must be applied to the raw surface water and the treated drinking 

water. Atomic spectrometry techniques, like atomic absorption spectrometry (AAS), 

inductively coupled plasma mass spectrometry (ICP-MS) or optical emission spectrometry 

(ICP-OES) are valuable tools for sensitive detection, as well as for quantification of the ENPs 

presents in the water samples (Krystek et al., 2011). ICP-MS is one of the most used to 

quantified inorganic ENPs, due to the low detection limits achievable (down to ng/L). In its 

turn, ICP-OES provides detection limits in the µg/L range, and AAS offers a half-way 

performance between both (Krystek et al., 2011; Laborda et al., 2016). The main goal of these 
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techniques is to determine the total element concentration in the sample since they are not 

capable of providing any data about physicochemical form (dissolved or particulate) nor about 

size, charge or aggregation state (Krystek, 2012). In the case of ICP-MS, these limitations can 

be overcome by coupling it to a continuous separation technique where ICP-MS acts as on-line 

element-specific detector. On the other hand, single particle ICP-MS (sp-ICP-MS) is gaining 

significant interest due to the ability to provide information about the nanoparticles number 

concentration and the elemental mass content (Dimkpa et al., 2012; Laborda et al., 2016). With 

additional data about shape, composition and density, the number size distributions can be 

obtained. Aggregation processes and polydisperse systems can also be analysed, due to the sp-

ICP-MS range extended up to micrometres. Although the presence of dissolved species is 

determined, they may hamper the detection of the nanoparticles (Montaño et al., 2014). sp-ICP-

MS detection limits are within the range of 1000 particles/mL for number concentration and 

10-20 nm for size of mono-element NPs or more than 100 nm for oxides (Laborda et al., 2013; 

Lee et al., 2014). This technique has already been used to detect the presence of NPs, dissolved 

forms or both in wastewaters and to track the NPs dissolution and agglomeration in natural 

waters (António et al., 2015; Mitrano et al., 2014, 2012; Tuoriniemi et al., 2012). 

 

2.6.2. ENPs removal in drinking water treatment 

Conventional DWT processes, such as pre-oxidation, coagulation, flocculation, 

sedimentation (C/F/S) and granular media filtration, are focused on the removal of small 

particles, suspended solids, NOM, and other soluble inorganic compounds from water 

(Zouboulis et al., 2009), microorganisms and pathogens (Teodosiu et al., 2018). Coagulation 

(destabilisation of dissolved particles by the action of coagulants), flocculation (destabilised 

particles aggregate into larger flocs) and sedimentation (removal of flocs by gravity) (Abbott 

Chalew et al., 2013; EPA, 1999) are critical processes in conventional treatment, due to cost-

efficiency rate (Jiang, 2015). Thus, C/F/S is a key step for the removal of ENPs in the DWTP. 

However, to effectively remove ENPs, the adoption of advanced treatment technologies may 

be necessary due to nanoparticles specific characteristics. Within advanced DWT, there are 

membrane processes, advanced oxidation processes (AOPs), and adsorption on activated 

carbon and other materials. Considering the wide range of ENPs that belong to metal-based 

category, individual treatment operations may be needed to maximise the overall removal 

efficiencies of ENPs.  
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Since 2009, few studies (summarised in Table 2.3) have been undertaken on the removal 

of metal-based ENPs in drinking water concluding that, although most water treatment 

processes have not been designed to remove such substances, some removal occurs.  

 

2.6.2.1. ENPs removal by the conventional water treatment C/F/S 

Sun et al. (2013), Abbott Chalew et al. (2013), Honda et al. (2014), Kinsinger et al. (2015) 

and Serrão Sousa et al. (2017) investigated the removal of ZnO, Ag and TiO2 ENPs by 

conventional treatment C/F/S applying aluminium and iron-based coagulants to different types 

of water (Table 2.3). These studies were performed using scaled-down jar-test experiments (100 

to 150 mL) (Abbott Chalew et al., 2013; Honda et al., 2014; Kinsinger et al., 2015) or bench-

scale jar-test unit (500 and 800 mL) (Serrão Sousa et al., 2017; Sun et al., 2013). Similar C/F/S 

operating parameters (mixing speed and time) were applied to all the jar-test experiments since 

they were set based on these processes typical conditions. The adopted methodology comprised 

a rapid mixture, followed by slow mixture and finishing with settling. The parameter with the 

highest variability between the referred studies was sedimentation time, 1 h to the scaled-down 

experiments (Abbott Chalew et al., 2013; Honda et al., 2014; Kinsinger et al., 2015) and 20-30 

min to bench-scale (Serrão Sousa et al., 2017; Sun et al., 2013).  

Sun et al. (2013) tested four different coagulants in natural surface water (NSW) spiked 

with 1 mg/L of synthesised Ag ENPs. They used Al-based coagulants, namely alum (495 mg/L) 

and polyaluminium chloride (PACl) (30 mg/L) and iron-based, ferric chloride (400 mg/L) and 

polyferric sulfate (47 mg/L). The dosages were predetermined based on the minimum quantity 

of coagulants to produce flocs. Results are shown in Table 2.3. The authors used stock 

suspensions of Ag nanoparticles diluted with borate buffer, which is known to have a reduction 

effect on the release of silver ions (Liu and Hurt, 2010) and therefore may mask the removal 

results, since particulate form of nanoparticles is more favourable to be removed by C/F/S than 

dissolved ions. 

Abbott Chalew et al. (2013) investigated the breakthrough of three commercial ENPs, Ag, 

TiO2 and ZnO, into finished drinking water using NSW and synthetic surface water (SSW) with 

and without NOM (Table 2.3). The coagulant tested was potassium alum, and the optimal dose 

to each water was achieved as the minimum dose required to effectively remove both turbidity 

and total organic carbon (TOC). When the optimal dose was not the same for both parameters, 
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the highest dose was selected. Potassium alum optimal doses varied between 1.42 and 3.84 mg 

Al/L with the highest dose applied to the SSW with NOM.  

Honda et al. (2014) and Kinsinger et al. (2015) used the same SSW and commercial TiO2 

ENPs (Table 2.3), while Honda et al. (2014) used only bare ENPs, Kinsinger et al. (2015) used 

both bare and synthetic organic coating model (DMSA) nanoparticles. This was the only study 

where the influence of synthetic organic coating on the nanoparticle’s removal was evaluated. 

Honda et al. (2014) tested three different coagulants (iron chloride, iron sulphate and alum) to 

investigate their role in the removal of 10, 25, 50 and 100 mg/L TiO2 NPs. Kinsinger et al. 

(2015) tested only alum at fixed TiO2 NPs concentration of 100 mg/L using SSW and SSW 

with Suwannee River Humic Acid (SRHA) to simulate NOM (SSW_NOM).  

Serrão Sousa et al. (2017) used four SSW with different organic matter concentration 

(moderate, ca. 2-3 mg C/L, or moderate-high, ca. 6 mg C/L) and nature (hydrophilic, SUVA < 

3, or hydrophobic, SUVA > 4) to simulate diverse natural waters and NSW from a dam used 

for public supply. C/F/S experiments were conducted with a commercial polyaluminium 

coagulant/flocculant used in real context water industry at concentrations between 0 and 10 mg 

Al2O3/L to achieve the optimal dose to maximise the nanoparticles removal in each water. 

These authors not only investigate the efficiency of C/F/S to remove commercially available 

TiO2 NPs but also explored if the nanoparticles removal affected the ability of this treatment to 

remove NOM and turbidity and consequently the quality of treated water. 

As presented in Table 2.3, the efficiency rates showed high variability, demonstrating that 

ENPs removal by C/F/S depends largely on the type of ENP, dosage, type of 

coagulant/flocculant and water matrix (Abbott Chalew et al., 2013; Honda et al., 2014; 

Kinsinger et al., 2015; Serrão Sousa et al., 2017; Sun et al., 2013). As previously described, 

ionic strength and NOM affects the ENPs properties influencing the efficiency of ENPs removal 

during DWT. Abbott Chalew et al. (2013) reported that TiO2 ENPs, with a nominal size of 33.7 

nm, formed aggregates with 1147±234 nm in NSW and 3338±984 nm in SSW due to the high 

ionic strength of these waters. As expected, when the same ENPs were dispersed in SSW with 

5 mg C/L (SSW_NOM), the aggregates were reduced to 248.1±8.03 nm,  since NOM imparts 

a negative charge to NPs surfaces and raises their absolute surface potential (Zhang et al., 2009), 

having a general stabilizing effect upon nanoparticles. The difference in TiO2 aggregates size 

between NSW and SSW was also due to the NSW higher content of NOM. Additionally, Serrão 

Sousa et al. (2017) observed the formation of TiO2 ENPs (nominal size < 100 nm) aggregates 

with similar sizes ranging from 300±18 to 440±56 nm when dispersed in SSW (for the same 
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ionic strength) with the lowest sizes corresponding to higher NOM content and vice versa. Ag 

ENPs with individual size of 83.6 nm (Table 2.3) formed aggregates with approximately 223 

and 248 nm in NSW and SSW, respectively (Abbott Chalew et al., 2013). ZnO ENPs with 35.6 

nm (Table 2.3) presented aggregates with 353 and 7021 nm in NSW and SSW, respectively 

(Abbott Chalew et al., 2013). As observed for TiO2, Ag and ZnO, aggregation was also reduced 

in the presence of NOM (SSW_NOM), being approximately 199 and 321 nm, respectively 

(Table 2.3) (Abbott Chalew et al., 2013). In all these studies, aggregates sizes were determined 

by DLS technique, described previously in this review.    

As discussed earlier, the presence of NOM in raw water increases the stability of ENPs, 

imparting a negative charge to their surface, consequently increasing the absolute surface 

potential. Serrão Sousa and Ribau Teixeira (2013) showed that NOM enhanced CuO NPs 

stability, reducing their aggregation and limiting the size of aggregates, which decreased the 

removal of ENPs in waters with a high NOM content. As shown by Kinsinger et al. (2015), the 

presence of NOM decreased the removal of TiO2 NPs by alum (50 mg/L) from 98.7%±1.5% 

(SSW) to 80.4%±2.6% (SSW_NOM) (Table 2.3), due the interaction ENPs-NOM (coating 

formation) and NOM-coagulant (Honda et al., 2014; Kinsinger et al., 2015; Serrão Sousa and 

Ribau Teixeira, 2013). Additionally, metal species, like aluminium, preferentially react more 

readily with free NOM than ENPs in aqueous media (Park et al., 2017). Serrão Sousa et al. 

(2017) showed that, besides concentration, NOM nature also plays an important role in the 

removal of TiO2 NPs. As shown in Table 2.3, for hydrophobic synthetic waters (SSW2 and 

SSW4), a higher coagulant dose was needed to achieve similar Ti removals to those observed 

in hydrophilic waters. Among hydrophilic/hydrophobic waters, for the same NOM 

concentration, waters with higher SUVA values needed a higher coagulant dose to achieve 

similar Ti removals. These authors also demonstrated that after “effective coagulation zone” 

the excess of coagulant promoted the re-stabilisation of the TiO2 NPs decreasing the removal 

efficiencies. These results demonstrated that during the coagulation process, the behaviour of 

ENPs is governed by the same mechanisms that control colloidal stability.  

The effectiveness of Al or Fe-based coagulants can also be compared through the results 

presented in Table 2.3. Overall, the Al-based coagulants showed higher removals when 

compared directly with Fe-based (Honda et al., 2014; Sun et al., 2013). Among the Fe-based 

coagulants tested in these studies, polyferric sulfate was more effective than FeCl3 in the 

removal of Ag ENPs (Sun et al., 2013) and FeSO4 more effective than FeCl3 in the removal of 

TiO2 ENPs (Honda et al., 2014). Among the Al-based coagulants, polyaluminium chloride was 
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the most effective in the removal of Ag ENPs (Sun et al., 2013), as also in the removal of TiO2 

ENPs (Honda et al., 2014; Kinsinger et al., 2015; Serrão Sousa et al., 2017), at doses well below 

those applied to alum and for different concentrations and nature of NOM (Serrão Sousa et al., 

2017) (Table 2.3). In those studies, removals were as high as 96-100% (Table 2.3). The 

effectiveness of PACl is related to its high positive charge. The negatively charged ENPs 

surface can be destabilised (neutralised) through the addition of positively charged coagulant, 

resulting in higher ENPs aggregation due to reduced electrostatic repulsion, improving their 

sedimentation and consecutive removal. As demonstrated by Serrão Sousa et al. (2017), high 

contents of NOM in the water matrix needed a higher coagulant dose to achieve the same 

removal of ENPs, which showed that the main driver in determining optimal coagulant dose 

was NOM rather than the ENP concentration in water. The same authors confirmed TiO2 initial 

concentrations, ranging between 0.2 and 10 mg/L, had not a significant impact on NPs removal 

and the removal efficiency was always higher than 90%.   

Apart from the aggregation state, nanoparticles removal is also associated with other 

properties such as dissolution and ENPs coating. Abbott Chalew et al. (2013) related the low 

removal of Zn and Ag to the high dissolution rate of these ENPs. ZnO had the highest 

breakthrough, with removals of 35% and 5% for NSW and SSW_NOM, respectively. For SSW, 

the breakthrough was complete without any removal observed for ZnO. This was not observed 

in the results of Sun et al. (2013) since the authors used borate buffer in the Ag NPs suspension 

to reduce the release of silver ions. Kinsinger et al. (2015) reported high removal for bare 

TiO2NPs with alum, 98.7%±1.5%. However, when TiO2NPs coated with DMSA (synthetic 

organic coating model) were used, the removal decreased to 74.9%±1.6%. Similar drop trend 

happened when 1 mg/L of SRHA was used to simulate NOM. In the presence of NOM, the 

removal of coated NPs decreased to 68.7±3.4% (Table 2.3). This suggests that due to the 

dependence of ENPs removal on their physicochemical properties, the optimal dose of 

coagulant might be different even for ENPs of the same elemental composition. However 

further research on this issue is required. 

To my best knowledge, Serrão Sousa et al. (2017) were the only authors that showed that 

the high removals of Ti from NSW, using coagulant doses optimised to ENPs removal, did not 

compromise the quality of final treated water, since all the quality parameters studied were 

below guidelines (turbidity, Al concentration, pH, conductivity and Ti).  
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2.6.2.2. ENPs removal by advanced membrane filtration treatment processes 

Membrane filtration has become an attractive advanced technology for physical removal of 

contaminants in drinking water. Currently, there are few drinking water contaminants that 

cannot be removed by membrane filtration (Edzwald, 2011). Low-pressure membranes 

filtration such as microfiltration (MF) and ultrafiltration (UF) with pore sizes typically larger 

than 0.1 µm and between 0.001 and 0.1 µm, respectively, are processes specially designed to 

remove particles.  

Despite several studies have been performed to evaluate the extent to which membrane 

filtration removes ENPs (Abbott Chalew et al., 2013; Ladner et al., 2012; Serrão Sousa and 

Ribau Teixeira, 2015; Springer et al., 2013), only few were applied to surface waters and DWT 

(Abbott Chalew et al., 2013; Serrão Sousa and Ribau Teixeira, 2013) (Table 2.3).  

Abbott Chalew et al. (2013) simulated advanced treatments MF and UF in DWTP to 

evaluate the removal of Ag, TiO2 and ZnO ENPs from NSW, SSW and SSW_NOM. Flat-sheet 

membranes with a nominal pore size of 0.45 µm (MF) and 0.02 µm (UF) were used (Table 2.3). 

In the MF experiments, the highest removal was obtained for TiO2 NPs in SSW (99.6%±0.21%, 

Table 2.3) which corresponds to the highest aggregates formed and smaller aggregates or 

stabilised ENPs breakthrough MF membrane. The lowest removal was achieved for the ZnO 

ENPs in SSW (17.3%±5.62%, Table 2.3) due to dissolution, similarly to what occurred in C/F/S 

experiments. Dissolution of ZnO ENPs was confirmed by the authors through the similar 

removals observed for MF and UF since UF pore size was smaller than primary particles. 

Therefore, only dissolved ions could breakthrough the membrane. UF removals were higher 

than 95% for Ag and TiO2 ENPs in all the water types tested (Table 2.3). These results showed 

a clear removal efficiency dependence on membrane pore size, ENPs size and ENPs stability 

(either aggregation or dissolution). Abbott Chalew et al. (2013) results also demonstrated that 

constant ENPs removal occurred when pore sizes were smaller than nanoparticles size. 

However, dissolved ions released by ENPs and some stabilised nanoparticles breakthrough UF 

membranes, showing that tighter membranes would be required for their effective removal. 

Bearing in mind this concern, Serrão Sousa and Ribau Teixeira (2015) studied the removal of 

silver nanoparticles from synthetic waters by nanofiltration (NF). The authors simulated the NF 

treatment using a lab scaled-up unit with 1.44 m2 of membrane area at an operational pressure 

of 10 bar. Two sets of negatively charged membranes were used, NF90 and NF270, and SSW 

with different NOM nature and concentration were tested (Table 2.3). The authors reported Ag-

total removals between 92.6% and 97.5% under the first 0.25 h of operation with NF90 
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membrane and 82.2% and 93.7% with NF270, but some ions were able to breakthrough into 

treated water (Table 2.3). However, with operation time all the removals increased, and after 3 

h of operation, removals were between 97.4% and 99.0% for NF90 and 98.7% and 99.7% for 

NF270 (Table 2.3). The results showed that size exclusion was the main mechanism of Ag 

ENPs removal. The removal of Ag ions was suggested to be trough the complexation with salts 

and adsorption on NOM or NOM-Ag complexes in solution. 
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Table 2.3. Summary of experimental studies on metallic nanoparticle removal in drinking water treatment processes. 

Drinking Water Treatment ENPs 
[ENPs] 

mg/L  
Water Type 

Removal 

(%) 
References 

C/F/S 

 

Potassium alum 

1.42 - 3.84 mg Al/L 

Ag (83.6 nm) 

TiO2 (33.7 nm) 

ZnO (35.6 nm) 

10 

NSW 

SSW 

SSW_NOM 

 NSW SSW SSW_NOM 

(Abbott Chalew et 

al., 2013) 

Ag 79.6±12.8 97.9±1.19 87.5±17.7 

TiO2 91.5±3.86 94.1±3.20 96.6±0.96 

ZnO 51.7±7.12 4.49±2.42 0.46±2.42 

C/F/S 

 

Al2(SO4)3 – 495 mg/L 

FeCl3 – 400 mg/L 

PACla – 30 mg/L 

 PFSb – 47 mg/L 

Ag  

(12.1 nm) 
1 NSW 

 

99±1 (Al2(SO4)3) 

91±9 (FeCl3) 

100 (PACl) 

92±7 (PFS) 

(Sun et al., 2013) 

C/F/S 

 

FeCl3 

FeSO4 

Alum (Al2(SO4)3) 

50 mg/L 

TiO2  

( 20 nm) 

10, 25, 50, 

100  
SSW 

 

 

32-68 (FeCl3) 

80-90 (FeSO4) 

90-99 (Alum) 

(Honda et al., 2014) 

C/F/S 

 

Alum (Al2(SO4)3 

50 mg/L 

TiO2  

bare and DMSA 

coated 

( 20 nm) 

100 

SSW 

SSW_NOM (1 mg/L 

SRHA) 

 SSW SSW_NOM 

(Kinsinger et al., 

2015) 
Bare 98.7±1.5 80.4±2.6 

DMSA coated 74.9±1.6 68.7±3.4 

C/F/S 

  

Commercial polyaluminium 

chloride WAC® 

(0 – 10 mg/L Al2O3) 

TiO2  

(< 100 nm) 
10 

NSW 

SSW 

(4 with different 

concentration and 

nature of organic 

matter) 

 

SSW1: 96.5 (0.5 mg/L Al2O3)c 

 SSW2: 96.0 (3.0 mg/L Al2O3) 

SSW3: 98.0 (3.0 mg/L Al2O3) 

SSW4: 98.0 (5.5 mg/L Al2O3) 

NSW: 99.8 (2.0 mg/L Al2O3) 

(Serrão Sousa et al., 

2017) 
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Table 2.3. (cont.). Summary of experimental studies on metallic nanoparticle removal in drinking water treatment processes. 

Microfiltrationd 

 

0.45 µm (pore size) 

Ag (83.6 nm) 

TiO2 (33.7 nm) 

ZnO (35.6 nm) 

10 

NSW 

SSW 

SSW_NOM 

 NSW SSW SSW_NOM 

(Abbott Chalew et 

al., 2013) 

Ag 85.5±10.4 95.6±6.48 92.1±4.23 

TiO2 83.1±0.81 99.6±0.21 56.2±25.8 

ZnO 31.4±24.1 17.3±5.62 44.4±26.1 

Ultrafiltration 

 

0.02 µm (pore size) 

Ag (83.6 nm) 

TiO2 (33.7 nm) 

ZnO (35.6 nm) 

10 

NSW 

SSW 

SSW_NOM 

 NSW SSW SSW_NOM 

(Abbott Chalew et 

al., 2013) 

Ag 98.2±2.44 98.6±4.68 99.7±0.37 

TiO2 99.8±0.24 95.6±0.99 98.7±1.58 

ZnO 3.93±33.0 15.0±7.20 64.0±16.2 

Nanofiltratione 

 

NF90 (0.34 nm pore radius) 

NF270 (0.42 nm pore radius) 

Ag (<100 nm) 100 

SSW_NOM 

(4 and 16 mg/L AHAf) 

(4 and 16 mg/L TAg) 

 
4 mg/L 

AHA 

16 mg/L 

AHA 

4 mg/L 

TA 

16 mg/L 

TA 

(Serrão Sousa and 

Ribau Teixeira, 

2015) 

NF90 

97.5h 

99.0i 

99.1j 

92.9h 

99.8i 

99.8j 

92.9h 

97.7i 

98.3j 

92.6h 

97.4i 

98.4j 

NF270 

82.2h 

99.5i 

99.7j 

93.7h 

99.7i 

99.9j 

89.1h 

98.7i 

99.3j 

89.1h 

98.7i 

99.2j 
NSW – Natural Surface Water 

SSW – Synthetic Surface Water 

SSW_NOM – Synthetic Surface Water with NOM 

SRHA – Suwannee River Humic acid 
a Polyaluminium chloride 
b Polyferric sulfate 
c Optimal coagulant dose for each water tested 
d Polyvinyldine fluoride (PVDF) membrane 
e Polyamide/polysulfone membrane 
f Aldrich Humic Acids 
g Tannic Acid 
h After 0.25h of operation 
i After 3h of operation 
j After 7h of operation 
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2.6.2.3. ENPs removal by other water treatments 

Other treatments have also been studied, to a minor extent, in lab-scale experiments, but 

more research is needed to be able to understand their effectiveness on ENPs removal from 

drinking water. Li et al. (2013) undertake a first study in evaluating the potential removal of 

metal and metal oxides ENPs by granular media filtration with a sand bed, which is a 

conventional treatment commonly used in DWT. They reported that sand filters were able of 

retaining some portion of ENPs with bare surfaces, but for coated ENPs (ZnO-PVA, Ag-citrate 

and Ag-PVA) low or no measurable retention was achieved. These experimental and modelled 

results demonstrated the limited ability of this process to remove metal ENPs, however in 

DWTP C/F is usually performed prior to sand filtration which could improve its efficiency. 

Gicheva and Yordanov (2013) applied powder activated carbon (PAC), with particle sizes from 

20 to 80 µm, to model solutions spiked with Ag ENPs (40-100 nm) to evaluate their removal 

by adsorption. The authors reported fast and complete removal of Ag ENPs (105 µg/mL), using 

0.5 mg/mL of PAC. However, this high removal could only be achieved due to the addition of 

40 mM NaCl. The high adsorption of Ag ENPs at increased salt concentrations indicated that 

adsorption is favoured when the electrostatic stabilisation of particles decreases. In addition, 

there is no data showing that these removals would also be achieved in waters with lower ionic 

strength. Thus, more in-depth studies will be worth it to understand in detail the adsorption 

extension and mechanism of ENPs in surface waters.  

 

Despite the high ENPs removals found in the literature for water treatments such as C/F/S, 

MF, UF and NF, this review demonstrates that some metal breakthrough into finished waters 

can occur in all the studied processes. Although experimental concentrations of ENPs were 

higher than those predictable to surface waters, it is not expected a significant change in removal 

efficiencies, as previously referred. As illustrated in this review, ENPs aggregates size is an 

important parameter for ENPs removal in both conventional and advanced treatments. Higher 

aggregates are removed by floc settling during C/F/S, while smaller aggregates, individual 

ENPs and released ions can possibly be removed by physical separation during membrane 

filtration. Therefore, an integrated solution with a sequence of conventional and advanced 

processes may be necessary for an optimal removal of ENPs. 
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2.7. Conclusions and Perspectives 

This review highlighted the presence, potential hazard to human health and environment, 

release and behaviour of metal-based ENPs in surface source waters and the susceptibility of 

drinking waters systems to these contaminants. Moreover, their removal from drinking water 

was discussed in detail. Considering that nanoparticles have already been detected in 

wastewater, surface water, raw and treated drinking water and tap water, ranging from ng/L to 

µg/L, DWTPs have to face their presence and occurrence in potable water so as not to endanger 

human health. 

However, further research is still needed to address the challenge of DWTP to cope with 

these contaminants. Up to now, both conventional and advanced drinking water treatment have 

shown the potential to remove ENPs from drinking water. The reviewed studies show that if 

C/F/S, optimised to ENPs removal, and membrane filtration are applied in DWT, ENPs 

retention can be expected and the hazard can be mitigated. Yet, if only conventional treatment 

is applied, there is a high risk of ENPs presence in drinking water. Since less is known about 

ENPs toxicity by tap water ingestion compared with traditional contaminants, further research 

should be performed to develop strategies to entirely eliminate nanoparticles from drinking 

water. Nevertheless, comprehensive evaluation of ENPs toxicity is urgently needed, as also 

stringent requirements in the frameworks of the government environmental regulation. 

More research is needed in the field of ENPs in DWT: i) develop suitable analytical 

techniques for the quantification of ENPs in complex matrices, like surface water sources, ii) 

investigate the efficiency of ENPs removal by conventional and advanced combined treatments 

operating at typical plant conditions, since the vast majority of studies have focused only in 

individual processes, iii) assess the effect of multiple types of ENPs (mixtures) in their removal 

in DWT, and iv) investigate ENPs removal at pilot-scale.    

The water industry regulators tend to be cautious when regulating, however DWTPs are 

not yet required to monitor ENPs. It will be prudent for the drinking water community to 

conduct periodical analysis to measure the most common metal-based ENPs, because of the 

potential health impact on populations. Also, a focus on monitoring hotspots of ENPs releases 

could be an asset, particularly for DWTP intakes located downstream of large urban 

communities. 
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Chapter 3  

The Effect of TiO2 Nanoparticles 

Removal on Drinking Water Quality 

Produced by Conventional Treatment 

C/F/S 
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ABSTRACT 

Engineered nanoparticles (ENPs), namely titanium dioxide (TiO2), are emerging 

contaminants widely used to commercial and industrial applications, are a potential hazard and 

can cause damage to the environment and human health due to their toxicity. Therefore, their 

removal from the water is urgent to minimise or eliminate the adverse environmental and human 

health effects. This work investigates the efficiency of conventional coagulation/ flocculation/ 

sedimentation (C/F/S) from drinking water treatment to remove TiO2 ENPs from surface waters 

and pretends to understand if the removal of TiO2 NPs affects the ability of C/F/S to remove 

natural organic matter (NOM) and turbidity, and consequently affects the quality of the treated 

water.  

Results show that TiO2 NPs removal is high (>95%) for all the waters studied (hydrophobic 

and hydrophilic waters) and the treated water quality is not compromised (turbidity, Ti and Al 

concentrations, pH and conductivity are below the national and international guidelines). In 

addition, TiO2 initial concentrations, ranging between 0.2 and 10 mg/L, have not a significant 

impact on NPs removal by C/F/S. Therefore, the widely used polyaluminium based coagulants 

are effective in the removal of TiO2 NPs by conventional C/F/S treatment, but removal is 

strongly influenced by the water characteristics. Hydrophobic waters need a higher coagulant 

dose than hydrophilic waters to achieve the same TiO2 NPs removals, as well as water with 

higher UV254nm values. The principal mechanism involved in TiO2 NPs removal is charge 

neutralisation.  
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3.1. Introduction 

Engineered nanoparticles (ENPs) have applications in several commercial products and 

industrial processes or materials, including cosmetics, drug delivery, electronics, energy 

technology, agricultural and environmental sciences (Handy et al., 2008; Popowich et al., 2015; 

Wiesner et al., 2009). There is evidence that during their usage and disposal, these nanoparticles 

will be released into aquatic systems (Gottschalk et al., 2013; Zheng et al., 2015). If the 

wastewater treatments processes are unable to remove nanoparticles from water, ENPs will 

enter in drinking water sources and natural aquatic environments, increasing the risk of 

exposure for plants, animals and humans (Farré et al., 2010). ENPs properties, like the large 

surface area to volume ratio and small size, provide unique materials with new applications 

compared to the corresponding bulk materials. However, these same properties may also result 

in the enhancement of the bioavailability, increasing their toxicity.  

Titanium dioxide (TiO2) is the most widely used nanomaterial due to its application as a 

pigment in cosmetics and paints, coatings and materials for environmental and energy 

technology (Piccinno et al., 2012; Savage et al., 2007). The annual production of this 

nanomaterial is around 40000 t in the USA (Savage et al., 2007) and 10000 t in Europe 

(Piccinno et al., 2012). According to Keller et al. (2013), 54% of the globally produced amount 

is expected to enter wastewater treatment plants (WWTP). TiO2 nanoparticles have already 

been detected in biosolids and wastewater treatment effluents, which suggests that it may 

ultimately end up in surface water bodies (Keller et al., 2013; Westerhoff et al., 2011). 

Emissions to aquatic environmental via WWTP effluents are estimated to be around 1100 to 

29000 t/year globally (Savage et al., 2007). Several researchers have estimated values between 

21 and 10000 ng/L (Gottschalk et al., 2013; Gottschalk and Nowack, 2011; Mueller and 

Nowack, 2008). 

Some researchers reported that nanoscale TiO2 is a potential hazard and can cause damage 

to aquatic environmental and human health due to their toxicity. Nano-TiO2 is photoinducible, 

redox-active and thus a generator of potential reactive oxygen species (ROS) (Menard et al., 

2011). Canesi et al. (2010) have recently demonstrated that suspensions of selected nano-

titanium dioxide induce oxyradical production and lysosomal enzyme release in the hemocytes 

of the marine mussel Mytilus in vitro, and Long et al. (2006) showed adverse effects of these 

NPs such oxidative stress in human cells.  

Therefore, it is essential to evaluate how NPs can be effectively removed through water 

treatment processes to control the environmental and health risks associated with NPs exposure. 
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Conventional water treatment comprises coagulation, flocculation, sedimentation (C/F/S), 

filtration and disinfection. Coagulation is a key step for efficient and cost-effective water 

treatment process (Jiang, 2015). The objective of C/F is the removal of small particles, 

suspended solids, natural organic matter (NOM), and other soluble inorganic compounds from 

aqueous suspensions (Zouboulis et al., 2009). Therefore, coagulation is a critical process for 

the effective removal of NPs in drinking water treatment plants (DWTP) (Feng and Johnson, 

2014). Few authors had already studied the removal of NPs by coagulation process. Chalew et 

al. (2013) simulated conventional wastewater processes to access the removal efficiency of NPs 

under conventional conditions. They observed that 2-20%, 3-8% and 48-99% of the spiked Ag, 

TiO2 and ZnO NPs, respectively, remain in the treated water after the treatment process. Other 

studies have investigated the efficiency of nanoparticles removal using alum or iron coagulants 

for CuO NPs (Y. Wang et al., 2015), Ag NPs (Sun et al., 2013) as well as the most 

commercialised ENPs, nano-TiO2 (Honda et al., 2014; Kinsinger et al., 2015; Wang et al., 

2013). Despite the high removals obtained by these authors for TiO2 ENPs using aluminium-

based coagulants, high coagulant doses were applied (up to 50 mg/L of alum) (Honda et al., 

2014; Kinsinger et al., 2015) and NOM reduced the TiO2 NPs removal by coagulation 

(Kinsinger et al., 2015; Wang et al., 2013). Moreover, in these studies, the removal mechanisms 

involved in the ENPs removal (including TiO2 NPs) is not well known, although all the authors 

agreed that one of the main influences in NPs removal by C/F/S is the water characteristics. Yet 

in any of those studies, natural waters were used.  

These findings indicate that coagulation seems to be a good option for the removal of TiO2 

NPs from water. However, more attention should be paid to the effects of water quality when 

using coagulation to remove TiO2 NPs. Therefore, it is imperative to conduct a study that 

assesses the current ability of conventional water treatment processes to remove nanoparticles 

from water, providing a possible solution to reduce the potential hazard caused by TiO2 NPs. 

The aim of this study is to investigate the removal of TiO2 NPs by conventional drinking 

water treatment, C/F/S, and understand its overall effect in the processes. First, it is pretended 

to evaluate and improve the capacity of conventional C/F/S to remove TiO2 NPs from surface 

waters and to study the influence of the water characteristics, namely NOM, on their removal. 

Second, this work pretends to determine if the removal of TiO2 NPs affects the ability of C/F/S 

to remove NOM and turbidity, and consequently affects the quality of the treated water. These 

two objectives until now were not addressed together, which is the novelty of this work. 
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3.2. Material and methods 

3.2.1. Model and natural waters 

Four synthetic waters (W1, W2, W3 and W4) of different concentration (moderate/ 

moderate-high) and nature (hydrophilic/ hydrophobic) of organic matter were used to simulate 

different water characteristics. Inorganic matrix background was maintained in all the four 

waters (Table 3.1) as described in previous work (Ribau Teixeira et al., 2010). Dissolved 

organic carbon (DOC) was controlled by the addition of two natural organic matter (NOM) 

surrogates, Salicylic Acid (SA) and Aldrich Humic Acids (AHA) representing the hydrophilic, 

low molar mass NOM and the hydrophobic, high molar mass NOM, respectively. Both model 

substances were obtained from commercial sources and have been used to provide consistent 

experimental conditions (Campinas and Rosa, 2006; Hong and Elimelech, 1997; Tercero 

Espinoza and Frimmel, 2008). SA certified analytical grade reagent (>99.0% purity), with 

138.12 g/mol (Merck, VWR International) was used with no further purification. AHA (Sigma-

Aldrich) was prepared by dissolving it in deionised water and raising the pH to 8 through the 

addition of NaOH. Hydrophobic and hydrophilic DOC (based on SUVA values above 4 L/(m 

mgC) and below 3 L/(m mgC) respectively, Edzwald and Van Benschoten, 1990), and moderate 

and moderate-high DOC concentrations (2-3 mgC/L and ca. 6 mgC/L respectively, EPA, 1999) 

were studied. The water background ionic strength (IS) was provided by certified analytical 

grade (Merck, VWR International) mono (KCl) and divalent (CaCl2) salts establish at 4.0 mM, 

which corresponds to moderately-hard water (AWWA, 2000). Hydrophilic waters presented 

lower pH values (Table 3.1) due to the addition of higher salicylic acid concentrations. 

A natural water (NW) was also used in this work, collected from Odelouca dam (Algarve, 

South of Portugal), during the Spring season, courtesy of Algarve water company Águas do 

Algarve, S.A.. This dam supplies water to the Alcantarilha WTPs, which have a maximum 

capacity of 3 m3/s (620,000 inhabitants). The characteristics of this water are also present in 

Table 3.1.   
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Table 3.1. Model and natural waters used in the experiments.  

DOC 

concentrationa DOC natureb Water 
DOC UV254 nm SUVA Turbidity Conductivity pH 

(mgC/L) (1/cm) (L/(m.mg)) (NTU) (µS/cm) (25ºC) 

Moderate 

(ca.2-3 mgC/L) 

Hydrophilic 

SUVA < 3 
W1 2.67±0.29 0.03±0.00 1.25±0.06 1.13±0.01 375±1.0 4.7±0.0 

Hydrophobic 

SUVA > 4 
W2 2.56±0.14 0.19±0.04 7.64±1.41 4.87±0.13 379±1.0 6.3±0.0 

Moderate-high 

(ca. 6 mgC/L) 

Hydrophilic 

SUVA < 3 
W3 6.21±0.20 0.04±0.01 0.66±0.09 1.18±0.27 384±1.7 4.2±0.0 

Hydrophobic 

SUVA > 4 
W4 5.83±1.66 0.50±0.02 8.55±0.65 9.49±0.72 387±1.0 6.8±0.1 

Low-Moderate 

(ca.<2 mgC/L) 

Hydrophilic 

SUVA < 3 
NW 1.66±0.03 0.03±0.00 2.02±0.0 2.12±0.01 163±0.1 7.6±0.0 

a Edzwald and Van Benschoten (1990). 
b EPA (1999) classification, i.e. moderate DOC concentration between 2.0 and 4.0 mgC/L, moderate-high between 4.0 and 8.0 mgC/L, and high DOC concentration above 8.0 mgC/L. 

W1 – W4: model waters. 

NW: natural water.  
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3.2.2. Characterisation of TiO2 nanoparticles 

Commercially available titanium (IV) dioxide (mixture of rutile and anatase forms) 

nanopowder (Sigma-Aldrich, LOT#02527PH) was used. According to the supplier, the particle 

size is <100 nm in diameter (by Brunauer Emmett Teller (BET) method), purity of 99.5 % trace 

metals basis, the specific surface area is 46.3 m2/g, and the molecular weight is 79.87 g/mol.  

The size of NPs suspensions was independently confirmed using dynamic laser scattering 

(DLS) as described below. The TiO2 NPs were dispersed in deionised water (DW), without 

further purification, and suspensions were sonicated using a bath sonicator (USC500TH, VWR 

International) for 20 minutes. The sonication time was set after several optimisation 

experiments. The concentration of TiO2 NPs was set at 50 mg/L to ensure the quality of the 

DLS analysis, as suggested by the equipment supplier. At least three measurements with 50-

100 runs were made for each replicate (3 per sample) to ensure the quality of the analyses.  

The TiO2 NPs optical absorption measurements in the UV-Vis range were made in a 

Spectronic Unicam (UV300) spectrophotometer at room temperature. The wavelength used in 

experiments ranged from 200 to 800 nm.  

The hydrodynamic diameter (HD) and zeta potential (ZP) of TiO2 NPs were determined at 

25°C by DLS and electrophoretic light scattering (ELS), respectively using a Zetasizer Nano 

ZS analyser (Malvern Instruments Inc., UK), as previously described (Serrão Sousa and Ribau 

Teixeira, 2013). The variation of HD and ZP with the pH was also evaluated. These parameters 

were determined in all the synthetic, and natural waters studied.  

The sedimentation rate of the nanoparticles was measured by the turbidity variation with 

time as described in previous work (Serrão Sousa and Ribau Teixeira, 2013). Since turbidity 

increases with nanoparticle concentration, the sedimentation rate can be related to the 

normalised nanoparticle turbidity C/C0, where C is the turbidity at time t and C0 the initial 

turbidity at time 0 (Li and Sun, 2011). The sedimentation rate is (C/C0)/t, which is estimated 

from the initial 5% decrease in normalised particle turbidity, which occurs within the first 1 h 

for the fast sedimentation conditions and within 12 h for slow sedimentation conditions (Keller 

et al., 2010). The sedimentation experiments were made using 1.0 and 10.0 mg/L of TiO2 NPs. 
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3.2.3. Experimental setup and procedure 

Coagulation/flocculation/sedimentation (C/F/S) experiments were carried out in a jar-test 

lab-scale unit (Flocumatic, Selecta, Spain) with four paddles at room temperature (21 ± 1ºC) 

using 800 mL/sample. The operating parameters (mixing speed and time) were set based on the 

typical operating conditions for C/F/S in drinking water treatment. Standard experimental 

procedure included: (a) coagulation at a velocity gradient (G) of 743 s-1, corresponding to 200 

rpm, for 2 minutes; (b) flocculation at G of 24 s-1 (20 rpm) for 20 minutes; (c) sedimentation at 

G of 0 s-1 for 30 minutes. Prior to the start of the experiment (i.e. before the coagulation stage), 

the TiO2 suspensions were sonicated as described above. After sonication TiO2, suspensions 

were placed into jars and stirred prior to coagulant addition for approximately 1 minute. Then 

the coagulant was added to the jars immediately after the start of the rapid mixture and when 

coagulation finished, TiO2 zeta potential was measured. After sedimentation, an aliquot of 100 

mL of the supernatant was sampled using a volumetric glass pipette from the mid-depth of the 

water column. Triplicate jar tests experiments were performed. 

 The coagulant/flocculant tested in this work was a commercial polyaluminium chloride 

WAC® from Elf Atochem (France) with 60 to 70% relative basicity (stock solution with 850 

mg/L Al2O3). This coagulant/flocculant is commonly used in the real context water industry 

and applied in Alcantarilha WTP. The influence of coagulant dose was investigated for all the 

tested waters at doses between 0 to 10 mg/L Al2O3. The same C/F/S experiments were carried 

out with no coagulant added as a control trial.  

 C/F/S experiments were conducted with 10 mg/L of TiO2 NPs for all the studied waters. 

This value is higher than the value estimated in the environment by several authors (Gottschalk 

et al., 2013; Gottschalk and Nowack, 2011; Mueller and Nowack, 2008) but it was chosen to 

provide good accuracy in DLS and spectrophotometer measures. In addition, these values are 

lower than the value used in TiO2 NPs coagulation studies, namely 30 mg/L (Wang et al., 2013), 

100 mg/L (Kinsinger et al., 2015) and 10 to 100 mg/L (Honda et al., 2014). Additional C/F/S 

experiments were made with W1, W4 and natural waters, using 0.2, 0.5, 1.0 and 5.0 mg/L of 

TiO2 NPs. The optimal coagulant dosage was determined based on TiO2 NPs removal 

efficiencies. For all the waters, a control trial was made where no coagulant was added (0.0 

mg/L Al2O3). 
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3.2.4. Analytical methods 

Samples were analysed for pH (at 25ºC, Whatman WTW pH340 meter), conductivity 

(Crison GLP32 conductimeter), turbidity (HACH 2100N turbidity meter of high resolution, 

0.001 NTU), and UV254nm absorbance (Beckman DU 640B, UV/VIS spectrophotometer) and 

dissolved organic carbon (DOC) (Shimadzu TOC 5000A analyser, 50 ppb–4000 ppm), using 

standard methods of analysis (Eaton et al., 2005b).  

Titanium concentrations in bulk and treated waters and aluminium in treated water were 

determined by atomic absorption spectrometry (AAS AAnalyst 800, Perkin–Elmer, detection 

limit: 0.350 µg/L), after acid digestion with 2% nitric acid (HNO3). Ti and Al were analysed by 

graphite furnace using standard methods (Eaton et al., 2005a). The accuracy of the analytical 

procedure was assessed by the injection of titanium standards at the beginning of sample 

quantification and at every ten samples. TiO2 removal efficiencies were based on Ti 

concentrations measured in bulk and treated waters. 

 

3.3. Results and Discussion 

3.3.1. Characterisation of TiO2 nanoparticles 

The optical absorption spectrum of TiO2 NPs dispersed in deionised water shows a distinct 

peak at 337 nm (Figure 3.1) similarly to the results obtained by Dalai et al. (2012). As shown 

in Figure 3.1, the absorbed light by the nanoparticles is proportional to the mass concentration 

present in the suspension. 

 

Figure 3.1. Optical absorption spectra for 0, 0.4, 1, 10 and 50 mg/L TiO2 NPs.  
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Figure 3.2a presents the effect of the pH in the hydrodynamic diameter and the zeta 

potential values in deionised water. According to supplier information, the NPs individual 

diameter is lower than 100 nm. Allouni et al. (2012) characterised the same TiO2 NPs used in 

this work by BET method and determined the individual diameter around 74 nm. However, 

when dispersed in deionised water, the NPs show a hydrodynamic diameter higher than 

individual particles for all the pH tested (Figure 3.2a), which indicates that when suspended in 

water TiO2 NPs form aggregates. According to Jiang et al. (2009), when nanoparticles are 

dispersed in liquids, their hydrodynamic size is often larger than the primary dry particle size, 

due to interaction between nanoparticles and the surrounding solution, that promotes the 

formation of NPs aggregates with higher sizes. Surface charge (zeta potential) and consequently 

the hydrodynamic diameter size can be altered by changing solution pH or ionic strength. Both 

zeta potential and consequently hydrodynamic diameter are highly affected by solution pH 

(Figure 3.2a). The zeta potential is positive between pH 2.9 and <5.4, and negative from this 

point until the highest pH value tested, 8.6 (varied between 38.1±2.6 and  

-54.3±0.9 mV). The point of zero charge (PZC) is near pH 5.4, where zeta potential is zero. 

These results are in good agreement with those find in the literature (Ottofuelling et al., 2011; 

Sahu et al., 2011; Suttiponparnit et al., 2010). These authors determined that the isoelectric 

point (IEP) of TiO2 NPs was between pH 5 and 6, and at pH values lower than 5-6 the zeta 

potential was positive and negative at higher pH values than IEP. In addition, Von Der Kammer 

et al. (2010) assumed that, under pure electrostatic interaction, TiO2 NPs with a zeta potential 

within ±15 mV would be unstable and tend to aggregate, from ±15 mV to ±30 mV they would 

be in a transitional state, from ±30 mV they would be predominantly stable and above ±40 mV 

they would be well stabilised. As shown in Figure 3.2a, the highest aggregates (778.2±91.8 nm, 

approximately) are at pH 5.4, where the zeta potential is -2.7±2.8 mV and the lowest 

(168.9±15.6 nm, approximately) at pH 8.6 where the zeta potential is -54.3±0.9 mV. At the 

point of zero charge (pH ≈ 5.4) particles have little or no charge, leading to a substantial 

weakening in the repulsive forces between nanoparticles, which implies that each collision 

between primary nanoparticles and aggregates causes particle adherence (Baalousha, 2009). 

Therefore, at this pH TiO2 nanoparticles present the highest hydrodynamic diameter (778±91.8 

nm, Figure 3.2a), which results in larger aggregates that settle rapidly owing to gravitational 

forces. For pH values between 6.7 and 8.6 (-40.0±1.0 and -54.3±0.9 mV) TiO2 NPs are highly 

charged and stable, so aggregation is minimised and HD less than 190 nm, because of the high 

repulsion forces. As pH increases, the concentration of OH- and the electrostatic repulsion 
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between particles increases which provide NPs stabilisation. Consequently, the hydrodynamic 

diameter decreases. At these pH values, electrostatic repulsive forces dominate the van der 

Waals forces (Baalousha, 2009). For the pH values prior to isoelectric point, the nanoparticles 

are in a transitional state. Therefore, the hydrodynamic values ranged between 488.3±118.8 nm 

and 556.5±4.8 nm (Figure 3.2a). 

For model and natural waters, the polydispersity index (PdI) was 0.31±0.02 for W1, 

0.34±0.04 for W2, 0.35±0.02 for W3, 0.28±0.04 for W4 and 0.29±0.02 for NW, which for this 

DLS equipment indicates a good accuracy in the samples (Malvern, 2009). As shown in Figure 

3.2b, the presence of NOM shifts both zeta potential and hydrodynamic diameter of TiO2 NPs. 

TiO2 NPs become negatively charged, and the HD values are very similar (ranging between 

300±18 and 440±56 nm) in all the waters studied. Therefore, NOM imparts a negative charge 

to NPs surfaces and raises their absolute surface potential (Zhang et al., 2009), having a general 

stabilising effect upon TiO2 NPs, which coincides to previously reported results (Romanello 

and Fidalgo de Cortalezzi, 2013; Zhang et al., 2009). According to Ottofuelling et al. (2011), 

NOM adsorbs to metal oxides surfaces and may reduce or neutralise the positive surface charge, 

or at sufficient concentrations induce a reversal of charge from positive to negative. 

For W1 with a pH near the IEP (5.4), the TiO2 NPs absolute ZP value increases (become 

more negative) and consequently HD decreases. For W3, which pH < pHPZC, the surface charge 

of TiO2 NPs is positive, so adsorption to negatively charged NOM through electrostatic 

attraction occurs, as also demonstrated by (H. Wang et al., 2015).  

However, the TiO2 NPs in hydrophobic waters, W2 and W4, present ZP higher negative 

values than the hydrophilic waters, W1 and W3. Thus, the hydrophobic NOM (humic acids) 

contributes more for the negativity of NPs surface charge than the hydrophilic NOM. This is 

also observable in the natural water (NW) tested, since this water is a hydrophilic based on the 

SUVA values (Table 3.1). Baalousha (2009) also showed an increase in the nanoparticles 

coverage, as well as the thickness of the surface coating, with the increase of AHA 

concentration. This surface coating increases the effect of steric stabilisation in addition to the 

effect on the surface charge that governs particle interactions in aqueous media. In addition, 

Loosli et al. (2015) study indicated that the main driving force in the adsorption of NOM onto 

TiO2 NPs is a complex combination of electrostatic attractive and repulsive interactions. 

Moreover, when complex and heterogenous compounds like humics acids were present, Van 

der Walls interactions and steric effects also played a role in the NPs stability. 
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a) b) 

 
 

Figure 3.2. (a) Zeta potential (ZP) and hydrodynamic diameter (HD) of TiO2 NPs at different pH values in 

deionised water, (b) zeta potential (ZP) and hydrodynamic diameter (HD) of TiO2 NPs in the studied waters 

(values presented as mean, standard deviations (n=6) are shown by the error bars). 

 

3.3.2. Sedimentation of TiO2 nanoparticles 

Figure 3.3a shows that TiO2 NPs dispersed in deionised water (DW) sediment faster than 

in the other waters, which is proven by the highest sedimentation rate presented in Figure 3.3b. 

This happened because, at this pH ( 5.4), TiO2 NPs in deionised water are at the IEP, where 

the NPs are unstable and form larger aggregates (Figure 3.2a), so sedimentation is higher. 

According to Narong and James (2006) calculations based on DLVO theory, close to the 

isoelectric point, there is no energy barrier to flocculation meaning that the turbidity of 

suspensions at this pH should be lower. Therefore, when particles are aggregated (i.e. have 

greater size), they have a higher tendency for sedimentation.  

For the hydrophobic waters W2 and W4, nanoparticles form the smallest aggregates 

(Figure 3.2b), the sedimentation is less pronounced and consequently, the sedimentation rate is 

the lowest (0.04 h-1, Figure 3.3b). Hydrophilic waters, W1 and W3, present sedimentation and 

sedimentation rate (~0.07 h-1) similar between them, due to the similarity of the size of the 

aggregates (Figure 3.2b). Therefore, the sedimentation of TiO2 NPs is higher in the waters with 

hydrophilic NOM.  

For lower TiO2 NPs concentrations (1 mg/L), NPs settle slower than for higher 

concentrations (10 mg/L) in studied waters (W1, W4 and NW) (Figure 3.4a). Therefore, the 

reduction in NPs concentrations from 10 mg/L to 1 mg/L caused a decrease in the sedimentation 
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rate for the tested waters (compare Figure 3.3b and Figure 3.4b). However, despite the observed 

decrease, the sedimentation behaviour between waters was similar. Sedimentation of TiO2 NPs 

is faster in waters with hydrophilic NOM, like W1 and NW, and consequently sedimentation 

rate is higher than in hydrophobic waters like W4.  

 

 

a) b) 

  

Figure 3.3. (a) TiO2 sedimentation and (b) sedimentation rates (h-1) in the studied waters (sedimentation rate at 

the first 2 hours, instead of 1 hour as described by Keller et al. (2010) (values presented as mean, standard 

deviations (n=6) are shown by the error bars). 

 

a) b) 

  

Figure 3.4. a) TiO2 NPs (1 mg/L) sedimentation and b) sedimentation rates (h-1) for W1, W4 and NW (1 mg/L 

TiO2 NPs; sedimentation rate at first 2 h, instead of 1 h as described by (Keller et al., 2010) (values presented as 

mean, standard deviations (n=6) are shown by the error bars). 
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3.3.3. Removal of TiO2 nanoparticles 

 Figure 3.5 shows the removal efficiency of TiO2 NPs by C/F/S process and the TiO2 NPs 

zeta potential values after the coagulation step, for the model waters (W1 to W4) and the natural 

water (NW) using different coagulant doses.  

 For all the waters studied, high removal of Ti is achieved without adding the coagulant. 

Hydrophilic waters (W1, W3 and NW) present Ti removal efficiencies of approximately 80%, 

whereas for hydrophobic waters are around 75%. At these conditions, the TiO2 NPs are 

aggregated, and the hydrodynamic diameter is between 302±18 and 441±56 nm, with the 

highest values for the hydrophilic waters (Figure 3.2b). The high aggregates size results in auto-

sedimentation of TiO2 NPs, as shows the sedimentation experiments presented in Figure 3.3, 

where the hydrophilic waters (W1, W3 and NW) show a higher sedimentation rate than the 

hydrophobic ones. Similar results were reported by Zhang et al. (2015), where TiO2 NPs with 

humic acid and size of ~500 nm auto-precipitated in the absence of coagulant (AlCl3). In 

addition, the high removals observed for TiO2 at these conditions (without coagulant added) 

could also be related to the presence of inorganic compounds such as divalent ions like Ca2+. 

Kinsinger et al. (2015) reported that bare TiO2 NPs were more easily remove in complex waters 

containing divalent cations. At a wider range of pH, divalent cations may cause NPs aggregation 

due to specific adsorption (Romanello and Fidalgo de Cortalezzi, 2013). 

 Although the removal rate curves do not present a distinct reverse “U”, Ti removal 

efficiencies increase for all the waters when coagulant was added (Figure 3.5). In addition, 

removal efficiencies also increase with the increase of coagulant concentration until the removal 

reaches a plateau, at ~90% of removal. Zhang et al. (2015) called this plateau “effective 

coagulation zone (ECR)”. For the hydrophilic synthetic waters, the ECR varies between 0.2 and 

2.0 mg Al2O3/L for W1 (optimal dose 0.5 mg Al2O3/L, Figure 3.5a), between 3.0 and 4.0 mg 

Al2O3/L for W3 (optimal dose 3.0 mg Al2O3/L, Figure 3.5c), and between 0.5 and 3.0 mg 

Al2O3/L for NW (optimal dose 2.0 mg Al2O3/L, Figure 3.5e). For hydrophobic waters, W2 

presents the ECR between 2.5 and 3.5 mg Al2O3/L with the best removal at 3.0 mg Al2O3/L, 

and W4 between 5.0 and 6.0 mg Al2O3/L being the best removal at 5.5 mg Al2O3/L. For the 

most efficient Al2O3 concentrations, Ti removals are higher than 96% (Figure 3.5). These 

results show a clear dependency of the NPs removal on source water characteristics and dosage 

of coagulant as reported by Popowich et al. (2015). Figure 3.5 results show the important role 

of the water background NOM on the coagulant demand and the overall performance of the 

C/F/S process. For hydrophobic waters (W2 and W4), a higher coagulant dose is needed to 
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achieve similar Ti removals of those observed in hydrophilic waters. For the same DOC 

concentration, among hydrophilic/hydrophobic waters, higher UV254nm values need a higher 

coagulant dose to achieve similar Ti removals. After the ECR zone, the excess of coagulant 

promotes the re-stabilization of the TiO2 NPs and the removal efficiencies decrease. Pinotti and 

Zaritzky (2001) had reported the re-stabilization of coagulated colloids due to polyelectrolytes 

oversaturation.  

 TiO2 nanoparticles in synthetic and natural waters are negatively charged (between  

-20.6±0.9 and -29±1.3 mV), at the experiments pH, as presented in Figure 3.2 and in the zeta 

potential of the control samples (Figure 3.5). The addition of polyaluminium chloride coagulant 

induces the destabilisation of TiO2 NPs, due to the neutralisation of the TiO2 negative charges 

by hydrolysed Al3+ when added to the waters. Consequently, the Al hydrolysis product adsorbs 

onto the NPs surface, zeta potential increases and approaches zero. At the optimal coagulant 

dose, nanoparticles are completely destabilised, the surface charge is practically neutral and 

nanoparticles precipitate due to the decrease of the electrostatic repulsion between them (Figure 

3.5). Zhang et al. (2015) showed that in the range of zeta potential between -20 and 20 mV, 

nanoparticles could be destabilised and effectively removed, as observed in this study. As 

coagulant dose increases, the zeta potential also increases and become positive to values higher 

than +20 mV. The overdose of the coagulant induces the re-stabilization of the TiO2 

nanoparticles, becoming nanoparticles surface charge highly positive, as shown for all the 

synthetic waters at the highest coagulant dose tested (Figure 3.5a to Figure 3.5d). The re-

stabilization of the nanoparticles decreases the Ti removal rate due to the excess of the positive 

charges in solution, resulting in lower removal efficiency of TiO2 NPs (Figure 3.5). For the 

natural water (Figure 3.5e), a higher dose of coagulant may be needed to observe this effect of 

coagulant overdosing. Based on the results obtained, the dominant mechanism proposed for 

TiO2 NPs in water with NOM is charge neutralisation, which is in accordance with the 

mechanism proposed by Liu et al. (2012) for the removal of nanoparticles by aluminium based 

coagulants.  

As expected, no significant variation is observed in the pH values with the addition of 

polyaluminium chloride coagulant (Figure A 1, in Appendix A). However, in the hydrophobic 

waters a slight decrease of pH values is observed. As previously investigated (Ribau Teixeira 

et al., 2010; Teixeira and Rosa, 2006) this type of coagulants, due to pre-polymerisation, have 

the ability to minimize the water pH reduction during coagulation process compared to non pre-

polymerised ones. The pre-polymerisation process enhances the charge interaction mechanism 
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of colloid destabilisation as a consequence of the slowing down the hydrolysis of the metal salts 

(Eckenfelder, 2000). As well known the initial water pH has a great effect on the coagulation 

process by Al-based coagulants. Zhang et al. (2015) had shown that with the pH increasing the 

ECR became broader and the nanoparticle removal curves moved to the right. So more 

coagulant dose was consumed to achieve the same removal rate. According to the same authors, 

this resulted from the NPs tendency of aggregate in more acidic conditions, since smaller NPs 

will consume more Al-based coagulant to neutralise their charges. A similar effect was 

observed in the present work (Figure 3.5).  

 

 

a) W1 b) W2 

  
  
c) W3 d) W4 

  
  

Figure 3.5. Variation of Ti removal and zeta potential with coagulant dose for: (a) W1 (pH 4.7±0.1), (b) W2 (pH 

5.9±0.5), (c) W3 (pH 4.3±0.1), (d) W4 (pH 6.3±0.5) and (e) NW (pH 7.6±0.1). 
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e) NW 

 
Figure 3.5 (cont.). Variation of Ti removal and zeta potential with coagulant dose for: (a) W1 (pH 4.7±0.1), 

(b) W2 (pH 5.9±0.5), (c) W3 (pH 4.3±0.1), (d) W4 (pH 6.3±0.5) and (e) NW (pH 7.6±0.1). 

 

 

 

In order to understand the influence of NPs concentration in their removal, additional 

experiments were made using 0.2, 0.5, 1.0 and 5.0 mg/L of TiO2 dispersed in W1 (hydrophilic), 

W4 (hydrophobic) and NW (Figure 3.6). Figure 3.6 shows the removal efficiency of TiO2 NPs 

by C/F/S process for the model waters (W1 and W4) and the natural water (NW) using the 

optimal Al2O3 dose for each water, namely 0.5, 5.5 and 2.0 mg/L Al2O3 for W1, W4 and NW, 

respectively (see Figure 3.5). Results show high removals of Ti (>90%) for all the TiO2 NPs 

concentrations and waters tested, using the optimal coagulant dose. However, a slight decrease 

in the Ti removal can be observed when compared with the results from the experiments made 

with 10 mg/L of TiO2 NPs (Figure 3.5). These could be related to the dose of coagulant used, 

that has been optimised for 10 mg/L of TiO2 NPs. These results indicate that C/F/S process is 

effective for TiO2 NPs removals and that the TiO2 NPs initial concentrations (ranging between 

0.2 and 10 mg/L) do not influence the Ti removal significantly. Once again, these results show 

a clear dependency of the NPs removal on source water characteristics and coagulant dosage, 

since for W4 (hydrophobic water) a higher dose of Al2O3 was applied. 
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Figure 3.6. Ti removals using 0.2, 0.5, 1.0 and 5.0 mg/L of TiO2 NPs for W1, W4 and NW (W1: pH 

4.5±0.1, W4: pH 6.3±0.5, NW: pH 7.5±0.1). 

 

3.3.4. Removal of NOM and turbidity 

Although conventional treatment showed to be efficient in the TiO2 removal, it is important 

to determine if their presence affect the overall water treatment, namely the removal of NOM 

and turbidity. Figure 3.7 shows removal efficiencies of TiO2 NPs compared with the removal 

of NOM related parameters, DOC and UV254nm, and turbidity for the synthetic and natural 

waters.  

 For all the waters studied, the DOC and UV254nm removal are higher in the hydrophobic 

waters (>95% in ECR, Figure 3.7b for W2 and Figure 3.7d for W4) than in the hydrophilic ones 

(<25%, Figure 3.7a, Figure 3.7c and Figure 3.7e for W1, W3 and NW, respectively), showing 

that the hydrophobic fraction of NOM is removed more efficiently than the hydrophilic fraction. 

These results are in accordance with Edzwald and Tobiason (1999) statements: i) in waters with 

SUVA > 4, NOM controls the coagulation process and good DOC removals are achieved, 

usually higher than 50%, since are mostly composed by aquatic humic with high hydrophobicity 

and high molecular mass compounds; ii) in waters with SUVA < 2, NOM has little influence 

in the coagulation process and with poor DOC removals, typically lower than 25%, since are 

mostly non-humics, with low hydrophobicity and low molecular mass compounds. Globally, 

UV254nm is more reduced than DOC in all waters, which suggests that aromatic organic matter 

is removed more efficiently than other NOM fractions. Hydrophobic NOM fraction has a low 

IEP, due to the presence of carboxylic and phenolic groups, which induced high negative 

charges as observed in Figure 3.2b and showed by Sharp et al. (2006a). Actually, due to its 

increased number of anionic binding sites, the hydrophobic NOM is more easily removed by 
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charge neutralisation with cationic aluminium hydrolysis products than the hydrophilic NOM. 

Therefore, the hydrophobic fraction dominates the specific colloidal charge character (Bond et 

al., 2010; Sharp et al., 2006b). Sharp et al. (2006c) identified an operational zeta potential 

window (-10 and +3 mV) where the residual DOC was optimised and stable. These authors also 

concluded that the removal of hydrophobic fractions is most strongly related to the magnitude 

of the coagulation zeta potentials. The DOC and UV254nm results of hydrophobic waters (W2 

and W4) show high removals (>90%) for zeta potential around +10 mV, i.e. for the TiO2 

removal optimised coagulant dose. For negative (~ -30 mV) and positive (~ +30 mV) zeta 

potentials, removals decrease to values lower than 50%. In fact, the DOC and UV254nm, as well 

as turbidity, removal curves accompany the Ti removals for these waters. These findings 

confirm the efficacy of conventional coagulation for the removal of hydrophobic organic 

fractions from the water as already shown by other authors (Jiang, 2015; Joseph et al., 2012; 

Matilainen et al., 2010), but in this case when TiO2 NPs are present in water. The DOC and 

UV254nm removals in hydrophilic waters (W1, W3, NW) are much lower than the ones observed 

in hydrophobic waters. DOC removals vary between 1% and 25%, and UV254nm removals 

between 10% and 60% (Figure 3.7a, Figure 3.7c, Figure 3.7e). Hydrophilic waters present 

weaker acidic groups and low molecular weight compounds and competitive interactions 

between coagulants and NOM are not favoured.  

Turbidity removals are similar to Ti removals (compare Figure 3.5 and Figure 3.7). The 

optimal coagulant dosage for turbidity removal matches with the optimal one for the Ti removal 

for the same waters. However, hydrophobic waters show a higher turbidity removal than 

hydrophilic. This is related to the higher initial turbidity of the hydrophobic waters, due to the 

major concentration of humic acids, which improved removal. 

 The presence of TiO2 NPs could contribute to high removals of NOM and turbidity. This 

improvement could be related directly with the presence of Ti-based nanoparticles, since 

titanium compounds have been recently studied as coagulant for water treatment due to their 

effectiveness in particle, nutrients and organic matter removal (Zhao et al., 2014). Shon et al. 

(2007) showed that titanium salts successfully achieved high organic matter removal to the 

same extent as Al and Fe salts and the formed flocs had better settleability. More recently, Zhao 

et al. (2014) demonstrated that TiCl4 was more effective in the removal of DOC, UV254nm and 

turbidity. Therefore, the coagulation capacities of TiO2 NPs associated with the polyaluminium 

coagulant may have a positive effect on the removal of NOM and turbidity.  
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a) W1 b) W2 

  
  

c) W3 d) W4 

  
  
e) NW 

 

Figure 3.7. DOC, UV254nm and turbidity removal for studied waters with coagulant dose (Ti removal is presented 

for comparison proposes). 
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3.3.5. Water quality – case study 

Despite the results of the TiO2 NPs removals by conventional drinking water treatment, 

C/F/S, it is crucial to ensure that the quality of the final treated water is not affected. Therefore, 

the natural water (NW) was used as a case study. The quality of the NW treated by C/F/S is 

compared with Portuguese national guidelines for drinking water (turbidity, pH, conductivity 

and aluminium) (Portuguese Government, 2007) and with the Alcantarilha WTP treated water 

for the same season (Figure 3.8a to Figure 3.8e). Since there is not a parametric value for DOC 

in drinking water, the WTP treated water value is used for comparison purpose (Figure 3.8d). 

For the titanium, the values in the NW treated by C/F/S are compared with the Chinese national 

guideline for drinking water (Sharma, 2015), since no other guidelines were found (Figure 3.8f).  

As can be seen in Figure 3.8a, turbidity in treated water (4.85 NTU) for the optimal dose 

for Ti removal (2.0 mg Al2O3/L) is higher than the value measured in treated water by WTP 

(0.20 NTU). However, the WTP value is measured at the end of the treatment line, after 

filtration, and not after C/F/S process. Even so, this value is just slightly higher than the 

guideline for turbidity (4.0 NTU), also applied to final treated water, so it can be concluded that 

the removal of TiO2 NPs did not affect negatively the overall removal of turbidity in drinking 

water treatment process.  

For pH and conductivity (Figure 3.8b and Figure 3.8c), no significant variations are 

observed even at higher coagulant doses. At optimal coagulant dose, pH value (7.6) is similar 

to WTP treated water (pH = 7.8) and within the guidelines range. Conductivity (184 µS/cm) in 

treated water is much lower than the guideline (2500 µS/cm) and lower than WTP treated water 

(280 µS/cm), for this time of the year, which could be related with the low coagulant 

concentration used in the C/F/S experiments. 

DOC values in treated water show that the optimal coagulant dose for Ti removal, DOC is 

lower than the values of the Alcantarilha WTP treated water, whereby the removal of TiO2 NPs 

does not affect negatively the removal of NOM during the C/F/S process (Figure 3.8d).  

This work used an aluminium-based coagulant, so it is essential to access the Al residual 

concentration in the water after C/F/S process, due to the harmful impacts associated to 

aluminium ingestion (Bondy, 2010; Flaten, 2001). The Portuguese national parametric value is 

200 g Al/L in the treated water, corresponding to the maximum level of Al in drinking water 

recommended by the World Health Organization (WHO). Figure 3.8e shows the concentration 

of Al in the water after C/F/S is always below the guideline, for the coagulant doses tested. For 

the optimal Ti removal coagulant dose (Ti removal ~99%), the Al residual (120 g/L) was 40% 
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below the limit, which indicates the Al residual concentration is already acceptable after the 

C/F/S. The mean value of residual Al in the WTP was about 90 g/L, however and once again 

this value is measured in the final treated water after all the treatment processes.  

Finally, Figure 3.8f shows the Ti concentration in treated water after C/F/S. As expected, 

the optimal coagulant dose (2.0 mg Al2O3/L) corresponds to the lowest concentration of Ti in 

water (26.7 µg/L). This value is below the guideline value found for titanium in drinking water, 

which indicates that C/F/S could be a good option for eliminating TiO2 NPs from the water. 

 

 

a) W1 b) W2 

  
  

c) W3 d) W4 

  
  

Figure 3.8. Water quality parameters: (a) turbidity, (b) pH, (c) conductivity, (d) DOC, (e) aluminium 

concentration and (f) titanium concentration for the natural water (NW) after the C/F/S experiments. The grey 

columns represent the optimal Al2O3 dose for the removal of Ti (values presented as mean, standard deviations 

(n=6) are shown by the error bars). The solid line represents the Portuguese national guidelines (except for 

titanium that represents the Chinese national guideline) for drinking water. The dashed line represents the WTP 

final treated water values. 
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e) NW f)  

  
Figure 3.8 (cont.). Water quality parameters: (a) turbidity, (b) pH, (c) conductivity, (d) DOC, (e) aluminium 

concentration and (f) titanium concentration for the natural water (NW) after the C/F/S experiments. The grey 

columns represent the optimal Al2O3 dose for the removal of Ti (values presented as mean, standard deviations 

(n=6) are shown by the error bars). The solid line represents the Portuguese national guidelines (except for 

titanium that represents the Chinese national guideline) for drinking water. The dashed line represents the WTP 

final treated water values. 

 

 

3.4. Conclusions 

This work demonstrates that it is possible to remove TiO2 NPs from surface water, using 

conventional treatment C/F/S. Widely used polyaluminium based coagulants are effective in 

the removal of TiO2 NPs to values higher than 95%, without affecting the removal of NOM. 

High removals of TiO2 NPs are obtained independently the NOM type and concentration but is 

strongly influenced by the water characteristics. Hydrophobic waters need more coagulant to 

achieve similar Ti removals, whereas hydrophilic waters achieved high removal with lower 

coagulant doses. For the same DOC concentration, among hydrophilic/hydrophobic waters, 

higher UV254nm values need more coagulant dose to achieve similar Ti removals. Results also 

demonstrate that the principal mechanism involved in TiO2 NPs removal is charge 

neutralisation for surface waters with different type/concentration of NOM. 

Finally, the removal of TiO2 NPs by C/F/S from natural water does not compromise the 

quality of the final treated water, with all the quality parameters below the national and 

international guidelines, namely turbidity, Ti and Al concentrations, pH and conductivity. 
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Chapter 4  

Simultaneous Removal of Different 

Metal-based Engineered Nanoparticles 

from Surface Waters by Conventional 

Treatment: A Shift from Single to 

Multiple Nanoparticles Control 
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Serrão Sousa, V., Ribau Teixeira, M. Simultaneous removal of different metal-based 

engineered nanoparticles from surface waters by conventional treatment: a shift from single to 

multiple nanoparticles control. Submitted to Journal of Cleaner Production in December 2019.   
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ABSTRACT 

Some engineered nanoparticles (ENPs), such as TiO2, Ag and CuO NPs, are widely used 

in industrial products and consumer goods due to their physicochemical and antimicrobial 

properties. As a result of their wide application, these ENPs may be present in natural surface 

water systems or wastewater treatment plants and, therefore, be a hazard to human health 

specially if they occur in surface waters used for human consumption. In this work, the 

efficiency of conventional coagulation/ flocculation/ sedimentation (C/F/S) processes to 

remove a mixture of ENPs from drinking water sources was assessed. Thus, the novelty of the 

present study is the evaluation of the simultaneous removal of different co-existing ENPs from 

natural surface waters. Results showed that C/F/S is effective to remove co-existing ENPs from 

the studied hydrophilic natural waters (low and medium turbidities and moderate and moderate-

high NOM content) with efficiencies above 93% for TiO2, Ag and CuO NPs. The negative 

charge of the metal-ENPs in natural waters with NOM was destabilised through neutralisation 

by hydrolysed Al3+ coagulant, promoting ENPs precipitation. Higher ENPs removals were 

found for the natural water with the highest turbidity, due to the increase in the collision 

frequency of particles. In addition, the coagulant dose optimised for single ENPs is still 

effective in the simultaneous removal of ENPs in the mixture. Results also demonstrated that 

ENPs did not hamper the quality of the water treated by C/F/S for turbidity and NOM. For the 

lowest turbidity and NOM content studied water, ENPs appear to contribute to higher removal 

of these parameters. 
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4.1. Introduction 

Over the past decades, widespread nanotechnologically-enabled materials have raised 

concerns about environmental protection, industrial and municipal wastewater treatment, and 

drinking water production (Nowack and Bucheli, 2007). These compounds or products are 

widely applied in distinct areas such as medicine, pharmaceutics, cosmetics, textiles, 

agriculture, energy, electronics or environment (Chekli et al., 2015; Dwivedi et al., 2015), due 

to their tailoring potential for specific applications (Prajitha et al., 2019). However, waste 

streams, discharges of inadequately treated wastewaters, runoff, and releases from 

contaminated sludge placed in landfills, applied as fertiliser or dumped in aquatic environments, 

are important causes of surface water contamination by engineered nanoparticles (ENPs) 

(Baalousha et al., 2016; Park et al., 2017). With an estimated value for produced/imported ENPs 

(or ENPs-containing products) around 1,615,000 t only in European Union (Ricardo Energy & 

Environment et al., 2016) and with forecasts predicting a continuous growth of engineered 

nanomaterials (ENMs) production, the volume and diversity of nanoparticles released into 

surface waters will increase (Giese et al., 2018; Nowack et al., 2016). ENPs have already been 

detected in drinking water sources and even in tap water at concentrations in the ng/L to µg/L 

range making it a potential route for humans (Donovan et al., 2016; Peters et al., 2018; Yang 

and Westerhoff, 2014). ENPs appellative properties, such as the large surface area to volume 

ratio and small size, provide unique materials with new applications compared to the 

corresponding bulk materials. However, these same properties may also result in the 

enhancement of the bioavailability, increasing their toxicity and becoming a threat not only for 

the well-being of the aquatic organisms but also to the security of sources used for drinking 

water production (Casals et al., 2008; Cupaioli et al., 2014; Klaine et al., 2008; Tosco and Sethi, 

2018). The ingestion of ENPs trough drinking water may pose a direct hazard to human health 

or an indirect risk due to the release of trace metal ions (Abbott Chalew et al., 2013). Exposure 

to ingested metal ENPs or metal ions released can result in adverse effects, such as kidney 

damage, increased blood pressure, gastrointestinal inflammation, neurological damage and 

cancerous implications (Kavcar et al., 2009; Missaoui et al., 2018; Vahter et al., 2002). 

Therefore, the presence of ENPs in raw waters raises the question of whether current 

drinking water treatment plants (DWTPs) are prepared to handle this problem, being imperative 

to evaluate their removal effectiveness. Conventional coagulation/flocculation/sedimentation 

(C/F/S) is an important water treatment process dedicated to removing small particles, 

suspended solids, natural organic matter (NOM), microorganisms/pathogens and some 
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inorganic compounds. Thus, it may also be a valuable process to remove nanoparticles. Some 

studies already investigated the removal of ZnO, Ag and TiO2 ENPs by conventional C/F/S 

treatment applying aluminium and iron-based coagulants to different types of contaminated 

waters Sun et al. (2013), Abbott Chalew et al. (2013), Honda et al. (2014), Kinsinger et al. 

(2015) and Serrão Sousa et al. (2017)). Although some ENPs removals had been observed in 

the referred studies, efficiency rates showed high variability. Removals for TiO2 ENPs ranged 

approximately between 32 and 99% (Abbott Chalew et al., 2013; Honda et al., 2014; Kinsinger 

et al., 2015; Serrão Sousa et al., 2017), Ag ENPs from approximately 79 to 99% (Abbott Chalew 

et al., 2013; Sun et al., 2013) and ZnO ENPs between 0.46 and 51.7% (Abbott Chalew et al., 

2013). The results also demonstrated that ENPs removals by C/F/S depend largely on the type 

of ENP, the dosage and type of coagulant/flocculant, and the water matrix, but little is known 

about the removal mechanisms. Moreover, those studies were conducted mainly with synthetic 

waters and the experiments were only performed with each ENPs individually. 

In a previous study, Serrão Sousa et al. (2017) already showed that it is possible to remove 

TiO2 ENPs from synthetic and natural surface water (removals higher than 90%) using C/F/S 

treatment. It was also demonstrated that high removals of Ti were obtained, independently of 

the initial TiO2 NPs concentration (ranging from 0.2 to 10 mg/L). The present study pretends 

to evaluate if C/F/S treatment is also efficient in the simultaneous removal of multiple ENPs 

dispersed in natural surface waters since in natural aquatic systems different ENPs co-exist. To 

my best knowledge, this has never been assessed. Thus, the aims of this study are: (1) evaluate 

the efficiency of simultaneous removal of co-existing ENPs in natural waters by C/F/S, (2) 

understand the ENPs removal behaviours and mechanisms by multiple ENPs control (3) assess 

the water quality parameters that may affect or be affected by the ENPs removal during C/F/S, 

mainly turbidity and NOM, and (4) explore the C/F/S overall performance in the presence of 

ENPs. Three different commercial metal-based ENPs were tested (Ag, TiO2 and CuO NPs) and 

two natural waters from Portuguese dams (Alentejo and Algarve regions) currently used to 

public supply were chosen based on the difference between their turbidity and NOM. 

 

 

 

 

 

 



79 

 

4.2. Materials and methods 

4.2.1. Natural water samples 

Surface waters were collected from two different dams in Alentejo and Algarve regions 

(Portugal), currently used to the public water supply. The characteristics of the two waters used 

are presented in Table 4.1.  

 

Table 4.1. Characteristics of the natural waters used in the experiments (values presented as mean ± standard 

deviation, n=6). 

Water 
Sampling 

local 

DOC 

(mgC/L) 

UV254 

(1/cm) 

SUVA254 

(L/(m.mg)) 

Turbidity 

(NTU) 

Conductivity 

(µS/cm) 

pH 

(25ºC) 

NW1 Algarve 2.16±0.29 0.046±0.002 2.10±0.09 1.91±0.36 206±3 7.3±0.1 

NW2 Alentejo 4.01±0.03 0.088±0.001 2.19±0.04 63.33± 5.37 357±0 7.8±0.1 

 

 

4.2.2. Characterisation of the metal-based ENPs 

Commercially available titanium dioxide (LOT#02527PH), silver (LOT#MKBH2895V) 

and copper oxide (LOT#02005PH) nanopowders from Sigma-Aldrich were used (Table 4.2). 

 

Table 4.2. Metal-based nanoparticles characteristics used in the experiments. 

Nanoparticle 

Average 

diameter  

(nm) 

Particle sized,f 

(nm) 

Molecular weightf 

(g/mol) 

Surface areaf 

(m2/g) 

Purityf,g 

(%) 

TiO2 74.0±0.0a,d 
< 100 79.87 46.3 99.5 

Ag 41.7±1.1b,e 
< 100 107.87 5.0 99.5 

CuO 33.0±2.6c,e 
< 50 79.55 29.0 99.5 

a Allouni et al. (2012). 
b Serrão Sousa and Ribau Teixeira (2015). 
c Serrão Sousa and Ribau Teixeira (2013). 
d Determined by Brunauer Emmett Teller (BET) method. 
e Determined by transmission electron microscopy (TEM). 
f According to supplier information. 
g Trace metals basis. 
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Nanoparticles were characterised individually without any purification for hydrodynamic 

diameter (HD) and zeta potential (ZP) in natural waters. They were dispersed in the waters and 

sonicated using a bath sonicator (USC500TH, VWR International) for 20 min. The sonication 

time was set after several optimisation experiments. This procedure was applied to all 

characterisation measurements. The HD and ZP of ENPs were determined by dynamic light 

scattering (DLS) and electrophoretic light scattering (ELS), respectively, using a Zetasizer 

Nano ZS analyser (Malvern Instruments Inc., UK), as previously described (Serrão Sousa and 

Ribau Teixeira, 2013). NPs concentration was set at 10 mg/L to ensure the quality of 

measurements, especially in DLS and as suggested by the equipment supplier. At least, three 

measurements with 50-100 runs were made for each replicate (3 per sample) to guarantee the 

quality of the analyses. More detailed information about characterisation of the same ENPs, 

namely the HD and ZP variation with pH, ionic strength, and nature and concentration of NOM, 

as well as the sedimentation rate were published in previous works (Serrão Sousa et al., 2017; 

Serrão Sousa and Ribau Teixeira, 2013; Serrão Sousa and Teixeira, 2015).  

 

4.2.3. Experimental setup and procedure 

C/F/S lab-scale experiments were performed in a jar-test unit to simulate the conventional 

process typically used in DWTPs. The jar-test experiments were carried out in a four paddles 

unit (Flocumatic, Selecta, Spain) using 800 mL/sample and at controlled room temperature 

(21±1 °C). Experimental procedure comprised: (a) coagulation at a velocity gradient (G) of 743 

s-1 (200 rpm) for 2 min; (b) flocculation at G of 24 s-1 (20 rpm) for 20 min; (c) sedimentation 

for 30 min without any mixing. Mixing speed and time were set based on the typical operating 

conditions for C/F/S in DWT. Prior to coagulant addition, NPs suspensions were sonicated as 

described above, placed into 1000 mL jars and stirred for approximately 1 min. Then, the 

coagulant was added to the jars immediately after the start of the rapid mixture. After 

sedimentation, aliquots of 200 mL of the supernatant were sampled using a volumetric glass 

pipette from the mid-depth of water column for further analysis.  

A commercial polyaluminium chloride coagulant/flocculant (WAC® from Elf Atochem, 

France), commonly applied to the real context water industry, with 60-70% relative basicity 

(stock solution with 850 mg/L Al2O3) was used in the experiments. Optimal coagulant dosage 

was determined by carrying out a series of C/F/S tests with incremental increases in the 

coagulant dose (between 0 and 5 mg/L Al2O3 for NW1 and 0 and 30 mg/L Al2O3 for NW2), 
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with 1 mg/L of ENP (TiO2, Ag and CuO) individually. The optimal dose was established as the 

lowest dose corresponding to over 90% removal of individual Ti, Ag and Cu, which was then 

used for the experiments with the ENPs mixture with a total concentration of 1 mg/L of 

nanoparticles (ratio 1:1:1). A higher coagulant dose was also tested in the latter experiments. 

For the same conditions, a C/F/S controlled trial was carried out where no coagulant was added 

(0.0 mg/L Al2O3). Replicates of all the experiments were also performed. 

 

4.2.4. Analytical methods 

Samples were analysed for NOM by measuring dissolved organic carbon (DOC) 

(Shimadzu TOC 5000A analyser, 50 ppb-4000 ppm) and UV absorbance at 254nm (UV254) 

(Beckman DU 640B, UV/VIS spectrophotometer), for turbidity (HACH 2100N turbidity meter 

of high resolution, 0.001 NTU), pH (at 25 °C, Whatman WTW pH340 m) and conductivity 

(Crison GLP32 conductimeter), using standard methods of analysis (Eaton et al., 2005b). 

Titanium, silver and copper concentrations in bulk and treated waters and aluminium in treated 

water were determined by atomic absorption spectrometry (AAS AAnalyst 800, PerkineElmer, 

detection limit: 0.350 µg/L), after acid digestion with 2% nitric acid (HNO3). Ti, Ag, Cu and 

Al were analysed by graphite furnace using standard methods (Eaton et al., 2005a). The 

accuracy of the analytical procedure was assessed by the injection of Ti, Ag, Cu and Al 

standards at the beginning of sample quantification and every ten samples. 

 

4.2.5. Statistical analysis 

Linear regression analysis was performed using XLSTAT add-in for Microsoft Excel to 

determine the Pearson’s correlations between ENPs removal and turbidity, UV254 and DOC 

removals. The linear coefficient (R), p-value, and equation were obtained.  
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4.3. Results and discussion 

4.3.1. Natural waters and nanoparticle characterisation 

The characteristics of the natural waters used in the C/F/S experiments are presented in 

Table 4.1. These waters were chosen first because they come from dams currently used to 

produce water for human consumption and secondly because they have different turbidities 

(low and medium turbidity, respectively 1.91±0.36 NTU (NW1) and 63.33±5.37 NTU (NW2)) 

and NOM. According to EPA (1999) classification, water is moderate in DOC concentration if 

its concentration varies between 2.0 and 4.0 mg C/L and moderate-high if its concentration 

varies between 4.0 and 8.0 mg C/L. Based on this classification, NW1 is a moderate DOC 

concentration water (2.16±0.29 mg C/L), while NW2 is a moderate-high DOC concentration 

water (4.01±0.03 mg C/L). For SUVA254 values (specific ultraviolet absorbance, determined by 

normalising the absorbance at 254 nm with DOC, and presented in L/(m.mg)) both waters are 

classified as hydrophilic since SUVA254 is below 3 (Edzwald and Van Benschoten, 1990) 

(SUVA254 values are 2.10±0.09 and 2.19±0.04 L/(m.mg) for NW1 and NW2, respectively). 

According to Matilainen et al. (2010)  and Edzwald and Van Benschoten (1990) classification, 

waters with SUVA values between 2 and 4 present a mixture of aquatic humics, a mixture of 

hydrophobic and hydrophilic NOM and a mixture of molecular weights. Since in this study, the 

natural waters used present SUVA values close to 2, hydrophilic and non-humic NOM with 

low molecular weight and low aromaticity prevails in the mixture.  

According to supplier information, ENPs individual diameter is <100 nm for TiO2 and Ag, 

and <50 nm for CuO (Table 4.2). Based on previous studies that characterised the same NPs, 

TiO2 NPs individual diameter is around 74 nm (Allouni et al., 2012), Ag NPs is 41.7±1.1 nm 

(Serrão Sousa and Ribau Teixeira, 2015) and CuO NPs is 33.0±2.6 nm (Serrão Sousa and Ribau 

Teixeira, 2013) (Table 4.2). Figure 4.1 shows the variation of ZP and HD for TiO2, Ag and 

CuO ENPs in the studied waters. Comparing the HD values of the three nanoparticles in Figure 

4.1 with the values presented in Table 4.2, it is observed that when dispersed in water, ENPs 

showed a HD larger than the individual size, which indicates the formation of aggregates due 

to interaction between nanoparticles and with the surrounding solution that promotes 

nanoparticles aggregation (Jiang, 2015). Aggregation can be distinguished between homo-

aggregation and hetero-aggregation. Homo-aggregation occurs due to the interaction between 

the same NPs, and hetero-aggregation is due interactions between NPs and the mixture of 

components present in the natural waters, such as NOM (Hotze et al., 2010; Lowry et al., 2012; 
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Quik et al., 2012). Following DLVO (Derjaguin-Landau-Verwey-Overbeek) theory, 

aggregation in aqueous dispersions mainly results from the combination of van der Waals 

attraction and electrostatic repulsion due to the electric double layer of the counterions (Loosli 

et al., 2015; Peijnenburg et al., 2015). However, interactions such as hydration forces, magnetic 

and hydrophobic interactions (not DLVO theory interactions), also contribute significantly to 

the aggregation process (Dwivedi et al., 2015; Sendra et al., 2017). 

As already referred, NOM has an essential role in the aggregation and stability of ENPs in 

water. However, the understanding of the exact effect of NOM is a challenge, which is 

ubiquitous in natural waters (Amde et al., 2017). Even though, it is certain that NOM adsorbs 

to the surfaces of the nanoparticles, imparting negative charge and providing charge and steric 

stabilisation (Amde et al., 2017; Loosli et al., 2019; Sendra et al., 2017) (Figure 4.1). According 

to Ottofuelling et al. (2011), NOM may reduce or neutralise the positive charge of metal oxides 

surfaces, or even induce a reversal of charge from positive to negative at sufficient NOM 

concentration. The latter effect was observed for the CuO ENPs since these nanoparticles have 

a pH point of zero charge (pHPZC) around pH 10 (Serrão Sousa and Ribau Teixeira, 2013). At 

pHPZC, higher aggregates are expected since particles are unstable with little or no charge, so 

repulsive forces between nanoparticles are weaker, which implies that each collision between 

primary nanoparticles and aggregates causes particles adherence (Baalousha, 2009). At pH 

below pHPZC, as the pH of NW1 and NW2 (Table 4.1), CuO ENPs are positively charged and 

stable. However, when dispersed in the natural waters the ZP shifted and became negative, -

18.8±3.4 mV for NW1 and -34.9±3.4 mV for NW2 (Figure 4.1). The negatively charged NOM 

neutralises the positive charge of CuO nanoparticles, favouring the adsorption of organic matter 

onto the nanoparticle surfaces. Although the increasing of NOM content (from NW1 to NW2) 

imparts more negativity to surface charge of CuO ENPs, HD remains practically unchanged 

(400.1±16.2 nm for NW1 and 381.0±17.5 nm for NW2, Figure 4.1), possibly because the of 

the already installed surface coating layer of NOM on the CuO particles (Amde et al., 2017; 

Yang et al., 2017). This surface coating increases the effect of steric stabilisation in addition to 

the effect on surface charge that governs particle interactions in aqueous media causing the 

particle-particle repulsion (Amde et al., 2017; Phenrat et al., 2007). Unlike the ENPs of CuO 

and TiO2, Ag were negatively charged at the pH of the natural water (around pH 7) (Serrão 

Sousa et al., 2017; Serrão Sousa and Ribau Teixeira, 2015). TiO2 ENPs pHPZC is around 5.4 

and above this pH these nanoparticles are negatively charged (Serrão Sousa et al., 2017). When 

dispersed in natural waters, in the presence of the negatively charged NOM, the surface charge 
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remains negative, resulting in ZPs between approximately -22 mV (NW1) and -28 mV (NW2), 

and HDs of around 390 nm (NW1) and 348 nm (NW2) (Figure 4.1). Similar results were 

reported by Ottofuelling et al. (2011) and Zhang et al. (2009). At DOC concentrations above 

0.4 mg C/L and pH above pHPZC, the organic matter stabilised the TiO2 nanoparticles in 

suspension, the NPs were covered with organic matter, resulting in zeta potentials around -20 

mV. Despite the increase of NOM from NW1 to NW2, ZP and HD remained practically 

unchanged, possibly due to the already installed surface coating layer of NOM onto TiO2 

nanoparticles, which promotes the effect of steric stabilisation. The Ag ENPs pHPZC is most 

likely at pH values under 2.6, as demonstrated in previous work (Serrão Sousa and Teixeira, 

2015) and also reported by Elzey and Grassian, (2010). Therefore, when dispersed in the studied 

natural waters, these ENPs were more negatively charged than the TiO2, with ZP about -40 mV 

(NW1) and -43 mV (NW2) and HD around 202 nm (NW1) and 195 nm (NW2) (Figure 4.1). 

The same stabilisation trend observed for TiO2 ENPs was also observed for Ag ENPs (Figure 

4.1).  

 

 

 

Figure 4.1. Hydrodynamic diameter (HD) and zeta potential (ZP) of TiO2, Ag and CuO NPs in the studied 
natural waters (pH 7.3 ± 0.1 for NW1 and 7.8 ± 0.1 for NW2; HD and ZP values presented as mean standard 

deviations (n=6) are shown by the error bars). 
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4.3.2. Engineered nanoparticles removal 

Figure 4.2 shows the ENPs efficiency removals by C/F/S in natural waters (NW1 and NW2) 

using different coagulant doses for the experiments with single and multiple ENPs.  

Ti, Ag and Cu show an increase in removal efficiencies with the increase of coagulant dose 

for both waters. Ti, Ag and Cu present some removals without the addition of coagulant (around 

25% and 37% for NW1 and 48% and 53% for NW2, Figure 4.2), due to the high aggregate’s 

size formed when ENPs are dispersed in the natural waters (Figure 4.1). These results 

demonstrate that these aggregates have good settleability which favours the removal of 

nanoparticles by C/F/S process. The differences between ENPs removals are due to their 

specific properties, since nanoparticle type affects the deposition behaviour, and deposition 

process is likely determined by a combination between ENPs properties and physicochemical 

characteristics of the medium (Amde et al., 2017). The removal efficiencies increase with the 

coagulant concentration until a plateau is reached, and no significant variations are observed in 

the ENPs removal rates (Figure 4.2). This plateau is achieved at 3.0 mg/L Al2O3 (NW1), and 

15.0 mg/L Al2O3 (NW2), corresponding to the optimal coagulant doses. For NW1, the plateau 

remains for the coagulant doses tested. For NW2, the plateau remains until 20.0 mg/L A2O3, 

afterwards the removal starts to decrease (Figure 4.2). As observed in ENPs ZP values (Figure 

4.1), the three nanoparticles are negatively charged (between -19 and -40 mV in NW1 and -28 

and -43 mV in NW2) at the beginning of the experiment. The addition of the positively charged 

commercial coagulant (polyaluminium chloride WAC®) to the natural waters induces the ENPs 

destabilisation through neutralisation of negative charges by hydrolysed Al3+. Consequently, 

ZP increases and approaches zero as shown in Table 4.3. At the optimal coagulant dose, ENPs 

are destabilised with surface charge close to zero promoting their precipitation due to the 

decrease of the electrostatic repulsion between them (Zhang et al., 2015). Zhang et al. (2015) 

showed that, in the range of ZP between -20 and 20 mV, nanoparticles could be destabilised 

and effectively removed, as observed in this study. These results indicate that the major 

mechanism acting in the removal of these ENPs is charge neutralisation, as already 

demonstrated in a previous study (Serrão Sousa et al., 2017) and in accordance to Abbott 

Chalew et al. (2013) and Liu et al. (2012). With the increase in the coagulant dose, the ZP 

become more positive (Table 4.3), which can induce the re-stabilization of ENPs and the 

consequent decrease in the removal rate, due to the excess of positive charges as observed for 

25.0-30.0 mg/L Al2O3 in NW2. The higher ENPs removals found in NW2 could also be related 
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to higher particulate content (higher turbidity) that increases the collision frequency of particles, 

enhancing coagulation (Sun et al., 2019).  

Results also show there is no need to increase coagulant dose in the ENPs mixture within 

the same water, since the optimal coagulant doses of 3.0 mg Al2O3/L for NW1 and 15.0 mg 

Al2O3/L for NW2, based on the individual ENPs experiments, are highly effective to remove 

the ENPs mixture (Figure 4.2, Figure 4.3.a1 and Figure 4.3.b1). Regarding the ENPs residual 

concentrations in NW1 at 3.0 mgAl2O3/L, 6.5±2.1 µg/L, 15.0±1.4 µg/L and 18.8±8.8 µg/L of 

Ti, Ag and Cu, respectively (Figure 4.3.a1 and Figure 4.3.a2), Ti presents the lowest value, 

which can be related to the titanium properties that have been shown to be effective in particle, 

nutrients and organic matter removals (Zhao et al., 2014). In NW2 at 15.0 mgAl2O3/L, the 

residual Cu concentration is the lowest (2.5±0.7 µg/L, 6.0±1.4 µg/L and 0.5±0.1 µ/L of Ti, Ag 

and Cu, respectively, Figure 4.3.b1 and Figure 4.3.b2), and the Ti effect is not observed possibly 

due to the water characteristics, namely moderate-high DOC water with medium turbidity 

(Table 4.1). Although both waters are hydrophilic, the differences between their characteristics 

play an important role on the coagulant demand, on the overall performance of C/F/S process 

and consequently on the ENPs removal (Abbott Chalew et al., 2013; Honda et al., 2014; 

Kinsinger et al., 2015; Serrão Sousa et al., 2017; Sun et al., 2013). For the 4.0 mg/L (NW1) and 

20 mg/L Al2O3 (NW2), the ENPs residual concentrations are also low, with similar values to 

those obtained for the optimal coagulant dose (Figure 4.3.a1 and Figure 4.3.b1), which indicates 

that the coagulant dose can be increased if necessary to improve the removal of other 

contaminants or naturally occurring substances in surface waters. Therefore, the high removals 

obtained for Ti, Ag and Cu in the mixture (above 93%) and the single (above 90%) ENPs 

experiments for both studied waters (Figure 4.2) demonstrate that C/F/S is efficient in the 

simultaneous removal of TiO2, Ag and CuO ENPs from hydrophilic surface waters. 
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a) NW1 b) NW2 

  

 

Figure 4.2. Variation of Ti, Ag and Cu removals with coagulant dose for: (a) NW1 and (b) NW2. Experiments 

performed with the mixture (Mix) and each nanoparticle individually (Ti, Ag and Cu removals presented as 

mean, standard deviations (n=6) are shown by the error bars). 

 

Table 4.3. Variation of ENPs zeta potential with selected coagulant doses for NW1 and NW2, in single ENPs 

experiments (ZP values presented as mean ± standard deviation, n=6). 

 

 
Al2O3 

(mg/L) 

Zeta Potential (mV) 

 Ti Ag Cu 

NW1 
3.0 11.2±1.5 9.1±1.4 15.0±2.2 

4.0 12.9±1.8 10.7±0.7 17.3±2.6 

NW2 
15.0 12.5±1.7 13.8±1.5 9.9±2.2 

20.0 18.8±1.2 15.9±2.1 12.4±3.3 

 

a) NW1  

a1. a2.  

  
  

Figure 4.3. Variation of (1) ENPs residual concentration and (2) ENPs ratio with coagulant dose for: (a) NW1 

and (b) NW2. Experiments performed with ENPs mixture (Ti, Ag and Cu concentrations presented as mean, 

standard deviations (n=6) are shown by the error bars). 
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b) NW2  

b1.  b2. 

  

 
Figure 4.3 (cont.). Variation of (1) ENPs residual concentration and (2) ENPs ratio with coagulant dose for: (a) 

NW1 and (b) NW2. Experiments performed with ENPs mixture (Ti, Ag and Cu concentrations presented as 

mean, standard deviations (n=6) are shown by the error bars). 

 

4.3.3. Turbidity and NOM removal  

ENPs results show that C/F/S is a good option for the simultaneous ENPs removal from 

natural waters. However, from the drinking water treatment point of view, it is imperative to 

evaluate if the presence of ENPs affects the overall performance of the processes and the treated 

water quality. It is also essential to explore the relation between the ENPs and turbidity and 

NOM removal, to verify if the coagulant dose can be optimised for the ENPs removal without 

hampering the removal of other target compounds. Therefore, Figure 4.4 shows the removal 

efficiencies of turbidity, DOC and UV254 absorbance and Figure 4.5 the correlation between the 

ENPs removal efficiencies and the turbidity, DOC and UV254 removal efficiencies. Table 4.4 

presents the treated water quality for turbidity, DOC, UV254 absorbance, pH, conductivity and 

aluminium concentration for the studied natural waters after the C/F/S treatment. 

The turbidity removal efficiency was very high despite the presence of single or multiple 

ENPs in both studied waters (Figure 4.4). Moreover, turbidity removal trend is similar to the 

ENPs removal (Figure 4.2) for single and mixture experiments independently of the water. The 

presence of ENPs does not appear to negatively affect turbidity removal. Indeed, in NW1 the 

presence of ENPs, especially TiO2, seems to have a positive impact on turbidity removal, 

despite the highest turbidity removal observed without ENPs (90.1±5.4%) at the Al2O3 

concentration of 2.0 mg/L (Figure 4.4.a1). As already mentioned, the presence of Ti-based 

nanoparticles can contribute to high removals of turbidity, nutrients and organic matter due to 
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the titanium coagulation capacities (Shon et al., 2007; Zhao et al., 2014). When ENPs are 

present, higher coagulant doses are needed due to the turbidity increase related to the addition 

of the ENPs to the natural waters (Figure 4.4.a1). In the NW2 neither the Ti effect on the 

turbidity removal nor the higher coagulant demand are observed in the presence of ENPs 

(Figure 4.4.a2), most likely due to the water characteristics, namely the high turbidity overlaps 

those effects. At higher particulate matter content (higher turbidity), greater coagulant doses 

can promote the enmeshment of the particles by “sweep flocculation” in a mass of amorphous 

Al-based coagulant, improving turbidity removal (Sun et al., 2019), which could also be 

observed in NW2. In addition, Sun et al. (2019) concluded that in a nanoparticle system, charge 

neutralisation was the main mechanism for turbidity removal for low alum concentrations and 

sweep flocculation for high alum doses. Similarly, the removal of ENPs from NW2 could also 

involve the “sweep flocculation” mechanism. However, further experiments are necessary to 

fully understand the presence of this mechanism. Nevertheless, at the selected coagulant doses 

of 3.0 mg/L Al2O3 (NW1) and 15.0 mg/L Al2O3 (NW2) for ENPs removal, the turbidity removal 

efficiencies are very high, around 89.0-93.1% (NW1, Figure 4.4.a1) and 98.6-99.9% (NW2, 

Figure 4.4.a2). Similarly, to the ENPs removal, higher doses of coagulant are not necessary to 

the turbidity removal in the multiple ENPs experiments (Figure 4.4a).   

The mixture of ENPs does not show a significant impact on the DOC removals for both 

waters (Figure 4.4b). Indeed, no significant variations are observed for DOC removals in 

experiments without ENPs, single ENPs and mixture ENPs. However, the DOC removals 

increase with the increase of the coagulant dose, as shown in Figure 4.4.b1 and Figure 4.4.b2. 

A similar trend is observed for the UV254 absorbance removal efficiencies (Figure 4.4c). For 

the optimal coagulant dose, the NOM removals efficiencies range between 21-23% for DOC 

(Figure 4.4.b1) and 36-42% for UV254 (Figure 4.4.c1) in NW1. In NW2, removals vary between 

33-38% for DOC (Figure 4.4.b2) and 50-54% for UV254 (Figure 4.4.c2.). The DOC and UV254 

removal efficiencies are higher in NW2 than in NW1, since more coagulant was applied in the 

former. This is related to the negatively NOM charges in natural waters that induce the need 

for higher coagulant doses to charge neutralisation. In fact, the increase in coagulant dose in 

NW1 and NW2 is always followed by an increase in the DOC and UV254 absorbance removals, 

as also demonstrated by Clavier et al. (2019). Therefore, despite the presence of ENPs, DOC 

efficiencies removals are within an acceptable range of values for coagulation. According to 

Matilainen et al. (2010), in waters with SUVA between 2 and 4 L/(m.mg), DOC removals by 

Al-based coagulation ranged between 25 and 50%. This indicates that the optimal coagulant 
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doses achieved based on ENPs removal are suitable for the removal of NOM.  Globally, UV254 

presents higher removals than DOC in both waters, suggesting that aromatic organic matter is 

more efficiently removed.  

The studied linear relationship between turbidity, UV254 and DOC and ENPs removal 

shows strong significant correlations between them with 0.8 < R  1.0 (p-values <0.05, Figure 

4.5). These high correlations corroborate that ENPs form aggregates with NOM and particulate 

matter during coagulation and are removed together as a complex. For NW1 (Figure 4.5a), a 

slightly higher correlation between ENPs and turbidity is observed. However, in NW2, the 

strongest correlation is observed for ENPs and UV254 removals, which can be related to the 

content of aromatic compounds present in this water.  The high correlations between the ENPs 

removal and these target compounds also demonstrate that the coagulant optimisation based on 

the ENPs removal does not have a negative impact on the overall performance of C/F/S.  

 

 

 

a) Turbidity  

a1. NW1 a2. NW2 

  
  

Figure 4.4. Turbidity (a), DOC (b) and UV254 absorbance (c) removal efficiencies with coagulant dose in NW1 

(1) and NW2 (2) using no ENPs, single ENPs and the ENPs mixture (turbidity, DOC and UV254 removal 

presented as mean, standard deviations (n=6) are shown by the error bars). 
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b) DOC  

b1. NW1 b2. NW2 

  
  

c) UV254 

c1. NW1 c2. NW2 

  

 
 

Figure 4.4 (cont.). Turbidity (a), DOC (b) and UV254 absorbance (c) removal efficiencies with coagulant dose in 

NW1 (1) and NW2 (2) using no ENPs, single ENPs and the ENPs mixture (turbidity, DOC and UV254 removal 

presented as mean, standard deviations (n=6) are shown by the error bars). 
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a) NW1 
 

   
  

b) NW2  

   

 

Figure 4.5. Correlation between ENPs removal and turbidity, UV254nm and DOC removal efficiencies NW1 (a) 

and NW2 (b). Experiments performed with single ENPs (values presented as mean, n=6). p-values <0.05. 

 

4.3.4. Treated water quality 

The good C/F/S performance is also demonstrated by the results presented in Table 4.4. At 

the end of the C/F/S treatment, for the selected coagulant doses, the turbidity of both NW1 and 

NW2 is very low, 0.41±0.17 NTU and 0.07±0.02 NTU, respectively (Table 4.4). These values 

are under the national guideline for turbidity (4.0 NTU), which is applied to the final treated 

water and not at the end of C/F/S treatment. DOC final concentration is 1.50±0.07 mg C/L for 

NW1 and 2.62±0.33 mg C/L for NW2 (Table 4.4). The former value is below the average value 

of 1.6 mg C/L obtained in Portuguese WTPs (personal communication, there is no guideline 

for DOC). The latter DOC value is above the WTP value. However, this value is measured in 

WTP final treated water after filtration and disinfection. Therefore, most likely, the final DOC 

concentration in NW2 would be more similar to that measured at WTP if filtration and 

disinfection processes were applied to NW2 water.  Conductivity and pH do not significantly 
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vary with coagulant doses during the experiments. At the optimal doses, pH is 7.2 (NW1) and 

7.5 (NW2), which is similar to WTP treated water (pH 7.8) and within the guidelines range (pH 

6.5-9) (Table 4.4). Conductivity, 212±1 µS/cm for NW1 and 364±1 µS/cm for NW2, is below 

the guideline of 2500 µS/cm. Aluminium in the treated water is also below the national 

guideline of 200 µg/L for both waters and within the range obtained in WTP final water (Table 

4.4). WTP Al residual concentrations presented a high variability, ranged between 13 and 200 

g/L, with an average value of approximately 66.1 g/L (AdA, 2019). 

 

Table 4.4. Water quality parameters: DOC, UV254 absorbance, turbidity, pH, conductivity and aluminium 

concentration for the natural waters (NW1 and NW2) after the C/F/S in ENPs mixture experiments (all 

parameters concentrations presented as mean ± standard deviation, n=6). 

 Coagulant dose 

(mg Al2O3/L) 

Turbidity 

(NTU) 

DOC 

(mg C/L) 

UV254 

(1/cm) 
pH 

Conductivity 

(µS/cm) 

Al 

(µg/L)  

NW1 
3.0 0.41±0.17 1.50±0.07 0.028±0.003 7.2±0.5 212±5 78.1±1.2 

4.0 0.33±0.16 1.51±0.06 0.030±0.004 7.2±0.5 216±5 78.9±1.1 

NW2 
15.0 0.07±0.02 2.57±0.28 0.044±0.004 7.5±0.5 364±5 86.2±1.9 

20.0 0.07±0.03 2.65±0.21 0.042±0.008 7.5±0.5 368±5 87.9±2.3 

 

 

4.4. Conclusions 

This work shows for the first time that conventional treatment C/F/S can remove mixtures 

of ENPs from natural waters during drinking water treatment by optimising coagulant dose 

based in single ENPs removals. Commercial polyaluminium based coagulant was able to 

remove approximately 98%, 95% and 94% of Ti, Ag and Cu, respectively, from a low turbidity 

natural water (1.91±0.36 NTU), and approximately 99% of Ti, Ag and Cu from a medium 

turbidity natural water (63.33±5.37 NTU). For the selected coagulant doses, residuals 

concentrations of the co-existing ENPs were 6.5±2.1 and 2.5±0.7 µg Ti/L, 15.0±1.4 and 6.0±1.4 

µg Ag/L, and 18.8±8.8 and 0.5±0.1 µg Cu/L, respectively, for the lowest turbidity and NOM 

content water (NW1) and for the highest turbidity and NOM content water (NW2) studied. 

Therefore, the differences between water characteristics play an important role on the coagulant 

demand, on the overall performance of C/F/S process and consequently on the ENPs removal, 

although both waters are hydrophilic.  
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The presence of single and multiple ENPs did not comprise the removal of C/F/S target 

parameters, namely turbidity and NOM.  The presence of ENPs, mainly TiO2, even seems to 

contribute to greater removal of these parameters in the low turbidity and lower NOM content 

water. Turbidity removals efficiencies were above 90% and NOM efficiencies ranged between 

21-38% for DOC and 36-54% for UV254, which are within the acceptable range for the 

efficiency’s removals of these parameters by C/F/S. Similarly, neither the high turbidity or the 

high NOM content affected the multiple ENPs removal. Results also indicated that the major 

mechanism involved in ENPs removal by C/F/S was charge neutralisation. However, in NW2 

sweep flocculation may also be involved, but more studies are needed to confirm this.  

The water quality parameters after C/F/S were all within the values obtained in the water 

treatment plant, which demonstrated that ENPs removal did not hamper the overall performance 

of C/F/S. However, despite the high ENPs removal efficiencies observed, residual 

concentrations of Ti, Cu and Ag (between approximately 0.5 and 18.8 µg/L) were still found in 

the treated water by C/F/S. The presence of these concentrations, that could be associated with 

ENPs dissolution, may require a subsequent process to achieve the entire removal of these 

metals during drinking water treatment. 
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Chapter 5  

Multiple Nanoparticles in Surface 

Water: Removal Through Enhanced 

Conventional Treatment versus 

Hybrid Membrane Process 
 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

This Chapter is in preparation to be submitted for publication: 

Serrão Sousa, V., Ribau Teixeira, M.. Multiple nanoparticles in surface water: removal through 

enhanced conventional treatment versus hybrid membrane process. 
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ABSTRACT 

In this study, the performance of enhanced conventional coagulation with addition of 

powdered activated carbon (C/F/S+PAC) and hybrid membrane treatment integrating 

conventional C/F/S with advanced ultrafiltration (C/F/S→UF) were evaluated to maximise the 

removal of multiple engineered nanoparticles (ENPs) from drinking water sources. Previous 

results demonstrated that C/F/S alone was not effective (>90%) for the complete removal of 

multiple metal-based ENPs present in surface waters. Therefore, to minimise the impact of plant 

requalification to remove these emerging contaminants from surface water sources, it is 

proposed to recover the most used process in drinking water production (C/F/S) combined or 

integrated with other conventional and advanced treatments.  

Results demonstrated that both C/F/S+PAC and C/F/S→UF improved the removal of 

multiple ENPs compared to conventional C/F/S alone in hydrophilic natural waters with low 

and medium turbidity. In C/F/S+PAC treatment, Ti, Ag and Cu removal efficiencies were 

higher than 99.2%, with Ti concentration being below the detection limit. In the C/F/S→UF, at 

90% of water recovery rate, Ti and Cu removal efficiencies were higher than 99.9% in studied 

waters and undetected in permeate flux. Ag residual concentrations (approximately 5.0-7.0 

µg/L) were found in the permeate water indicating that some part of the Ag nanoparticles was 

in the dissolved form. Overall, the processes optimisation to the ENPs removal did not affect 

the ability of both processes to remove other target compounds, with residual turbidity, DOC, 

SUVA and aluminium below the Portuguese and WHO guidelines for drinking water, and 

similar to those found in drinking water treatment plants (DWTPs). 
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5.1. Introduction 

Over the last years, the growing environmental presence of emerging contaminants, 

including engineered nanoparticles (ENPs), has received increasing attention from researchers 

and regulatory authorities. Despite the significant contribution of nanotechnology for 

technological innovation, its widespread usage and application, in a long list of daily consumer 

products, associated to their uncontrolled release have effectively produced a detrimental effect 

on aquatic ecosystems (Jahan et al., 2017). This uncontrolled release of ENPs-containing 

products eventually will end in the environment, via the municipal wastewater streams, run-off 

(Choi et al., 2017; Keller et al., 2013; Nowack et al., 2012),  and surface waters. Therefore, 

ENPs may affect human health if not efficiently removed from surface waters used for human 

consumption, making the removal of nanoparticles from these surface waters relevant 

technological and societal issues to the supply of healthy and safe potable water.  

Conventional coagulation/ flocculation/ sedimentation (C/F/S) treatment has already 

demonstrated the ability to remove ENPs from surface waters. However, the variability in the 

process efficiency was very high between studies, from 20 to 99% depending on nanoparticles 

type and water characteristics (Abbott Chalew et al., 2013; Honda et al., 2014; Kinsinger et al., 

2015; Serrão Sousa et al., 2017; Sun et al., 2013).  

As demonstrated in the previous chapter, C/F/S is a good option to remove ENPs using Al-

based coagulants. However, this process is not effective in the complete removal of multiple 

metal-based ENPs from natural waters. To further improve the ENPs removal, conventional 

C/F/S was enhanced with the addition of powdered activated carbon (PAC). PAC 

characteristics, such as large surface area, pore structure, low toxicity and high surface activity 

and stability, allow for high removals of NOM and other organic contaminants from surface 

waters (Huang et al., 2020; Joseph et al., 2012). The addition of PAC as coagulant aid is a 

commonly used strategy to improve the quality of drinking water in full-scale drinking water 

treatment plants (DWTP) (Huang et al., 2020). It has been demonstrated that the combination 

of activated carbon adsorption and coagulation/flocculation (C/F) can achieve large floc sizes, 

improving the removal of low molecular weight dissolved organic matter and micropollutants 

that cannot be efficiently removed by C/F alone (Chang et al., 2019; Huang et al., 2020; Shen 

et al., 2020). This could be an asset to ENPs removal, however the impacts of PAC dosing 

strategy on the coagulation-flocculation process for water with multiple ENPs have not been 

assessed so far.  
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Other authors investigated the removal of ENPs by advanced treatments, namely 

membranes filtration processes, like micro, ultra and nanofiltration (Abbott Chalew et al., 2013; 

Serrão Sousa and Teixeira, 2015) once again with removals varying between 17 up to 99% 

depending on membrane type, nanoparticle and water characteristics. In addition, in most 

studies, a large amount of ENPs was observed in the treated water. Currently, ultrafiltration 

(UF) is one of the most promising and reliable membrane technologies applied to surface water 

treatment due to its high effectiveness in removing bacteria, viruses, dissolved organic matter 

and suspended particles (Liu et al., 2019; Rasouli et al., 2017). The UF membranes pore size 

generally range between 1 and 100 nm with molecular weight cut-off (MWCO) varying from 

2 to 200 kDa, which makes UF a potential process towards the total retention of ENPs (Le Hir 

et al., 2018). However, the wide application of UF is still hampered by membrane fouling due 

to the reduction of membrane flux and the costs increase for the backwashing and membrane 

materials (Shao et al., 2014). To minimise fouling effect and exploit the C/F/S ability to remove 

ENPs, C/F/S was coupled with UF, in a hybrid process that integrates conventional and 

advanced treatments.  

Therefore, the current research aims to study two treatment processes to maximise the 

removal of a mixture of ENPs from surface waters, enhanced conventional coagulation 

treatment and advanced hybrid membrane process. The enhanced coagulation included the 

simultaneous addition of PAC and aluminium-based coagulant on C/F/S (C/F/S+PAC). The 

advanced process integrates the C/F/S with UF (C/F/S→UF). The concept proposed was to 

minimise the impact of drinking water treatment plant (DWTP) requalification by recovering 

the most used processes in drinking water production, C/F/S, combined/integrated with other 

treatment processes. A mixture of metal-based commercial ENPs (TiO2, Ag and CuO) 

dispersed in two surface waters was used in the experiments to simulate co-existing 

nanoparticles real conditions. The impact of ENPs removal on the target compounds of the 

drinking water treatment, such as turbidity and natural organic matter, was also studied. 
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5.2. Materials and methods 

5.2.1. Surface waters characteristics 

The surface waters used in this study were collected from Portuguese freshwater reservoirs 

currently used to public supply, namely Odelouca in Algarve region (NW1) and Roxo in 

Alentejo region (NW2). These two sampling locations were selected based on previous 

monitoring data due to the differences between natural organic matter (NOM) and turbidity 

(Table 5.1). The water samples were collected and transported in cool (4ºC) to the laboratory 

for experiments and analysis.  

Dissolved organic carbon (DOC) and absorbance at 254 nm (UV254) were used to assess 

NOM quantity and quality. The specific absorbance (SUVA), determined by normalising the 

absorbance at 254 nm with DOC, in L/(m.mg), has been used to indicate the degree of 

aromaticity of NOM (Edzwald and Van Benschoten, 1990; Weishaar et al., 2003). According 

to Matilainen et al. (2010)  and Edzwald and Van Benschoten (1990) classification, waters with 

SUVA values between 2 and 4 L/(m.mg) present a mixture of aquatic humics, a mixture of 

hydrophobic and hydrophilic NOM and a mixture of molecular weights. Since, in this study, 

the natural waters used present SUVA values close to 2 (Table 5.1), hydrophilic and non-humic 

NOM with low molecular weight and low aromaticity prevails in the mixture. NW1 presents a 

moderate DOC concentration while NW2 a moderate-high DOC concentration as described in 

EPA (1999). Regarding turbidity, the waters present low and medium turbidity, namely 1.91 ± 

0.36 NTU (NW1) and 63.30 ± 5.51 NTU (NW2).  

 

Table 5.1. Characteristics of natural waters used in the experiments (values presented as mean ± standard 

deviation, n=6). 

 NW1 NW2 

DOC (mg C/L) 2.23 ± 0.32 4.07 ± 0.29 

UV254 (1/cm) 0.052 ± 0.002 0.098 ± 0.004 

SUVA (L/(m.mg)) 2.35 ± 0.08 2.40 ± 0.06 

Turbidity (NTU) 1.95 ± 0.30 63.86 ± 1.92 

Conductivity (µS/cm) 208 ± 5 359 ± 4 

pH (25ºC) 7.3 ± 0.4 7.8 ± 0.6 
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5.2.2. Metal-based ENPs used in the study 

Three metallic commercially available nanoparticles, titanium dioxide (LOT#02527PH), 

silver (LOT#MKBH2895V) and copper oxide (LOT#02005PH), from Sigma-Aldrich, were 

used. According to supplier information, the molecular weights of the ENPs are 79.87, 107.87 

and 79.55 g/mol for TiO2, Ag and CuO, respectively, and the surfaces areas are 46.3, 5.0 and 

29.0 m2/g in the same order. Earlier works already determined, by transmission electron 

microscopy (TEM), that ENPs are spherical, with individual sizes of 74.0±0.0 nm for TiO2 

(Allouni et al., 2012), 41.7±1.1 nm for Ag (Serrão Sousa and Teixeira, 2015) and 33.0±2.6 nm 

for CuO (Serrão Sousa and Ribau Teixeira, 2013).  

As shown in Figure 4.1 (Chapter 4), all the ENPs studied are negatively charged at the 

NW1 and NW2 conditions. Ag is the most negative charged in both waters, with a zeta potential 

(ZP) around -40 mV (NW1) and -43 mV (NW2) that corresponds to the lowest hydrodynamic 

diameter (HD) observed (202.0±29.3 and 195.0±3.7 nm, for NW1 and NW2, respectively). 

TiO2 and CuO present similar HD and ZP in the same waters. These results show that NOM 

imparts a negative charge to NPs surfaces and raises their absolute surface potential, having a 

global stabilising effect, as described in detail in Section 4.3.1. (Chapter 4). More detailed 

information about the characterisation of the same ENPs was published in previous works 

(Serrão Sousa et al., 2017; Serrão Sousa and Ribau Teixeira, 2013; Serrão Sousa and Teixeira, 

2015).  

 

5.2.3. Enhanced coagulation and hybrid membrane treatment process 

Two different water treatment processes were studied: conventional C/F/S with the addition 

of powdered activated carbon (C/F/S+PAC) and hybrid membrane process integrating 

conventional C/F/S with ultrafiltration (C/F/S→UF).  

C/F/S experiments were conducted as described in Section 4.2.3. (Chapter 4) using the 

same operating conditions and commercial polyaluminium chloride coagulant/flocculant 

(WAC® from Elf Atochem, France) commonly used in the drinking water industry and kindly 

provided by Águas do Algarve, S.A. company. Coagulant doses were fixed at 3.0 and 15.0 mg/L 

Al2O3 for NW1 and NW2, respectively, optimised by series of C/F/S experiments for ENPs 

removal performed in Chapter 4.  
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5.2.3.1. C/F/S+PAC experiments 

In C/F/S+PAC experiments, PAC was added simultaneously with the coagulant to the water 

at the beginning of the fast stirring phase (coagulation), followed by slow mixing (20 min) and 

sedimentation (30 min). PAC was separated from the water by sedimentation, corresponding to 

the last phase of the C/F/S process. Preliminary experiments with higher sedimentation times 

(60, 90 and 120 min) were done with no improvement in PAC removal compared to 30 min. 

After the C/F/S+PAC process, water samples (200 mL) were collected approximately 2 cm 

below the water surface for further analysis. These experiments were conducted in two steps. 

The first experimental step was made to optimise the PAC dose, aiming the removal of 99% of 

single ENPs. Thus, 0.0 to 20.0 mg/L (NW1) and 0.0 and 40.0 mg/L (NW2) of activated carbon 

were tested using 1.0 mg/L of single ENP (TiO2, Ag and CuO). Then, the second experimental 

step was performed to remove the ENPs mixture with PAC doses selected from the first step. 

In these experiments, an ENPs mixture of TiO2, Ag and CuO with a total concentration of 1 

mg/L of nanoparticles (ratio 1:1:1) was used. In both experiments, a control trial was carried 

out where no PAC was added (0.0 mg/L PAC). Experiments were made in triplicate. 

Commercial coal-based PAC commonly used in real drinking water treatment context, 

Sorbopor MV 118, was used in this study (kindly provided by Águas do Algarve, S.A. 

company). This PAC is produced by physical activation with a minimum iodine value of 1000 

mg/g and particle size (>80%) <74 µm (200 US mesh). The specific area is 1050 m2/g, 

determined according to the Brunauer-Emmett-Teller (BET) model, the apparent density is 

500±50 kg/m3, and ash content is 15% (according to supplier information). The FTIR results 

(Figure C 1, Appendix C) confirmed the participation of the functional groups of OH-, COO-, 

and CO present on the surface of PAC in the adsorption of the ENPs onto activated carbon.  

 

5.2.3.2. C/F/S→UF experiments 

In C/F/S→UF experiments, the water was first treated using C/F/S followed by 

ultrafiltration. Thus, after C/F/S process, the water passed to the membrane’s unit feed tank. 

These experiments were conducted with 1.0 mg/L of single TiO2, Ag and CuO and with the 

ENPs mixture in a total concentration of 1 mg/L of nanoparticles (ratio 1:1:1). 

The UF experiments were conducted in a plate and frame unit (Lab-unit M20 from Alfa-

Laval) using a polyethersulfone, negatively charged, ultrafiltration membrane (Nadir P150F; 
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Microdyn-Nadir GmbH). The total membrane area was 0.0720 m2 and the molecular weight 

cut-off 150 kDa, corresponding to approximately 26 nm of pore diameter (Tian et al., 2013; 

Zheng et al., 2009). Before use, the membranes were first soaked in ultrapure water overnight, 

and then rinsed by filtering at least 2 L of deionised water (DI) to remove any organic residual 

on the membranes. Prior to the experiments, the membranes were compacted using DI at 5 bar 

until no variation in the flux was observed, after which the initial permeate flux was established. 

Normalised specific flux J/J0 was used for membrane performance, being J the flux at a 

stipulated condition and J0 the initial membrane flux. Concentration runs at a constant 

transmembrane pressure of 1 bar and room temperature (21±1 ºC) were performed to simulate 

the real scale UF operation. These runs consisted of testing different water recovery rates 

(WRR), defined as the ratio between the permeate volume collected so far and the initial feed 

volume, without recirculating the permeate to the feed tank. In these experiments, water 

samples from feed and permeate were collected at predefined WRR values (0, 40, 50, 60, 70, 

80 and 90%) and flux was measured.  

 

5.2.4. Analytical methods 

Water samples were characterised for turbidity, pH, conductivity, dissolved organic carbon 

(DOC), UV absorbance at 254nm (UV254) and metal concentration (Ti, Ag, Cu) in bulk and 

treated waters, and Al only in treated water, using standard methods of analysis (Eaton et al., 

2005a, 2005b). Replicates of all experiments were performed to ensure accuracy. Turbidity was 

measured with a HACH 2100N turbidity meter of high resolution (0.001 NTU), pH at 25 °C 

was measured using a Whatman WTW pH340 and conductivity a Crison GLP32 conductimeter. 

DOC and UV254 water samples were pre-filtered through a 0.45 µm glass filter before analysis. 

DOC was measured in a Shimadzu TOC 5000A analyser, 50 ppb-4000 ppm, and UV254 in a 

Beckman DU 640B, UV/VIS spectrophotometer.  

Titanium, silver, copper and aluminium concentrations were determined using atomic 

absorption spectrometry (AAS AAnalyst 800, PerkineElmer, detection limit: 0.350 µg/L), after 

acid digestion with 2% nitric acid (HNO3). Ti, Ag, Cu and Al were analysed by graphite 

furnace. The accuracy of the analytical procedure was assessed by the injection of Ti, Ag, Cu 

and Al standards at the beginning of sample quantification and at every ten samples. 

FTIR (Bruker, model Tensor 27) was employed to determine the presence of surface 

functional groups in the PAC, at room temperature over a spectral wavenumber ranging from 
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4000-500 1/cm. It was used the pellet (pressed-disk) technique, with a sample thoroughly mixed 

using a mortar and pestle to get a homogeneous mixture and further mixed with powdered KBr 

to form pellets using a pellet maker. 

 

5.3. Results and Discussion 

5.3.1. C/F/S+PAC performance 

5.3.1.1. ENPs and turbidity removal 

Figure 5.1 and Figure 5.2 show the ENPs and turbidity removal efficiencies by C/F/S+PAC 

treatment using natural waters (NW1 and NW2) for the experiments with single and multiple 

ENPs.  

Results show an increase in Ti, Ag and Cu removal efficiencies with the addition of PAC, 

observed for both waters NW1 and NW2 (Figure 5.1), and consequently a decrease in the ENPs 

residual concentrations. Without PAC (only with 3 mg/L of Al2O3 in NW1 and 15 mg/L of 

Al2O3 in NW2), high removal efficiencies of Ti, Ag and Cu are observed (>90%). However, up 

to approximately 80 µg/L of residual metal concentration is still found in the treated water. 

When the PAC is added, in NW1, the single ENPs removal efficiencies increase to >99.2% and 

at PAC doses of 10 mg/L or higher remain almost constant (Figure 5.1a). In the NW2, the same 

trend is observed, with removals become consistent (>99.2%) at PAC doses of 20 mg/L or 

higher (Figure 5.1b) due to water characteristics. In the experiments with ENPs mixture, results 

show no need to increase PAC dose to remove the multiple ENPs in the waters, since the PAC 

doses of 10 mg/L (NW1) and 20 mg/L (NW2) are also highly effective (>99.2%, Figure 5.1a 

and Figure 5.1b). Generally, the addition of PAC selected doses enhances the removal of ENPs 

in approximately 10% compared with the C/F/S without PAC. 

As already explained (Chapter 4), ENPs dispersed in natural waters showed a HD higher 

than the individual size, which indicates the formation of aggregates due to interactions between 

nanoparticles and with the surrounding solution that promotes aggregation (Jiang, 2015). 

Therefore, in the surface waters, ENPs would be coated with NOM, imparting a negative charge 

to nanoparticles (Chapter 4, Figure 4.1). The addition of the highly positively charged coagulant 

induced the ENPs destabilisation (decreasing repulsive forces), through neutralisation of 

negative charges by hydrolysed Al3+, promoting the aggregation of the ENPs-NOM composite, 
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as also shown by Zhang et al. (2015). Under such conditions (ENPs-NOM destabilised with 

surface charge closer to zero), aggregation and adsorption on the PAC surface are favoured 

mediated by van der Walls attractive forces, leading to their almost complete removal (Gicheva 

and Yordanov, 2013). In another study, Syafiuddin et al. (2018) confirmed by XRD that the 

interaction mechanism between AgNPs and activated carbon surface was mainly electrostatic 

forces interaction via binding of Ag+ with O− present on the activated carbon surface to form 

AgO. PAC acts not only as an adsorbent but also enhances the settleability of the aggregates 

(ENPs-NOM composite) formed during coagulation/flocculation, favouring ENPs removal by 

sedimentation, as described by Tomaszewska et al. (2004). On the other hand, the application 

of coagulant helps the removal of PAC, together with adsorbed ENPs-NOM composites from 

solutions (Tomaszewska et al., 2004). Piplai et al. (2017) stated that removal of NPs using 

activated carbon (without coagulant) became a promising method. However, these authors 

reported lower removal, around 78% and 69% for CuO and ZnO ENPs respectively, which 

confirmed that the combination of Al-based coagulant with PAC promotes a higher ENPs 

removal than PAC alone.  

For the same water and between waters, slight differences in ENPs removals are observed. 

This is related to their specific properties which affect the aggregation and adsorption behaviour 

determined by a combination of ENPs properties and physicochemical characteristics of the 

medium (Amde et al., 2017). Ti, for example, has the highest removal efficiencies in both 

waters, for individual and mixture experiments (approximately 100%), which can be related to 

the adsorptive titanium properties, that have been shown to be effective in particle, nutrients 

and organic matter removal (Zhao et al., 2014). 

The removal of turbidity from water usually follows the same trend observed for ENPs 

removal (as shown in previous chapters and Serrão Sousa and Ribau Teixeira, 2013). However, 

in C/F/S+PAC experiments, the turbidity removal decreases with the increase of PAC dose 

(Figure 5.2) showing a different trend from the ENPs removal presented in Figure 5.1. This is 

due to the relatively low PAC density (0.55 g/mL) whose addition resulted in residual PAC that 

did not adsorb to the composite ENPs-NOM and did not settle. Similar results for turbidity 

increase with the increase of PAC dose in combined coagulation/flocculation with adsorption 

were achieved by Huang et al. (2020). The turbidity removal efficiencies decrease from 87-

93% to approximately 65% as the PAC dose increases from 0.0 to 20 mg/L in NW1. In water 

NW2, the decrease in turbidity removal is almost imperceptible from 99% to approximately 

97%, as the PAC dose increases from 0.0 to 40 mg/L (Figure 5.1). These results are related with 
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higher particulate matter content (higher turbidity) of NW2 and the application of higher 

coagulant and PAC doses which can promote the enmeshment of the particles in a mass of 

amorphous Al-based coagulant, PAC and particulate matter improving the removal of residual 

PAC by some “sweeping” phenomenon (Huang et al., 2020; Sun et al., 2019).  

The presence of single or multiple ENPs does not significantly impair the turbidity removal. 

Similarly to the ENPs removal, higher doses of PAC in mixtures experiments is not required to 

achieve the same turbidity removal as single experiments. 

 

 

 

 

a) NW1 b) NW2 

  

                             
  

Figure 5.1. Variation of Ti, Ag and Cu removal efficiencies with PAC dose: (a) NW1 (3.0 mg Al2O3/L 

coagulant added) and (b) NW2 (15.0 mg Al2O3/L coagulant added) (21±1 °C). Experiments performed with the 

mixture (Mix) and each nanoparticle individually (removal values presented as mean, standard deviations (n=6) 

are shown by the error bars). 
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a) NW1 b) NW2 

  

                             
  

Figure 5.2. Variation of turbidity removal efficiencies with PAC dose: (a) NW1 (3.0 mg Al2O3/L coagulant 

added) and (b) NW2 (15.0 mg Al2O3/L coagulant added) (21±1 °C). Experiments performed with the mixture 

(Mix) and each nanoparticle individually (removal values presented as mean, standard deviations (n=6) are 

shown by the error bars). 

 

5.3.1.2. NOM removal 

Figure 5.3 shows the NOM removal efficiencies by C/F/S+PAC, trough the removal of 

DOC and UV254 in NW1 and NW2 for the experiments with single and multiple ENPs.  

DOC and UV254 removal efficiencies show that the addition of PAC in combination with 

Al-based coagulant increases the NOM removal for both waters (Figure 5.3). In experiments 

without PAC (PAC dose of 0.0 mg/L, Figure 5.3), DOC removal ranges from 20 to 26% and 

34 to 39% for NW1 and NW2, respectively, and UV254 varies between 38 and 43% (NW1) and 

50 and 57% (NW2). For the selected PAC dose (10 mg/L for NW1 and 20 mg/L for NW2), 

DOC removals increase to 72-77% in NW1 and to 78-82% in NW2, while UV254 removals rise 

to 88-94% and 94-97% in NW1 and NW2, respectively. The increase observed in DOC and 

UV254 removal efficiencies demonstrates that the combination of these two processes also 

enhances the effectiveness of NOM removal. This improvement can be related to higher 

efficiency of coagulation to remove the hydrophobic fraction of NOM rather than hydrophilic. 

Since PAC is efficient in the removal of the prevalent low molecular hydrophilic NOM (even 

in waters with low SUVA), its addition improves the NOM removal by removing these 

compounds insufficiently removed by coagulation in NW1 and NW2 (Joseph et al., 2012; 

Matilainen et al., 2010). These results were somehow expected since several authors have 
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studied the combined use of coagulation and PAC adsorption to maximise the overall removal 

of NOM with removals up to 80% (Huang et al., 2020; Joseph et al., 2012; Jung et al., 2015; 

Sillanpää et al., 2018; Tomaszewska et al., 2004). As demonstrated by Huang et al. (2020), the 

addition of single PAC is also less efficient than the combination of the two processes (C/F/S 

and PAC). These authors showed that, for the same PAC dose, the addition of 8 mg/L of 

Al2(SO4)3 doubled the NOM removal. Similarly, Tomaszewska et al. (2004) also observed an 

increase in humic acid reduction by the addition of Al-based coagulant to PAC. 

The presence of ENPs does not affect the DOC and UV254 removals, which indicates that 

the optimisation of PAC dose based on the ENPs removal does not hamper the NOM removal 

by C/F/S+PAC process. 

 

a) NW1 b) NW2 

a.1) DOC removal b.1) DOC removal 

  

a.2) UV254 removal b.2) UV254 removal 

  

                             
  

Figure 5.3. Variation of DOC (1) and UV254 absorbance (2) removal efficiencies with PAC dose: (a) NW1 (3.0 

mg Al2O3/L coagulant added) and (b) NW2 (15.0 mg Al2O3/L coagulant added) (21±1 °C). Experiments 

performed with the mixture (Mix) and each nanoparticle individually (removal values presented as mean, 

standard deviationsµ (n=6) are shown by the error bars). 
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5.3.2. C/F/S→UF performance 

5.3.2.1. ENPs and turbidity removal 

Figure 5.4 and Figure 5.5  show the ENPs and turbidity removal efficiencies by the hybrid 

process C/F/S→UF in natural waters (NW1 and NW2) for the experiments with single and 

multiple ENPs. The ENPs removal efficiencies are higher than 98% for all the WRR tested, in 

both NW1 (Figure 5.4a) and NW2 (Figure 5.4b). Ti and Cu removal efficiencies are higher than 

99.9% in both waters and undetected in permeate flux (concentration was below the detection 

limit of 0.350 µg/L) from the WRR of 60% for Ti and 70% for Cu until the WRR of 90%. 

However, this trend is not observed for the AgNPs. The maximum Ag removal efficiency in 

the single experiments is 99.1±0.17% in NW1 (Figure 5.4a) and 99.3±0.08% in NW2 (Figure 

5.4b), whereas, for ENPs mixture, Ag removal is   98.1±0.25% (NW1, Figure 5.4a) and  

98.5±0.49% (NW2, Figure 5.4b), indicating that some part of the AgNPs is not removed by the 

UF membrane. AgNPs aggregates (Figure 4.1, Chapter 4) and average individual size (41.7±1.1 

nm, Table 4.2, Chapter 4) are higher than the membrane pore size of approximately 26 nm (150 

kDa MWCO) (Tian et al., 2013; Zheng et al., 2009), so the Ag detected in the permeate can 

result from the release of silver ions from the nanoparticles. It is well-known that the high 

surface area of metal ENPs increases the potential of ions to be released from these 

nanoparticles (Bian et al., 2011; Mudunkotuwa and Grassian, 2011). Zhang et al. (2016) 

concluded that dissolution is higher for low AgNPs concentrations compared with high AgNPs 

concentrations, describing a dissolution higher than 20% for 1 mg/L of these nanoparticles, 

which is in accordance with the Ag residual concentrations found in the present study. In 

previous work (Serrão Sousa and Ribau Teixeira, 2015), the dissolution of the same AgNPs 

was determined at 3.0±0.4% of the total AgNPs concentration present in solutions (100 mg/L). 

However, Gomes et al. (2014) reported a higher dissolution for the same AgNPs, approximately 

24.5% for a lower initial concentration of AgNPs (10 µg/L), which supports Zhang et al. (2016) 

findings. For CuO ENPs the dissolution was less than 1% of the initial concentration (Gomes 

et al., 2012, 2011) and TiO2 ENPs are commonly considered insoluble metal oxide (De Klein 

et al., 2016).   
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Similarly to ENPs removal, turbidity removal efficiencies are also higher than 98% in NW1 

(Figure 5.5a) and higher than 99% in NW2 (Figure 5.5b) for WRR 40%, becoming higher 

than 99% in NW1 and higher than 99.9% in NW2 for 90% of WRR. These results corroborate 

the assumption that nanoparticulate Ag is entirely removed by C/F/S→UF and the Ag present 

in permeate corresponds to silver ions since turbidity is related with NPs concentration, as 

discussed above. The highest turbidity removals in NW2 are due to the highest water turbidity 

(Table 5.1). 

Based on the aggregates and individual nanoparticles sizes, size exclusion is proposed as 

the main mechanism for the removal of the ENPs used. In the studied waters, ENPs aggregates 

are formed with an HD minimum of 202±29 nm (NW1), and 195±3.7 nm (NW2) (Figure 4.1, 

Chapter 4) and the individual average sizes of nanoparticles are 74.0±0.0 nm, 41.7±1.1 nm and 

33.0±2.6 nm for TiO2, Ag and CuO, respectively (Table 4.2, Chapter 4). Thus, these sizes are 

larger than the pore size of the UF membranes used in the experiments (approximately 26 nm). 

Moreover, smaller aggregates of the ENPs-NOM that remain in waters after C/F/S are also 

bigger than membrane pore sizes. Several other authors have also proposed the same 

mechanism for the nanoparticles removal by UF. Guo et al. (2010) showed that Fe3O4 NPs with 

an average size of about 35 nm was fully retained by UF membranes with a nominal pore size 

of about 25 nm (MWCO of 150 kDa), during tangential filtration even under low 

transmembrane pressure (TMP) (0.25 bar). In another study, Wu et al. (2014) demonstrated that 

NPs with individual sizes between 1.5 nm and 4.5 nm were completely retained by flat 

membranes with cut-offs between 1 kDa and 10 kDa, presenting estimated pore size of 1.8 and 

5.37 nm under a TMP of 2 bar. The importance of the operating conditions and water chemistry 

of filtered suspensions have been highlighted in all these studies. 

One of the most important concerns in membrane filtration is fouling, however, since C/F/S 

was performed first, this problem is minimised. 
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a) NW1 b) NW2 

  

                             
  

Figure 5.4. Variation of Ti, Ag and Cu removal efficiencies with WRR in C/F/S→UF process: (a) NW1 and (b) 

NW2 (21±1 °C). Experiments performed with the mixture (Mix) and each nanoparticle individually (removal 

values presented as mean, standard deviations (n=6) are shown by the error bars). 

 

 

 

a) NW1 b) NW2 

  

                             
  

Figure 5.5. Variation of turbidity removal efficiency with WRR in C/F/S→UF process: (a) NW1 and (b) NW2 

(21±1 °C). Experiments performed with the mixture (Mix) and each nanoparticle individually (removal values 

presented as mean, standard deviations (n=6) are shown by the error bars). 
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5.3.2.2. NOM removal 

Figure 5.6 shows the NOM removal efficiencies by the hybrid membrane process 

C/F/S→UF, trough the removal of DOC and UV254 in NW1 and NW2 for the experiments with 

single and multiple ENPs. NOM removal is similar in both waters, with DOC and UV254 

removal efficiencies showing the same trend in NW1 and NW2. DOC removal efficiencies 

increase with the WRR increase, achieving the maximum removal at the highest WRR tested 

(90%), for both NW1 (59-65%, Figure 5.6a.1) and NW2 (70-75%, Figure 5.6b.1). An increase 

in the UV254 removal efficiencies is also observed (NW1, Figure 5.6a.2 and NW2, Figure 

5.6b.2) but less pronounced when compared to DOC. At 90% of WRR, the UV254 removal 

efficiencies range from approximately 81 to 84% for NW1 and 80 to 87% for NW2. Higher 

removal efficiencies of UV254 compared to DOC in both waters can be related to the highest 

affinity of aromatic NOM (high molecular weight). 

The presence of single and multiple ENPs does not affect the removal of NOM by 

CFS→UF, since removals of DOC and UV254 are similar in experiments with and without ENPs 

in both waters. 

 

 

a) NW1 b) NW2 

a.1) DOC removal b.1) DOC removal 

  

Figure 5.6. Variation of DOC (1) and UV254 absorbance (2) removal efficiencies with WRR in C/F/S→UF 

process: (a) NW1 and (b) NW2 (21±1 °C). Experiments performed with the mixture (Mix) and each nanoparticle 

individually (removal values presented as mean, standard deviations (n=6) are shown by the error bars). 
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a.2) UV254 removal b.2) UV254 removal 

  

                             
  

Figure 5.6 (cont.). Variation of DOC (1) and UV254 absorbance (2) removal efficiencies with WRR in 

C/F/S→UF process: (a) NW1 and (b) NW2 (21±1 °C). Experiments performed with the mixture (Mix) and each 

nanoparticle individually (removal values presented as mean, standard deviations (n=6) are shown by the error 

bars). 
  

5.3.2.3. Ultrafiltration permeate flux 

The variation of the normalised UF permeate flux (J/J0) with the increase of WRR, using 

single and multiple ENPs, is shown in Figure 5.7 for the hybrid C/F/S→UF experiments.  

For NW1 (Figure 5.7a), the trend of normalised flux is similar for all the conditions tested. 

An initial decline in flux is observed, and then a relatively steady plateau is achieved. Without 

the presence of ENPs, after this initial decline, the normalised flux stabilises (approximately at 

0.82) until the highest WRR tested (90%) (Figure 5.7a). The addition of ENPs increases the 

initial flux decline, ranging from 0.77 and 0.72, with CuO ENPs having a higher impact in the 

UF membrane flux. At the highest WRR tested (90%), the normalised flux is 0.77 and 0.76 for 

TiO2 and Ag nanoparticles, respectively, and 0.72 for both CuO NPs and ENPs mixture (Figure 

5.7a). The highest flux decline in the presence of CuO may be due to slightly larger aggregates 

formed when dispersed in the natural waters compared to other nanoparticles studied (Figure 

4.1, Chapter 4).  

The normalised permeate flux for NW2 has a higher initial decline when compared with 

NW1 (Figure 5.7a and Figure 5.7b), dropping by nearly 35% and continuing the decrease until 

90% of WRR. At this point, the normalised flux is about half of the initial flux (Figure 5.7b), 

varying between the maximum of 0.57 without ENPs and a minimum of 0.51 for Ag. In contrast 

with the NW1, the presence of ENPs does not have a negative impact on the flux of NW2 



115 

 

(compare Figure 5.7a and Figure 5.7b). Therefore, the observed decline in permeate flux is due 

to water characteristics such as NOM. In fact, NOM is one of the highest contributors to 

membrane fouling and has a great tendency to adhere to polysulfone membranes (Yu et al., 

2019). After C/F/S process and prior to UF, NW2 presents a higher NOM content than NW1. 

DOC ranges from 1.50±0.07 to 1.68±0.27 mg C/L  and UV254 between 0.028±0.003 and 

0.031±0.002 1/cm in NW1, and in NW2 DOC varies from 2.49±0.23 to 2.70±0.21 mg C/L and 

UV254 from 0.040±0.003 to 0.046±0.006 1/cm. This difference in DOC and UV254 values 

between the two waters indicates that NOM content is responsible for the high flux decline 

observed in NW2. According to Yu et al. (2019), NOM accumulates on the UF membrane 

surface, promoting the formation of a cake layer and blocking the membrane pores which 

decreases the permeate flux. 

The results described above show that despite the declines observed in the permeate flux, 

the effectiveness of ENPs (Figure 5.4), turbidity (Figure 5.5) and NOM (Figure 5.6) removal is 

not affected, and the overall performance of hybrid membrane process, C/F/S→UF, is not 

hampered. 

 

 

a) NW1 b) NW2 

  

                             
  

Figure 5.7. Normalised UF permeate flux during C/F/S→UF process: a) NW1 and b) NW2 (21±1 °C). 

Experiments performed with the mixture (Mix) and each nanoparticle individually (removal values presented as 

mean, standard deviations (n=3) are shown by the error bars). 
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5.3.3. C/F/S+PAC vs C/F/S→UF 

5.3.3.1. Ti, Ag and Cu residual concentrations 

Figure 5.8 shows the residual Ti, Ag and Cu concentrations measured in treated waters after 

C/F/S+PAC, for the selected dose of PAC (10 mg/L for NW1 and 20 mg/L for NW2) and after 

C/F/S→UF at the highest WRR tested (90%) for the ENPs mixture experiments.  

Ti concentration is under the detection limit for both treatments and waters (Figure 5.8). 

This indicates that TiO2 can be entirely removed by C/F/S+PAC and C/F/S→UF, optimised for 

the ENPs removal and using a membrane with an appropriate pore size for the target ENPs. The 

hybrid process (C/F/S→UF) outperforms the enhanced conventional process (C/F/S+PAC) in 

the removal of Cu from NW1 and NW2. However, this is not observed for Ag, since its residual 

concentration is higher after C/F/S→UF process than after C/F/S+PAC (Figure 5.8). As 

discussed earlier, this can be related to the dissolution of AgNPs, the nanoparticulate part is 

retained by the ultrafiltration membrane (with pore size lower to the individual size of AgNPs), 

while the ionic part passes through the membrane pores. However, the Ag residual 

concentration is far below the allowable limit for this metal (not specific for nanoparticles) 

established for drinking water by US EPA (2017) (100 µg/L). The best performance of 

C/F/S+PAC in the removal of Ag is related to the adsorption of Ag+ by activated carbon, as 

described above.   

 

 

 

Figure 5.8. Residual concentrations of Ti, Ag and Cu for the selected PAC dose in C/F/S+PAC (10 mg/L for 

NW1 and 20 mg/L for NW2) and the highest WRR tested (90%) in C/F/S→UF for NW1 and NW2. Experiments 

performed with the ENPs mixture (residual values presented as mean, standard deviations (n=6) are shown by 

the error bars). 
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For comparison purposes, Figure 5.9 shows the residual metal concentrations after C/F/S 

with coagulant dose optimised for ENPs removal (Chapter 4), after C/F/S+PAC with PAC dose 

also optimised for ENPs removal, and after C/F/S→UF at the highest WRR tested (90%) for 

the ENPs mixture experiments. Overall, the combined use of coagulation and adsorption using 

PAC and the integration of C/F/S with UF exceed the Ti, Ag and Cu removal efficiencies of 

using only C/F/S (Figure 5.9). According to the previous and the present results (Chapters 4 

and 5), the stand-alone coagulation process is not a suitable treatment process for the complete 

removal of ENPs in comparison to C/F/S+PAC and C/F/S→UF. The C/F/S+PAC process either 

matched or exceed the removals of the hybrid process, shown by the lowest metal residual 

concentrations presented in Figure 5.9. The poorest efficiency of C/F/S→UF is related to the 

dissolution of AgNPs. In this case, technology like nanofiltration could be more appropriate.  

 

 

 

Figure 5.9. Residual concentrations of metals in treated water after C/F/S, C/F/S+PAC (with 10 mg/L of PAC 

(NW1) and 20 mg/L of PAC (NW2)), C/F/S→UF (at 90% WRR) for NW1 and NW2. Experiments performed 

with the ENPs mixture (box limits represent 25 and 75 percentiles, the line inside the boxes is the mean value of 

residual values, whiskers showed the minimum and maximum residual values) and using 3 mg/L of Al2O3 

(NW1) and 15 mg/L of Al2O3 (NW2) in C/F/S. 
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5.3.3.2. Water quality 

Although high-efficiency removals and low residual concentrations have been achieved for 

the three ENPs used with both studied treatments, it is imperative to evaluate the quality of the 

final treated waters. Therefore, in this section the residual turbidity (Figure 5.10a), DOC (Figure 

5.10b) and SUVA254 (Figure 5.10c) in the treated waters, after C/F/S+PAC and C/F/S→UF, are 

presented for the ENPs mixture experiments. These residuals values and also residual 

aluminium are compared with Portuguese guidelines for drinking water (Portuguese 

Government, 2007) and with real WTP parameters (personal communication). 

According to WTP information, the average coagulant (WAC AB®) dose applied in C/F/S 

treatment is 34.7±9.1 mg/L of Al2O3 (with a minimum dose applied of 22.0 mg/L of Al2O3 and 

maximum of 52.1 mg/L of Al2O3), indicating that the doses applied in this study (3 and 15 mg/L 

of Al2O3) are far below the ones used in the WTP. For the PAC doses, the WTP average is 

1.75±0.56 mg/L, ranging between 0.93 and 2.51 mg/L. In this case, the PAC doses used in this 

study are above the ones used in WTP. However, according to US EPA (2017b), PAC dosages 

can range between 1 to 100 mg/L depending on the type and concentrations of organic 

compounds present in water. Dosages of 1 to 20 mg/L are typical for DWTP (US EPA, 2017b). 

Therefore, the optimal PAC concentrations for NW1 and NW2 to remove ENPs used in this 

study are within the typical dosage applied in real water treatment context, not worsening the 

quality of treated water. Moreover, the decrease in the quantity of Al-based coagulant is an 

asset for human health and reduces the problem of metal sludge treatment and disposal. 

Residual turbidities varied between 1.07±0.10 NTU (NW1) and 1.34±0.01 NTU (NW2) 

after the C/F/S+PAC treatment and from 0.05±0.01 NTU (NW1) and 0.05±0.02 (NW2) after 

the C/F/S→UF (Figure 5.10a). For the C/F/S→UF, turbidity residuals are below the values 

observed for the decanted water in the WTP, which ranged between 0.1 and 1.0 NTU, with an 

average value of approximately 0.2 NTU (Figure 5.10a). Moreover, residual turbidities after 

the C/F/S→UF is also below the WTP values obtained for the final treated water (ranged from 

0.1 and 0.4 NTU, with an average value of approximately 0.1 NTU), as also below the WHO 

recommend maximum value for drinking water (1 NTU) (World Health Organization, 2017). 

For the C/F/S+PAC, turbidity residuals are above the WTP values obtained for the decantated 

water, with NW2 showing a higher value than NW1. However, all the residual turbidity values 

for both treatments are below the Portuguese guideline for this parameter (4.0 NTU) which 

matches the guideline established by WHO (World Health Organization, 2017). 
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DOC residual concentrations are under the average value measured in WTP final water (1.2 

mg C/L), for both waters and in both treatments, although for this parameter the C/F/S+PAC 

treatment achieved lower residual values than C/F/S→UF (Figure 5.10b).  

SUVA254 values in the treated waters are presented in Figure 5.10c. This parameter was 

chosen because WTP uses SUVA254 to control the water quality instead of UV254. SUVA254 is 

within the WTP range values for final water (between 0.86 and 1.46 L/(m.mg)) with 

C/F/S+PAC, showing a better performance than C/F/S→UF (Figure 5.10c).  

Aluminium (Al) residual concentration in the NW1 after C/F/S+PAC were 19.3±2.6 mg/L 

and 24.0±3.9 mg/L for NW2. After C/F/S→UF, the Al concentration was 61.5±3.1 and 

77.7±2.8 g/L for NW1 and NW2, respectively. The lesser Al concentration found in the treated 

water after C/F/S+PAC indicates that PAC is able to remove some of the Al ions from the water. 

In the WTP final water, Al residual concentrations presented a high variability, ranged between 

13 and 200 mg/L, with an average value of approximately 66.05 g/L. Therefore, Al residuals 

after C/F/S+PAC for both waters are close to the minimal values obtain in the WTP whereas 

after C/F/S→UF both waters Al concentrations closer to the average value. Nevertheless, after 

both studied treatments the Al residuals were far below the Portuguese guideline for drinking 

water (200 µg Al/L). Furthermore, the benefits of the reduction in Al-based coagulant doses in 

these experiments is demonstrated in the final Al concentrations of the treated waters by both 

proposed treatment when compared with the WTP treated water. 

 

a) Residual turbidity b) Residual DOC 

  

Figure 5.10. Residual concentrations for the selected PAC dose in C/F/S+PAC (10 mg/L for NW1 and 20 mg/L 

for NW2) and 90% WRR  in C/F/S→UF, for NW1 and NW2: a) turbidity, b) DOC, c) SUVA254 Experiments 

performed with the ENPs mixture (residual values presented as mean, standard deviations (n=6) are shown by 

the error bars). 
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c) Residual SUVA254 

 

 

Figure 5.10 (cont.). Residual concentrations for the selected PAC dose in C/F/S+PAC (10 mg/L for NW1 and 

20 mg/L for NW2) and 90% WRR  in C/F/S→UF, for NW1 and NW2: a) turbidity, b) DOC, c) SUVA254 

Experiments performed with the ENPs mixture (residual values presented as mean, standard deviations (n=6) are 

shown by the error bars). 
 

5.4. Conclusions 

This work demonstrates that both enhanced conventional coagulation (C/F/S+PAC) and 

advanced hybrid membrane process (C/F/S→UF) improve the multiple ENPs removal 

compared to conventional C/F/S alone in hydrophilic natural waters with low and medium 

turbidity. In the C/F/S+PAC treatment, Ti, Ag and Cu removal efficiencies higher than 99.2% 

were obtained for both NW1 and NW2, in the single and mixture experiments. After 

C/F/S+PAC treatment, Ti presented the highest removal with residual concentration below the 

detection limit (0.350 µg/L) for both waters. The highest removal of Ti was associated with 

titanium specific adsorptive properties. In the C/F/S→UF treatment the ENPs removal 

efficiencies were higher than 98% for all the WRR tested, in both NW1 and NW2. At the 90% 

of WRR Ti and Cu removal efficiencies were higher than 99.9% in both waters and undetected 

in permeate flux (concentration was below the detection limit of 0.350 µg/L). The maximum 

Ag removal efficiency was 99.3±0.08% (NW2), indicating that some part of the Ag 

nanoparticles is not removed by the UF membrane, which could be related to dissolution. Due 

to the membrane pore size, and the size and charge of aggregates and individual ENPs, the main 

mechanisms proposed to C/F/S→UF are charge neutralisation and size exclusion.  

The processes optimisation to the ENPs removal did not affect the ability of both processes 

to remove other target compounds of the drinking water treatment, namely turbidity and NOM. 
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Yet, C/F/S+PAC presented higher efficiencies for the NOM removal than C/F/S→UF, and for 

the turbidity removal, the reverse was observed. In the case of turbidity, the low density of the 

PAC used contributed to the presence of more particulate matter in the final water, anticipating 

the need to use a filtration step after the C/F/S+PAC. At the end of both processes, water quality 

parameters were analysed, showing that residual turbidity, DOC, SUVA and aluminium were 

below the Portuguese and WHO guidelines for DWT, and similar to those found in WTPs. 

This study demonstrates that the most used processes used in drinking water production, 

C/F/S, combined or integrated with PAC and UF, are good options to protect human health 

against potential ENPs hazards. However, due to the dissolution of same ENPs and evoking the 

precautionary principle, a more refined treatment, such as nanofiltration (NF) could be 

necessary to the complete removal of the metal ions from ENPs.  
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Chapter 6  

Silver Nanoparticles Separation 

from the Water Using Nanofiltration 

Membranes: The Role of Mono-

divalent Salts and NOM 
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ABSTRACT 

This study investigates the use of membrane processes to remove engineered silver 

nanoparticles (AgNPs) from waters and, at the same time, the dissolved silver (Ag) released 

from AgNPs. The effect of ionic strength and natural organic matter (NOM) on membrane 

performance is evaluated. Ionic strength has a significant effect on the permeate flux, stronger 

in the presence of AgNPs, decreasing it. The total dissolved silver in the permeate increases 

with ionic strength because the surface charge potential decreases, which promotes a reduction 

of the double layer thickness resulting in lower rejections. In addition, dissolved Ag is 

complexed with chlorine. Therefore, both AgNPs and dissolved Ag released from NPs were 

practically removed from water (removals higher than 92%). These results are due to the AgNPs 

charge and zeta potential since NPs are negative at the studied pH and approaches zero with 

ionic strength, increasing aggregation. In water with NOM and AgNPs, the variation in NOM 

concentration does not affect the permeate fluxes. The main mechanism involved in the AgNPs 

removal is size exclusion, while dissolved Ag (resulted for NPs dissolution) is removed by size 

exclusion and electrostatic interactions due to complexation with salts and NOM. 
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6.1. Introduction 

Engineered silver nanoparticles (AgNPs) are currently used in a wide range of biomedical 

applications and consumer products, such as toothpaste and cosmetics, due to the well-known 

antimicrobial activity of the ionic Ag (Blaser et al., 2008; Chinnapongse et al., 2011). AgNPs 

have also been used in clothing, air purification systems and water filters, making silver the 

most prevalent commercial nanoparticle (Danish Consumer Council, 2012). The widespread 

use of AgNPs will inevitably lead to their release to the aquatic environment somewhere during 

their life-cycle, increasing the exposure of humans and other organisms to Ag (Jiang et al., 

2009; Klaine et al., 2008). Accordingly, previous toxicology studies demonstrated that AgNPs 

are known to induce toxicity in many different species (Bilberg et al., 2011; Navarro et al., 

2008).  

Although it is not clear the degree of AgNPs toxicity that results from released silver ions 

and how much is related with AgNPs themselves (Beer et al., 2012), it is well known that the 

high surface area of metal-based NPs increases the potential of ions to be released from these 

NPs (Bian et al., 2011; Mudunkotuwa and Grassian, 2011). Some authors reported that 

measured silver ion concentration from the AgNPs suspension could not fully explain the 

observed toxicity of the AgNPs, so both silver ions and NPs contribute to toxicity (Kawata et 

al., 2009; Navarro et al., 2008). However, Kim et al. (2009) suggested that the toxicity of 

AgNPs was mainly due to oxidative stress and was independent of silver ions. Despite these 

results, all evidence indicates that silver ions partly contribute to the AgNPs toxicity and, 

although the well-known high toxicity of silver, the amount of silver ions within the 

investigated AgNPs suspensions has been rarely measured (Beer et al., 2012). Angel et al. 

(2013) concluded that AgNPs were less toxic than ionic silver, but much more toxic than 

micron-sized Ag. In addition, these same authors relate toxicity to the release of dissolved Ag, 

since this is more slowly released from micron-sized Ag due to the low surface area.  

Some model and experimental data suggested that nanoparticles concentrations around 

ng/L may be present in surface waters, and predicted an exponential increase related with the 

increased usage and associated discharge (Gottschalk et al., 2009; Mitrano et al., 2012; Mueller 

and Nowack, 2008). One of the likely routes for introducing AgNPs in the environment is via 

waste streams (Benn et al., 2010), with a high probability for these nanoparticles to enter in 

waterways (Blaser et al., 2008).  

Sun et al. (2013) have investigated the removal of AgNPs by conventional treatment, 

namely coagulation, flocculation and sedimentation, using high doses of four different 
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coagulants (495, 400, 30 and 47 mg/L for aluminium sulphate, ferric chloride, PACl and PFS). 

It was found that AgNPs can be removed from water by these treatments, but removals were 

largely affected by the water characteristics such as ionic strength (IS), natural organic matter 

(NOM) and suspended solids. Dissolved silver removal was not studied since the authors used 

borate buffer in the AgNPs suspension to reduce the releasing of silver ions. Springer et al. 

(2013) also investigated the removal of ENPs from water using ultrafiltration and showed that 

this process efficiently removed SiO2 NPs from water. However, since they used turbidity and 

granulometry to detect NPs in the permeate water, they did not study the removal of the ionic 

form dissolved in the water.  

Recent advances suggest that many of the issues involving water quality could be resolved 

or greatly ameliorated by nanotechnology (Tang and Lo, 2013). Nanofiltration (NF) has 

become an attractive alternative technology to conventional water treatment since the 

separation process primarily occurs due to steric hindrance and membrane solute interactions, 

so it could be a solution to remove from water both the metal-based NPs and the ions released 

from these NPs. 

In this work, the performance of nanofiltration to remove both AgNPs and dissolved Ag 

(released from the AgNPs) from water are studied. NPs dissolve in water so the removal of both 

particulate and dissolved forms is essential to reduce the impact of releasing ENPs on the 

environment. The removal of both particulate and dissolved Ag forms by nanofiltration 

represents an integrated treatment solution to these emerging contaminants. Nanofiltration 

experiments were performed in the presence of mono- and divalent salts and NOM, given its 

relevance to understand the mechanisms and solution interactions that could influence the NPs 

removal in water purification processes. To the author knowledge, this is the first time of such 

approach is used to reduce ENPs in waters. 

 

6.2. Materials and Methods 

6.2.1. Preparation and characterisation of AgNPs suspensions 

Commercially available silver nanopowder (Sigma-Aldrich, LOT#MKBH2895V) was 

used. According to the supplier, the particle size is <100 nm in diameter, the standardised 

surface area is 5.0 m2/g and the molecular weight is 107.87 g/mol. In this study, the pristine 

compound was used to ensure control of the process variables. The NPs were dispersed in 
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deionised (DI) water, without further purification, and suspensions were sonicated using a bath 

sonicator (USC500TH, VWR International). The concentration of AgNPs was set at 100 mg/L 

to ensure the quality of the dynamic light scattering (DLS) analysis, as suggested by the 

equipment supplier. At least three measurements were made to ensure the quality of the 

analyses.  

Transmission electron microscopy (TEM) was used to observe the size and shape of the 

AgNPs. A drop of NP suspension was deposited onto a 300 mesh copper grid coated with a 

carbon layer, and the excess solution was removed by tissue paper and allowed to dry at room 

temperature. The observation was made on a JEOL JEM-1011 microscope. 

The X-ray diffraction (XRD) technique was used for identification of the crystal structure 

of AgNPs in a Panalytical X’Pert Pro diffractometer using CuK radiation filtered by Ni and 

X’Celerator detector. The measurements were made using a step-scanning program with 0.167° 

per step and acquisition time of 100 s per step. The HighScore Plus Software, with ICDD PDF-

2 database, was used for peak analysis and crystalline phase identification.  

The AgNPs optical absorption measurements in the UV-Vis range were made in a 

Spectronic Unicam (UV300) spectrophotometer at room temperature. The wavelength used in 

experiments ranged from 320 to 600 nm.  

The hydrodynamic diameter and zeta potential of AgNPs were determined at 25°C by a 

DLS and electrophoretic light scattering (ELS), respectively using a Zetasizer Nano ZS analyser 

(Malvern Instruments Inc., UK), as previously described (Serrão Sousa and Ribau Teixeira, 

2013).  

AgNPs characterisation was made in the feed waters used in NF experiments, so at different 

pHs, IS, and type and concentration of NOM, and prepared as presented in the next section. 

Additional experiments were made to determine the dissolution of AgNPs using the same 

method presented by Mitrano et al. (2012). Briefly, disposable filter membranes (Anotop 

alumina 25 mm) from Whatman International (0.02 m pore size) were used, pre-sonicated 

samples were hand-filtered by filling polypropylene 30-ml syringes with the sample and 

pushing it into 50-ml glass container and non-filtered and filtered samples were analysed by 

atomic absorption spectrometry (AAS) and dissolved Ag concentration was determined. 

 

 

 

 



130 

 

6.2.2. Experimental setup and procedure 

NF270 and NF90 membranes were used in a laboratory commercial bench scale plate and 

frame unit, using two pairs of each membrane type with an area of 720 cm2 each pair (M20 

unit; maximum pressure 80 bar; maximum flow 18 L/min; and a constant temperature 

maintained by a heat exchanger). Table 6.1 summarises the characteristics of these membranes. 

Experiments were performed at a constant pressure of 10 bar and a temperature of 211°C. 

Prior to the experiments, the membranes were compacted using DI after which the initial 

permeate flux was established. Synthetic aqueous solutions of AgNPs of desired ionic strength 

or NOM concentration were fed to the feed tank. The experiments were performed using 

synthetic aqueous solutions of metal NPs and varying the ionic strength (100 200, 300 mM), 

the salt type (NaCl, NaCl+CaCl2, CaCl2), the NOM concentration (4, 16, 35 mg C/L) and the 

NOM type (hydrophilic - tannic acid (TA), hydrophobic - Aldrich humic acids (AHA)). 

Samples of permeate and retentate were collected at a given time interval, to measure the 

observed solute rejection (R) and permeate volume flux (J). Both the streams of permeate and 

retentate were recycled to the feed tank except for the samples drawn for analysis purpose. 

Certified analytical grade stock solutions of the reagents were used (>99.0% purity).  

 

Table 6.1. Characteristics of NF90 and NF270 membranes. 

 Membranes 

 NF90 (*) NF270 (*) 

Pure water permeability (L/(h.m2.bar), 21ºC) 7.6 10.6 

MWCO (Da) 110 170 

Pore radius (nm)** 0.34 0.42 

Charge (pH above 3)** Negative Negative 

* Thin-film composite membranes are consisting of a semi-aromatic piperazine-based, polyamide layer 

on top of microporous polysulfone support, from Alfa Laval. 

** Supplier information. 

 

 

6.2.3. Analytical Methods 

Samples were analysed for pH (at 25ºC, Whatman WTW pH340 meter), conductivity 

(Crison GLP32 conductimeter), turbidity (HACH 2100N turbidity meter of high resolution, 

0.001 NTU) and dissolved organic carbon (DOC) (Shimadzu TOC 5000A analyser, 50 ppb–
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4000 ppm), using standard methods of analysis (Eaton et al., 2005b). The permeate flux was 

determined by weight (Shimadzu, model BX 620S). All samples were analysed in triplicate. 

Turbidity was used to analyse AgNPs. 

Silver concentrations in feed and permeate waters were determined by atomic absorption 

spectrometry (AAS AAnalyst 800, Perkin-Elmer, detection limit: 0.350 µg/L), after acid 

digestion with 2% nitric acid (HNO3). Ag was analysed by graphite furnace using standard 

methods (Eaton et al., 2005a). The accuracy of the analytical procedure was assessed by the 

injection of the silver standard at the beginning of sample quantification and between every ten 

samples. 

 

6.3. Results and Discussion 

6.3.1. Characterisation of AgNPs  

The XRD pattern of AgNPs is shown in Figure 6.1a, from which the phase and the crystal 

structure of the sample were analysed. It gives a cubic structure, and the intensities and positions 

of the diffraction peaks of nanoparticles are in good agreement with the reported values 

(JCPDS#01-087-0718). No peaks of impurities are found in the XRD pattern. The lattice 

parameters, a, b and c are all 4.0773 Å. Scherrer equation was not used to estimate the average 

size of the nanoparticles since it is unreliable at estimating particle size (Calvin et al., 2005; 

Hall et al., 2000) and TEM is the most accurate method to estimate the relative average sizes 

(Calvin et al., 2005).  

The optical absorption spectrum of AgNPs suspension (Figure 6.1b) shows two absorption 

peaks at visible wavelength, approximately at 460 nm and at 530 nm.  

Figure 6.1c presents the image obtained by TEM. The individual nanoparticles appear to 

be spherical in shape and aggregated, with an average diameter of about 41.7±11.1 nm. The 

particles hydrodynamic diameter is 164.2±2.7 nm in DI, measured by DLS. This larger size 

compared with Ag individual particle size obtained by TEM demonstrates that aggregates are 

formed in suspensions at the onset of DLS measurements. According to Jiang et al. (2009), 

when nanoparticles are dispersed in liquids, their hydrodynamic size is often larger than the 

primary dry particle size, due to interaction between nanoparticles and the surrounding solution.  
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Results from dissolution experiments revealed that about 3.0±0.4% of the total Ag 

concentration present in solutions was in dissolved form, indicating that most of the Ag was in 

nanoparticulated form. 

Figure 6.2 presents the variation of zeta potential and hydrodynamic diameter of AgNPs in 

the studied waters. In Figure 6.2b and Figure 6.2c, pH was not adjusted. Zeta potential and 

consequently, the hydrodynamic diameter are highly affected by solution pH (Figure 6.2a). 

Results show that for the entire pH range tested (~2.6 to 12), zeta potential is negative. From 

pH ~5 to 2.6, AgNPs zeta potential approaches zero (thus, is less negative), and after pH 5 and 

until 12 zeta potential remained practically unchanged. These results show that the isoelectric 

point of the AgNPs is, most likely, at pH values under 2.6 as reported by (Elzey and Grassian, 

2010). At the isoelectric point, particles have little or no charge; repulsive forces between 

nanoparticles are weaker, so each collision between primary nanoparticles and aggregates 

causes particles adherence (Baalousha et al., 2008). For hydrodynamic diameter, results show 

a decrease with pH increase, ranging between 226±22.5 nm (at pH 2.6) and 133±1.2 nm (at pH 

12). The aggregation trend at acidic pH is due to the reduction of the electrostatic repulsion that 

could lead to particle precipitation and sedimentation. As pH increases, the concentration of 

OH- and the electrostatic repulsion between particles increases which provides NPs 

stabilisation. Consequently, the hydrodynamic diameter decreases.  

In the presence of NaCl, the zeta potential of AgNPs remained negative compared with DI 

water at same pH (respectively, -41 mV, Figure 6.2b, and -43 mV, Fig. Figure 6.2a). When 

CaCl2 and NaCl are added together, zeta potential approached zero (approximately -10.1 mV, 

Figure 6.2b) and for CaCl2 without NaCl addition, zeta potential is very close to zero 

(approximately -1.99 mV, Figure 6.2b). Therefore, as ionic strength increases, IS(NaCl)< 

IS(NaCl+CaCl2)< IS(CaCl2), interparticle repulsions decrease, the electrical double layer is 

reduced, and zeta potential approaches zero. In this situation, there is a decline in the energy 

barrier between particles, which allows the attractive van der Walls interactions to dominate, 

favouring the formation of aggregates of higher dimensions (Chen and Elimelech, 2006; Jiang 

et al., 2009). Therefore, the hydrodynamic diameter is also affected by ionic strength: an 

increase in HD is observed as ionic strength increases (Figure 6.2b). Comparing the results 

presented in Figure 6.2b (salts added) with those in Figure 6.2a (no salts added), for the same 

pH, hydrodynamic diameter increases from 160 nm (with no salt added) to 556 nm when NaCl 

is added, from 140 nm (no salts added) to 860 nm for NaCl+CaCl2, and from 140 nm to 1250 

nm with the addition of CaCl2. The increase in aggregation trend with the addition of salts could 
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be explained by the reduction in the electrical double layer thickness that allows higher particle-

particle interactions, increasing aggregation. Some authors (Domingos et al., 2009; French et 

al., 2009), also observed that an increase in ionic strength led to the formation of micron-sized 

aggregates of titanium NPs. For fullerene NPs, Chen and Elimelech (2009) concluded that 

electrophoretic mobility of the fullerene nanoparticles became less negative as the electrolyte 

concentrations (NaCl, CaCl2) increased, with divalent cations being more effective than 

monovalent cations, which may indicate specific adsorption of Ca2+ ions onto NPs surface. 

When NOM (AHA or TA) is present, zeta potential is always negative, slightly more 

negative than without NOM at same pH, i.e. pH~5 (-50.8 mV and -48.0 mV with 4 mg/L of 

AHA and TA, respectively vs -42.0 mV without NOM; Figure 6.2a and Figure 6.2c). Thus, 

NOM imparts a negative charge to NPs surfaces and raises their absolute surface potential. In 

addition, the presence of NOM induced a slight increase in AgNPs hydrodynamic diameter 

(204 nm and 195 nm with 4 mg/L of AHA and TA, respectively vs 141 nm without NOM at 

same pH; Figure 6.2a and Figure 6.2c). Baalousha et al. (2008) showed an increase in the 

nanoparticles coverage, as well as the thickness of the surface coating, with the increase of 

AHA concentration. This surface coating increases the effect of steric stabilisation in addition 

to the effect on the surface charge that governs particle interactions in aqueous media.  

 

 

a) b)  c) 

  

 

Figure 6.1. (a) XRD pattern of AgNPs, (b) UV-Visible absorbance and (c) TEM image of AgNPs suspension. 
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a) 

 
 

b) c) 

  

Figure 6.2. Variation of AgNPs zeta potential (ZP) and hydrodynamic diameter (HD) with: (a) pH, (b) mono 

and divalent salts, and (c) NOM (values presented as mean, standard deviations (n=6) are shown by the error 

bars). 

 

 

6.3.2. Influence of salts and ionic strength 

The influence of salts and ionic strength on the removal of AgNPs and dissolved Ag was 

evaluated. As can be seen in Figure 6.3, the ionic strength has a significant effect on the 

permeate flux, more pronounced in the presence of AgNPs. Permeate flux decreases with ionic 

strength, thus the highest flux is for water with NaCl and the lowest for water with CaCl2 for 

both membranes (IS(NaCl)< IS(NaCl+CaCl2)< IS(CaCl2)). For DI water, with or without 

AgNPs, the particle-membrane and the particle-particle repulsive forces at pH 5.4 prevent 

membrane fouling and flux remains practically unchanged. Therefore, NF270 permeate flux 
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decreases approximately 1% for DI water with AgNPs compared with DI water without NPs 

(Figure 6.3a), and NF90 flux decreases about 5% (Figure 6.3b). In the presence of salts, the 

increase in the ionic strength promotes: i) the neutralisation of counter-ions in the diffusion 

layer, resulting in contraction of the electrical double layer and increasing the attractive particle-

particle interactions allowing NPs to come sufficiently close to produce aggregation according 

to the classical Derjaguin-Landau-Verwey-Overbeak (DLVO) theory (Figure C 1, Appendix 

C), and ii) the increase of the osmotic pressure difference between the filtrate and the feed 

solution adjacent to the membranes surface. Therefore, the flux through the membrane reduces.  

Despite the presence of NPs in water, calcium has a larger effect on membrane fouling than 

sodium, through its complexation with the membrane functional groups contributing to 

membrane fouling (Hong and Elimelech, 1997). When both salts and AgNPs are present in the 

water, a more severe flux decline is observed (Figure 6.3). Permeate flux decreases because the 

characteristics (charge and hydrodynamic diameter) of the AgNPs change in the presence of 

salts (Figure 6.2b). Salts reduce AgNPs charge leading to the zeta potential approaching zero 

(ZP (DI< NaCl< NaCl+CaCl2< CaCl2), Figure 6.2a and Figure 6.2b) and promoting aggregation 

(HD (DI< NaCl< NaCl+CaCl2< CaCl2), Figure 6.2a and Figure 6.2b). Since AgNPs aggregates 

are much bigger than the membrane pore size (compare Figure 6.2 and Table 6.1), AgNPs 

accumulate next to the membrane surface, in the mass transfer boundary layer, reducing fluxes 

(Figure 6.3). A cake layer may be formed and hindered the back diffusion of the salts-AgNPs 

complexes to the bulk solution, which contributes to a build-up of a higher AgNPs 

concentration and removal of AgNPs aggregates remains almost constant during filtration time 

as previously reported for organic solutes (Ng and Elimelech, 2004), and turbidity presents 

values close to zero (Figure 6.4). Therefore, the main mechanism for NPs removal is size 

exclusion mechanism. With NaCl, AgNPs are smaller and more negative charged, and are 

bigger and practically with no charge in the presence of CaCl2 (Figure 6.2b), which originates 

a lower flux for water with AgNPs and CaCl2. The impact of the addition of AgNPs to the salt 

waters is more pronounced for NF90 membranes than for NF270. NF90 is a tight membrane so 

the effects of the NPs characteristics on the membrane fouling are more pronounced. 
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a) NF270 b) NF90 

  

 

Figure 6.3. Variations of the relative permeate flux (J/J0, J is the flux at each time and J0 the initial pure water 

flux) with time for DI and salt waters with AgNPs using: (a) NF270 and (b) NF90 (water pH values: pH(DI) = 

5.3±0.1; pH(NaCl) = 5.9±0.1; pH(NaCl+CaCl2) = 8.7±0.1; pH(CaCl2) = 8.9±0.1). 

 

 

 

a) NF270 b) NF90 

  

 

Figure 6.4. Variation of turbidity in the permeate water during experiments for DI and salt waters with AgNPs 

using: (a) NF270 and (b) NF90 (the dashed line represents the turbidity of DI water without NPs or salts). 

 

The Ag concentration in permeate (Figure 6.5) corresponds to the Ag released from AgNPs 

dissolution and that was not removed by NF. In Figure 6.5 removals as high as 98% and Ag 

concentrations below 15 g/L after 7 h of operation are shown. The total dissolved silver in the 

permeate increases with increasing ionic strength, more evident at 7 h of operation (Figure 6.5). 
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These results can be explained by the electrostatic repulsions between the membrane surface 

and the cations and anions present in the feed water. As ionic strength increases, the surface 

charge potential decreases, as well as the repulsions between particle-particle and particle-

membrane. Thus, the increase in ionic strength promotes the reduction of the thickness of the 

double layer resulting in lower rejections. In addition, the shielding effect is stronger and a 

decrease of the repulsions forces of the anions is also observed. According to Kent and 

Vikesland, (2012), the dissolution of AgNPs is linear as a function of NaCl in the range of 10 

to 550 mM. Based on the prediction by Visual MINTEQ (3.0), the equilibrium speciation of 

dissolved silver in the test conditions would be mainly AgCl2- and AgCl (about 80% and 14%, 

respectively) and only about 1% of free Ag+ and 7% of AgCl3
2-. These results are in accordance 

with other authors (Yang et al., 2014). The latter authors concluded that at higher ionic strength, 

a higher total silver concentration would be in the permeate, since a higher concentration of 

added Cl- generated more soluble silver chloride species and the Cl- had time to complex with 

AgNPs during filtration. Therefore, the removal of dissolved Ag is controlled by surface 

chemistry, since dissolved Ag complexed with the salts present in waters, influencing the 

charge and size of dissolved-Ag. 

These membranes present some selectivity to the studied salts (Figure 6.6). Conductivity 

removal sequence is R(CaCl2) > R(NaCl2) > R(NaCl+CaCl2), more evident for membrane 

NF270 (Figure 6.6). Size and charge effects are the main factors affecting separation process 

of ionic species in high ionic conditions, as of brackish waters and studied waters NF 

membranes appeared to be positively charged in the presence of Ca2+ cations by adsorption at 

high salt concentration (Peeters et al., 1998), and thus salts rejection can be explained by 

Donnan exclusion theory: higher valence co-ion caused a higher ion rejection. For salts mixture, 

rejection decreases when compared with single solutions, due to the increase of electrolyte 

concentration, responsible for higher ionic strength. 

Finally, these results also show that NF can be used to recover AgNPs present in the waters. 

Since AgNPs are widely used and are synthesised by chemical processes, the recovery of 

AgNPs by NF membranes will be a more sustainable process. 
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a) NF270 b) NF90 

 
 

 

Figure 6.5. Variation of ionic Ag concentration and removals during experiments for DI and salt waters with 

AgNPs using: (a) NF270 and (b) NF90 (the values above the bars are the removals (%) of dissolved Ag). 

 

 

a) NF270 b) NF90 

  

 

Figure 6.6. Conductivity removals for salt waters without and with AgNPs, using (a) NF270 and (b) NF90 

membranes. 
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6.3.3. Influence of NOM type and concentration 

The influence of NOM type and concentration on the removal of AgNPs and dissolved Ag 

was also evaluated. Figure 6.7 shows different behaviour in the permeate flux between 

membranes when permeating NOM waters. While for NF270 permeate flux is more affected 

by the type than the concentration of organic matter, for NF90 no significant difference is 

observed between the type and the concentration of NOM (Figure 6.7). For the same organic 

matter type (AHA or TA) and independently of the membrane used, no significant differences 

were obtained between NOM concentrations, despite the slightly lower flux observed for high 

NOM concentrations (Figure 6.7). However, NF270 membrane permeate flux is quite reduced 

in the presence of TA (flux decreases approximately 35% from DI to TA waters), in both 

experiments with and without AgNPs (Figure 6.7.a1 and Figure 6.7.b1). These results show 

that the permeation ability of the hydrophilic NF270 membrane is more affected by TA than 

the hydrophobic NF90 membrane, suggesting that TA contributes to the fouling of NF270 

membrane during nanofiltration. Although hydrophobic surfaces are known to foul at higher 

rates, fouling of hydrophilic membranes also occurs (Brant and Childress, 2002). 

There are two main reasons that could explain the results obtained for TA compared with 

AHA by NF270 membranes. On one hand, for TA with small molecular weight, at pH values 

lower than its ionization constant, the molecule is weakly negative-neutral and may form a 

compact coiled conformation, and subsequent cake formation, because of the ionogenic groups 

dissociation suppression (Brant and Childress, 2002; Lin et al., 2007). This suppression effect 

leads to a restriction of electrostatic repulsion and a reduction in the TA size, which could 

contribute to the fouling of the hydrophilic membrane. Lin et al. (2007) demonstrated a 

reduction of 30% of the permeate flux of NF hydrophilic membrane in the presence of TA, near 

pH 5 and using 5 mg/L of TA. Plakas and Karabelas (2009) showed that adsorption of TA to 

the NF270 membrane surface was seven times higher than the adsorption of humic acids, and 

for NF90 the adsorption of TA was similar to those present by humic acids. On the other hand, 

neutral and positively charged solutes engage in hydrophobic interactions with negatively 

charged membranes, whereas negatively charged solutes do not engage in hydrophobic 

interactions since they cannot approach the membrane surface as previously demonstrated 

(Verliefde et al., 2008). Negative charges of NF270 promote high electrostatic repulsion 

between the humic substances (high negatively charged) and the membrane. This repulsion 

prevents humic acids from being retained in the membrane surface, not contributing to 

membrane fouling and consecutively to the permeate flux reduction.  
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The DLVO calculations (Figure C 1, Appendix C) indicate that the energy barriers are 

slightly higher for AgNPs in the presence of AHA compared with TA, consistent with the 

measured zeta potential values (Figure 6.2c). The interaction energy between colloids is 

influenced by size, surface charge density and surface composition of the colloids (Boussu et 

al., 2007). The slight largest repulsion observed for AgNPs in the presence of AHA and their 

large size could also contribute to the flux results observed. 

 

a) Without AgNPs  

a1. NF270 a2. NF90 

  
  

b) With AgNPs  

b1. NF270 b2. NF90 

  

  

Figure 6.7. Variation of the relative permeate flux ((J/J0), J is the flux at each time and J0 the initial pure water 

flux) with time for DI and NOM waters (a) without and (b) with Ag NPs, using: (1) NF270 and (1) NF90 (water 

pH values: pH (AHA4 mgC/L) = 5.0±0.4; pH (AHA16 mgC/L) = 5.4±0.2; pH(TA16 mgC/L) = 4.6±0.1; pH (AHA35 mgC/L) 

= 7.2±0.2). 
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Results demonstrate that turbidity decreases rapidly at the beginning of the experiments to 

values above the initial turbidity of DI water (Figure 6.8). Therefore, NF membranes remove 

all the turbidity from waters, AgNPs turbidity and suspended and colloidal particles from AHA 

and TA (Figure 6.8). Turbidity values in permeate water are as low as 0.1 NTU for both 

membranes and independently of the type and concentration of the NOM added (Figure 6.8). 

Since the hydrodynamic diameter of AgNPs aggregates is around 220 nm with NOM (no 

significant differences were observed between TA and AHA, Figure 6.2c), and AgNPs are 

negative at the studied conditions (Figure 6.2c), the AgNPs removal mechanism is size 

exclusion. The presence of NOM leads to a surface coating of the nanoparticles with NOM 

molecules as referred by Baalousha et al. (2008). As referred by Mashayekhi et al., (2012) for 

fullerene NPs, the NOM organic coating on the surface of NPs aggregates did not allow 

aggregates to get close enough to form bigger aggregates, and aggregation stability increased 

due to steric stabilisation. Thus, a fouling layer on the surface of the membrane is promoted, 

that results in a decrease in the feed turbidity over time. However, since NF membranes used 

in this work are both negatively charged (Table 6.1), electrostatic interaction between 

negatively charged AgNPs-NOM and negatively charged membranes make the fouling layer 

reversible (membrane cleaning was made with DI water).  

For dissolved Ag, results demonstrate that removals are high (>77%) and increase during 

operation for both membranes (Figure 6.9). After 3 h of operation, removals become higher 

than 92% independently the type and concentration of NOM. In addition, results also show that 

removals are higher for NOM water than for DI water (Figure 6.9). This suggests that dissolved 

Ag is adsorbed to NOM or NOM-Ag complexes un-dissolved the silver in solution, which 

promotes their removal. Furthermore, dissolved Ag removals are slightly higher in AHA waters 

than in TA waters for both membranes which could be related with the hydrophilic character 

of TA and the enhanced negative charge of the AgNPs coated by AHA (-40 to -50 mV).  

Finally, DOC removals are very high (>80%) for all the situations studied, and waters 

without AgNPs present removals slightly higher than water with AgNPs, especially using 

NF270. Therefore, AgNPs do not influence significantly the removal of DOC, which means 

that these membranes can be used to treat water and recover AgNPs. 
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a) NF270 b) NF90 

  

  

Figure 6.8. Variation of turbidity in the permeate with time, for DI and NOM waters using (a) NF270 and (b) 

NF90 (the dashed line represents the turbidity of DI water without NPs or salts). 

 

 

 

a) NF270 b) NF90 

  

 

Figure 6.9. Variation of Ag concentration in the permeate and removals with time, for DI and NOM waters 

using (a) NF270 and (b) NF90 (the values above the bars in the permeate water are the removals (%) of Ag). 
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6.4. Conclusions 

This work shows that nanofiltration is an efficient technology to remove AgNPs, and 

simultaneous dissolved Ag released by AgNPs, from waters. AgNPs were completely removed 

and dissolved Ag presented removals higher than 92% for the studied waters and the 

membranes tested.  

Results also demonstrate the role of the ionic strength on the nanofiltration performance to 

treat waters with dissolved Ag released by AgNPs. The increase of the ionic strength reduces 

the electrostatic repulsions force and the thickness of the double layer, reducing rejection of 

dissolved Ag. In addition, ionic strength and, therefore, the concentration of added Cl- 

influences the Ag-species in solution, which generates more soluble silver chloride species and 

increases the concentration of Ag in the permeate. Therefore, the removal of dissolved Ag is 

controlled by surface chemistry, since dissolved Ag complexes with the salts present in waters, 

influencing the charge and size of dissolved-Ag.  

The impact of NOM is just observed for NF270 membrane and NOM type. Permeate flux 

reduces approximately 35% when permeating TA. This is due to the weakly negative-neutral 

charge and compact coiled conformation of TA, and a restriction of electrostatic repulsion, 

which contribute to the fouling of the hydrophilic membrane. Dissolved Ag in NOM waters 

presents removals higher than >77% increasing with operation type to values higher than 92%.  

Finally, the main mechanism of AgNPs removal by these membranes is size exclusion, due 

to the size of AgNPs aggregates compared with the membrane size. The removal of dissolved 

Ag is suggested to be by complexation with salts and adsorption to NOM or NOM-Ag 

complexes un-dissolved the silver in solution. However, this needs further investigation. 

In this work, it was proved that it is possible to remove both AgNPs that are the in aquatic 

environments and simultaneously remove the dissolved Ag (released from NPs) from the water. 

To the author’s knowledge, this was the first time of such approach has been applied to the 

removal of NPs. In this work pristine nanoparticles and model waters were used to control the 

variables involved in the process. The next step and in future work, non-pristine nanoparticles 

should be tested since silver nanoparticles can be transformed during treatment. 
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Chapter 7  

Concluding Remarks 
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7.1. General conclusions 

At the beginning of this work (2015) less was known about the actual effectiveness of 

drinking water treatments (DWTs) to remove engineered nanoparticles (ENPs) from water. At 

that time, only a few works had addressed the ENPs removal efficiencies from surface water, 

with high variability in the reported data. Although an exponential growth in the research 

published on nanoparticles in freshwater and their removal by water treatments was observed 

since 2014, the interest of the scientific community in these emergent contaminants in drinking 

water only started to raise after 2015 (Chapter 2). Even so, research on the occurrence (and 

detection) of nanoparticles in natural waters, as also on their removal, was still scarce. In 

addition, at that time there was no systematic review compiling the information available on 

the fate and breakthrough of ENPs in DWT. Therefore, in the present thesis previous 

information was reviewed by discussing the peer-reviewed articles published on metal-based 

ENPs occurrence, behaviour and detection in surface waters, as well as on the ability of DWTPs 

processes to remove ENPs (Chapter 2). Based on this review and in the unique characteristics 

and properties of ENPs, water treatment processes were chosen, and treatment strategies 

defined and developed to avoid the ENPs breakthrough into treated drinking water, reducing or 

even eliminating their hazards to human health (Chapters 3-6). For the first time: (i) 

conventional treatment (C/F/S) was optimised focused on the ENPs removal, instead of 

turbidity or NOM, as reported by other authors; (ii) simultaneous removal of three co-existing 

ENPs from drinking waters sources was assessed; (iii) conventional and advanced treatments 

were used alone or combined to assess the ENPs simultaneous removal; (iv) the advanced 

treatment nanofiltration was applied to evaluate the complete removal of ENPs and released 

ions and (v) treated waters quality was evaluated under national and international guidelines 

and by comparison with DWTP actual values, to explore the effect of ENPs removal in other 

target parameters. Considering that nanoparticles have already been detected in surface water, 

raw and treated drinking water and tap water, ranging from ng/L to µg/L, this thesis came to 

fill a knowledge gap in nanoparticles and water treatment disciplines representing an important 

contribution not only to those subjects, as also to the public health field.   

The strategies employed in this thesis comprised two levels of water treatments: 

conventional (Chapters 3-5) and advanced (Chapters 5 and 6) processes, which have been 

applied alone or together. The removal efficiency of the conventional treatment coagulation/ 

flocculation/ sedimentation (C/F/S) was primarily explored to remove TiO2 NPs from synthetic 
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and natural surface waters, based on promising results reported by earlier studies (Chapter 3). 

It was demonstrated that TiO2 NPs could be removed at concentrations up to 95% using C/F/S, 

by the main mechanism of charge neutralisation. The high ENPs removals were obtained using 

an Al-based coagulant applied in actual drinking water treatment (DWT) and with operating 

parameters (mixing speed and period) set based on the typical real conditions. Other important 

findings were demonstrated with these initial experiments, namely hydrophobic waters need 

more coagulant to achieve similar Ti removals than hydrophilic waters, showing a strong 

influence of the water characteristics. In addition, hydrophobic waters showed higher turbidity 

removal than hydrophilic waters because of the initial turbidity of the former water, which 

improved removal. The presence of TiO2 NPs also contributed to high removals of NOM and 

turbidity, since titanium compounds have some coagulant properties. Likewise, C/F/S also 

presented high efficiency in the simultaneous removal of different co-existing metal-based 

ENPs (TiO2, Ag and CuO) from hydrophilic natural surface waters used for public supply by 

optimisation of the coagulant dose based in single ENPs removals (Chapter 4). Removal 

efficiencies above 93% (depending on the ENP) were observed for a low turbidity natural water 

(1.91±0.36 NTU, NW1), and above 98% for a medium turbidity natural water (63.33±5.37 

NTU, NW2). It was also concluded that the main mechanism involved in simultaneous ENPs 

removal by C/F/S was charge neutralisation. However, in NW2 sweep flocculation may also be 

involved, but more studies are needed to confirm the presence of this mechanism. Once again, 

the differences between water characteristics play an important role on the coagulant demand, 

on the overall performance of C/F/S process and consequently on the ENPs removal, despite 

both waters were hydrophilic. Although conventional C/F/S had shown to highly remove co-

existing metal-based ENPs from surface waters, residual concentrations of Ti, Ag and Cu were 

still found in the treated water, namely 6.5±2.1 and 2.5±0.7 µg Ti/L, 15.0±1.4 and 6.0±1.4 µg 

Ag/L, and 18.8±8.8 and 0.5±0.1 µg Cu/L, respectively, for the lowest turbidity and NOM 

content water (NW1) and for the highest turbidity and NOM content water (NW2) studied. The 

enhancement of the conventional coagulation by the addition of powdered activated carbon 

(C/F/S+PAC) and the hybrid membrane treatment integrating conventional C/F/S and advanced 

ultrafiltration (C/F/S→UF) improved the multiple ENPs removal compared to conventional 

C/F/S (Chapter 5). After C/F/S+PAC treatment, Ti presented the highest removal with residual 

concentration below the detection limit (0.350 µg/L) for both natural waters. In C/F/S+PAC 

treatment, Ti, Ag and Cu removal efficiencies were higher than 99.2%, and in the C/F/S→UF 

Ti and Cu removal efficiencies were higher than 99.9% and undetected in permeate flux. On 
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the other hand, Ag residual concentrations were found in the UF permeate (approximately 5.0-

7.0 µg/L). This indicated that some part of the Ag was not removed by the UF membrane, which 

could be related to AgNPs dissolution, since membrane pores were smaller than the individual 

ENPs and aggregates size. Yet, C/F/S+PAC presented higher efficiencies for the NOM removal 

than C/F/S→UF, and for the turbidity removal, the reverse was observed. In the case of the 

turbidity, the low density of the PAC used contributed to the presence of more particles in the 

final water, anticipating the need to use a filtration step after the C/F/S+PAC. Due to the 

membrane pore size, and the size and charge of aggregates and individual ENPs, the main 

mechanisms proposed to C/F/S→UF were charge neutralisation (C/F/S) and size exclusion 

(UF).  

The application of the advanced treatment nanofiltration (NF) alone using synthetic waters 

(Chapter 6) had proven, for the first time, that AgNPs and dissolved Ag released from AgNPs 

can be completely removed with removals up to 99.9% depending on salts and NOM content, 

membrane type and operation time. In NF operation the main mechanism of AgNPs removal is 

size exclusion, as also shown for UF, due to the size of AgNPs aggregates and individual 

particles compared with the membrane size. The removal of dissolved Ag was suggested to be 

by complexation with salts and adsorption on NOM or NOM-Ag complexes un-dissolved the 

silver in solution. However, since NF was tested without any pre-treatment, NF 270 permeate 

fluxes reduces approximately 35% in the presence of waters with the NOM surrogate tannic 

acid (TA) due to the weakly negative-neutral charge and compact coiled conformation of TA, 

and a restriction of electrostatic repulsion, which contribute to the fouling of the hydrophilic 

membrane.  

Overall, the processes optimisation (C/F/S, C/F/S+PAC and C/F/S→UF) to the ENPs 

removal did not affect the ability of all processes to remove other target compounds of the 

drinking water treatment, with residual turbidity, DOC, SUVA and aluminium below the 

Portuguese and WHO guidelines for DWT, and similar to those found in WTPs. The target 

parameters were within the acceptable range for removal efficiencies by C/F/S, with strong 

correlations (R > 0.8) between the ENPs removal and the turbidity, DOC and UV254 removal 

observed, indicating that coagulant doses achieved based in ENPs removal are suitable for the 

removal of other parameters. Unlike the water’s characteristics, the presence of multiple ENPs 

did not influence the Al-based coagulant demand.  
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Therefore, based on the results presented in Chapters 3 and 4 it is possible to answer to the 

first hypothesis purposed in this thesis, yes, conventional DWT can be optimised to be able to 

remove nanoparticles, with high removal efficiencies. Chapter 5 clearly demonstrated that 

C/F/S, combined or integrated with PAC and UF, are highly effective in the metal-based ENPs 

removal being good options to protect human health against the exposure to nanoparticles 

through drinking water, without compromising the target parameters in DWT. The high ENPs 

removal efficiencies were obtained simulating typical operational conditions at water plants, 

using commercial Al-based coagulant and PAC, both largely applied in the actual DWT context 

and natural waters currently used for drinking water production, to enable a future scale-up of 

these treatments. Moreover, coagulant and PAC doses were within the range of DWT typical 

doses. Therefore, Chapter 5 (together with Chapters 3 and 4) answer to the third hypothesis 

purposed in this thesis. However, Ag ions were not completely removed, which leads to the 

second hypothesis purposed in this thesis. Advanced treatments can effectively remove metal-

based ENPs, but the completely removal of ions released from nanoparticles is extremely 

dependent on the water characteristics.  

The use and integration of the advanced treatments approach showed additional advantages. 

Nevertheless, conventional treatments, especially when combined, also proved to be a valuable 

alternative with the advantage of being more cost-effective. Membrane processes, such as UF 

and NF are usually considered more environmental-friendly, since they are physical processes, 

without the need for chemical addition. Yet, these processes presented a higher energetic 

demand, which is a drawback from the sustainability point of view. Within the conventional 

treatments, enhanced treatment C/F/S+PAC can be seen as a more ecological option, since the 

application of PAC (from natural compounds) could imply a reduction in the Al-based 

coagulant doses, often associated with neurological diseases such as Alzheimer’s. Also 

enhancing or integrating the most used process in drinking water production (C/F/S) minimises 

the impact of WTP requalification. 

At the end of this thesis, it can be assumed that optimised conventional treatment C/F/S is 

able to remove metal-based ENPs from surface waters with high effectiveness. To improve this 

removal other treatments (conventional or advanced) must be coupled to C/F/S and both 

C/F/S+PAC and C/F/S→UF could be applied to achieve ENPs removals close to 100%. 

However, due to the dissolution of some ENPs a more refined treatment may be needed. 

Therefore, due to the knowledge gap on the possible toxic effects of ENPs on human health, a 
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treatment line integrating C/F/S+PAC, followed by UF or even NF processes emerges as the 

best solution to eliminate ENPs threat to human health.  

 

7.2. Future perspectives 

The treatment strategies applied in this study were an efficient approach to remove ENPs 

during DWT and reduce the threat of these emergent contaminants, representing objective and 

reproducible methodologies, which can be adopted in DWTPs. Furthermore, from a broader 

perspective of research, the delineation of these water treatment strategies could be relevant to 

explore the simultaneous removal of multiple emergent contaminants, such as ENPs, 

pharmaceuticals and micro and nanoplastics. The results of this thesis and the knowledge 

acquired during its development identified a set of additional research that could further 

improve the effectiveness of ENPs removal by DWT and their application to full-scale context. 

Additional research includes: 

 

- The development of more suitable analytical techniques for the quantification of ENPs 

in complex matrices, like surface water sources, as also in treated drinking water; 

 

- The knowledge improvement on ENPs toxicity to human health and environment, to 

enable the settlement of stringent requirements and guidelines specific for nanoparticles 

in the frameworks of the government environmental regulation; 

 

- The evaluation of ENPs and released ions removal by NF using hydrophilic and 

hydrophobic natural surface waters, integrating NF with C/F/S to reduce the fouling 

effect and decrease the influence of water characteristics in the removal; 

 

- The full assessment of the mechanisms involved in the ENPs removal by C/F/S, namely 

the possibility of sweep flocculation acting in the natural water with a higher content of 

turbidity and NOM; 
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- The evaluation of ENPs removal by C/F/S+PAC and C/F/S→UF using hydrophobic 

waters;   

 

- The scale-up (pilot and full-scale) of the purposed treatments and strategies.  

From a preventive perspective, it would also be advantageous to investigate ENPs point 

sources, focusing on ENPs release hotspots monitoring, especially for DWTP monitoring 

intakes located downstream of large urban communities. It also would be an asset to conduct 

periodical analyses measuring the most common metal-based ENPs, due to the potential 

hazards on public health. 
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APPENDIX A 

 

a) b) 

  
 

c) 

 

Figure A 1. Variation of water pH with added coagulant for a) hydrophilic, b) hydrophobic and c) natural 

waters. 
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APPENDIX B 

Figure B 1 shows the FTIR images of virgin PAC as-received. The FTIR spectra described 

a broad band between 3600 and 3200 1/cm which was indicative of the presence of both free 

and hydrogen-bonded OH groups on the PAC surface. This stretching was due to of O-H bonds 

in hydrogen bonded hydroxyl groups of phenols and secondary alcohols. The strong band 

between 1600 and 1390 1/cm is due to COO- stretching in carboxylate groups, graphite C=C 

stretching, and methylene C-H and phenol and alcohol O-H bending. The FTIR spectra also 

indicated transmittance around 1200 and 1100 1/cm showing the stretching of C-O and C-O-C 

bonds in alcohols, phenols and ethers. 

 

 

 

Figure B 1. FTIR images of PAC used in the experiments. 
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APPENDIX C 

The Derjaguin–Landau–Verwey–Overbeek (DLVO) theory was used to estimate the net 

particle interaction energy. In this theory, the total interaction energy (V) is the sum of van der 

Waals attractive forces (VVDW) and repulsive electrostatic interactions between particles (VEDL). 

VVDW and VEDL were determined as already presented in (Serrão Sousa and Ribau Teixeira, 

2013). Brieflty, VVDW was calculated using the approximate expression of (Gregory, 1981) 

Gregory, 1981 and VEDL (in J) was calculated as proposed by French et al. (2009): 

 

𝑉 =  𝑉𝑉𝐷𝑊 +  𝑉𝐸𝐷𝐿 (1) 

𝑉𝑉𝐷𝑊 =  −
𝐴𝑎

6ℎ (1+14 ℎ ⁄ )
 (2) 

𝑉𝐸𝐷𝐿 = 2𝜋𝜀𝑎2ln (1 + 𝑒−ℎ)  (3) 

 

where A is the Hamaker constant of 2.82x10-20 J suggested by (Israelachvili, 1992) for AgNPs 

in water, a is the particle radius measured by DLS, h is the separation distance, and  is the 

dielectric wavelength for water (100 nm, (Shih et al., 2012)), =r0 is the dielectric constant, 

where εr (78.54) is the dielectric constant of water and ε0 (8.85x10-12 CV-1 m-1) is the 

permittivity of vacuum,  is the zeta potential obtained from the measured electrophoresis 

mobility, and  is the inverse Debye length estimated for each ionic strength as suggested by 

French et al. (2009). 

DLVO interaction energy between particles variation with ionic strength and NOM type 

and concentration are presented in Figure C 1. 

 

a) b) 

  

Figure C 1. DLVO interaction energy profiles for suspensions of AgNPs at different: (a) ionic strengths, and (b) 

NOM type and concentration. 




