
Bacterial bioaugmentation for paracetamol removal from water and sewage 
sludge. Genomic approaches to elucidate biodegradation pathway
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H I G H L I G H T S G R A P H I C A L  A B S T R A C T

• Wide ranges of APAP concentrations 
degraded by P. extremaustralis CSW01 / 
S. stutzeri CSW02 at various tempera
tures and pHs.

• CSW01 mineralized APAP (500 ppm) up 
to 74 % in consortia with M. aubagnense 
HPB1.1

• Metabolites detected: 4-aminophenol, 
hydroquinone and trans-2-hexenoic 
acid.

• 50 mg kg− 1 APAP in sludge were 
degraded by CSW01 and CSW02 in only 
4 days

• Amidases, deaminases, hydroxylases 
and dioxygenases were involved in 
APAP degradation
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A B S T R A C T

Wastewater treatment plants (WWTPs) are recognized as significant contributors of paracetamol (APAP) into the 
environment due to their limited ability to degrade it. This study used a bioaugmentation strategy with Pseu
domonas extremaustralis CSW01 and Stutzerimonas stutzeri CSW02 to achieve APAP biodegradation in solution in 
wide ranges of temperature (10–40 ◦C) and pH (5− 9), reaching DT50 values < 1.5 h to degrade 500 mg L− 1 

APAP. Bacterial strains also mineralized APAP in solution (<30 %), but when forming consortia with Mycoli
cibacterium aubagnense HPB1.1, mineralization significantly increased (up to 74 % and 58 % for CSW01 +HPB1.1 
and CSW02 +HPB1.1, respectively), decreasing DT50 values to only 1 and 9 days. Despite the complete degra
dation of APAP and its high mineralization, residual toxicity throughout the process was observed. Three APAP 
metabolites were identified (4-aminophenol, hydroquinone and trans-2-hexenoic acid) that quickly disappeared, 
but residual toxicity remained, indicating the presence of other non-detected intermediates. CSW01 and CSW02 
degraded also 100 % APAP (50 mg kg− 1) adsorbed on sewage sludge, with DT50 values of only 0.7 and 0.3 days, 
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respectively, but < 15 % APAP was mineralized. A genome-based analysis of CSW01 and CSW02 revealed that 
amidases, deaminases, hydroxylases, and dioxygenases enzymes were involved in APAP biodegradation, and a 
possible metabolic pathway was proposed.

1. Introduction

Pharmaceutical products have been proposed as emerging contami
nants of great concern which provokes serious environmental problems 
due to their potential long-term effects and ecotoxicological risk [1]. 
One such pollutant that has gained much attention is paracetamol 
(APAP), a widely used pain reliever. APAP is a common drug found in 
wastewater mainly coming from households, hospitals effluents and 
pharmaceutical industries. It is used to treat mild to moderate pain, 
fever, and inflammation. However, APAP disposed of from household, 
hospitals or pharmaceutical industries is collected at wastewater treat
ment plants (WWTPs) where its elimination is not complete, remaining 
in part in the effluent treated waters (discharged into surface waters 
used for soil irrigation) and in part adsorbed on sewage sludge (used as 
fertilizer in agricultural soils). Therefore, APAP is not only detected in 
surface water, but also in groundwater systems, and tend to accumulate 
in soil. Despite the low concentration of APAP in these matrices, its 
presence has been associated with negative effects and toxicity on 
various species due to its bioaccumulation. Of particular concern is its 
accumulation in certain aquatic organisms, where it can lead to repro
ductive, neurotoxic, or endocrine disorders [2-4]. Thus, finding a solu
tion to remove this drug from water and sewage sludge in WWTPs before 
their release and dispersion into the environment is critical.

One possible solution is the use of bacterial degrading strains in 
bioaugmentation. Bioaugmentation is a promising approach for 
improving the biodegradation of pollutants in contaminated environ
ments. This technique involves adding bacterial degrading strains to the 
contaminated site to enhance the existing microbial population with 
biodegradation capabilities [5]. The biodegradation of APAP involves 
the breakdown of the drug into smaller molecules, including mainly 
formed metabolites 4-aminophenol (4-AP), hydroquinone (HQ), or 
benzoquinone. These metabolites can be also further broken down by 
bacteria into less harmful compounds through mineralization. In recent 
years, only a few bacterial strains have been identified that can degrade 
APAP. Most of them belong to the Pseudomonas genera [6-13], but other 
genera have shown APAP degradation, such as Bacillus [14-16]. Palma 
et al. [17] isolated eight bacterial strains from two consortia recovered 
from two marine organisms which exhibited a high APAP removal ca
pacity. Paenibacillus, Micrococcus, and Microbacterium genera were 
identified as the isolates capable of growing in the presence of 100 mg 
L− 1 APAP as the sole carbon source. Micrococcus yunnanensis strain 
TJPT4 showed the highest degrading capacity, reaching 93 % of 15 mg 
L− 1 APAP as the sole carbon source after 360 h. Park and Oh [18] iso
lated Ensifer sp. POKHU from activated sludge which degraded up to 
630 mg L− 1 of APAP without substrate inhibition. Two bacterial strains 
that have shown highly promising results in degrading APAP in solution 
are those isolated in our group so far [19] designated as Stutzerimonas 
stutzeri CSW02 and Pseudomonas extremaustralis CSW01, which showed 
the ability to degrade 500 mg L− 1 of APAP in only 6 and 4 h, 
respectively.

Although bioaugmentation with bacterial degrading strains is a 
promising approach for treating contaminated environments, several 
factors need to be considered for its successful implementation, such as 
strain selection and environmental conditions [20]. Among the various 
physicochemical parameters that influence bio
augmentation/bioremediation success (chemical structure, concentra
tion and availability of pollutants, nutrients, and oxygen contents, etc.), 
temperature and pH are especially important. The rate of biodegrada
tion generally increases with temperature, up to a certain point, after 
which it may decrease or cease completely. Optimal temperatures for 

biodegradation depend on the specific microorganisms involved and the 
nature of the organic compound being degraded. In general, mesophilic 
microorganisms (those that thrive at moderate temperatures, between 
20–45 ◦C) are most commonly used for biodegradation. Higher tem
peratures can enhance the rate of biodegradation, but if the temperature 
exceeds the optimal range, it can inhibit microbial growth and activity. 
On the other hand, lower temperatures can slow down the rate of 
biodegradation, but the process can still occur, albeit at a slower rate. 
Similarly, the pH of the environment also plays a crucial role in 
biodegradation, as it affects the activity of microorganisms involved in 
the process. The optimal pH range for biodegradation varies also 
depending on the type of microorganism involved and the organic 
compound being degraded. In general, most microorganisms thrive at 
slightly acidic to slightly basic pH levels (pH 6–8). However, some mi
croorganisms can tolerate and even thrive in more acidic or alkaline 
conditions. If the pH of the environment is outside of the optimal range, 
microbial activity may be inhibited, leading to slower or incomplete 
biodegradation. Xagoraraki et al. [21] observed that as pH increased, 
degradation of APAP also increased when studied in the range of 6–9. 
Żur et al. [13] determined for Pseudomonas moorei KB4 strain, that the 
optimal pH for APAP degradation was 7, and 30 ◦C the optimal tem
perature, whereas Chen et al. [22] reported that the optimal degrading 
conditions by Shinella sp. HZA2 were pH 7.5 and 32.7 ◦C. Therefore, 
temperature and pH should be considered alongside other factors when 
designing and implementing biodegradation processes.

Sewage sludge is an undesirable byproduct of the wastewater treat
ment process rich in nutrients and organic matter. It is a potential source 
of energy and fertilizer, but its disposal can be challenging due to its high 
moisture content, pathogen load, and the presence of toxic organic and 
inorganic chemicals. Around 1.2 million tonnes of biosolids from 
WWTPs are produced each year in Spain, and worldwide production will 
increase to around 150–200 million tons by 2025 [23,24]. Their man
agement and treatment are a major environmental challenge. In devel
oped countries, sewage sludge is treated to produce stable biosolids with 
agronomic properties rich in organic matter and nutrients (N, P, K, Ca, 
Mg, and other essential micro-nutrients), adding economic value to what 
has traditionally been considered a residue [25]. This practice is part of 
the principles of sustainable management of resources set out in the 
Circular Economy Action Plan promoted by the EU [26]. Bio
augmentation with bacterial degrading strains is also a potentially 
viable solution for improving the biodegradation of pollutants in water 
and sewage sludge from WWTPs. This approach can reduce the envi
ronmental impact of pollutants, improving soil and water quality, and 
protecting public health. However, further research is needed to opti
mize the technique’s effectiveness and to assess its long-term impact on 
the environment.

Due to the extremely high dispersion of APAP in nature, its envi
ronmental fate and ecotoxicological assessment should be a priority [2, 
27]. Therefore, the objective of this study is the removal of the APAP and 
their main formed metabolites to reduce their toxicity in the environ
ment. These chemicals reach different environmental matrices through 
the use of both effluents and sewage sludge from WWTPs for irrigation 
and as organic amendments in agricultural soils. The bioremediation 
technique will be employed through the implementation of a novel 
technology using bacterial strains to obtain more environmentally 
friendly biosolids to be used as amendments in agriculture, preventing 
the contamination of soils and the environment. As previously 
mentioned, Vargas-Ordóñez et al. [19] showed that P. extremaustralis 
CSW01 and S. stutzeri CSW02 were able to biodegrade very high con
centrations of APAP in solution as sole carbon and energy source, with a 
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degradation rate much higher than other APAP-degrader bacterial 
strains described previously in the literature [6,22,8,18,28,12]. This led 
us to think about the possible ability of these bacteria to mineralize 
APAP. In the present study, S. stutzeri CSW02 and P. extremaustralis 
CSW01 will be studied under various conditions of pH and temperature 
to select those most appropriate to carry out APAP biodegradation and 
mineralization, both in aqueous solution and sewage sludge spiked with 
APAP. To optimize the mineralization process, these strains were used in 
conjunction with Mycolicibacterium aubagnense HPB1.1, due to the 
ability of this latter to degrade APAP metabolites that appeared 
throughout the APAP biodegradation process [29]. Additionally, the 
feasibility of bioremediation was assessed through ecotoxicity studies to 
know the toxicity of APAP and its metabolites throughout APAP biore
mediation treatments. Finally, the study aimed to characterize the 
CSW01 and CSW02 strains at the genomic level. The whole-genome 
sequences were compared to genes of APAP-degrading bacteria ob
tained from databases and literature to provide new information about 
the mechanism of APAP biodegradation since genes involved in the 
APAP degradation pathway are insufficiently understood and seldom 
investigated.

2. Materials and methods

2.1. Chemicals and materials

The analytical standard of APAP (C8H9NO2, N-acetyl-para-amino
phenol, CAS 103–90-2, purity ≥ 99 %) used in this study was purchased 
from Sigma-Aldrich (Madrid, Spain) and radiolabelled compound 
ring-14C-APAP (79.2 mCi mmol− 1, 99 % radiochemical purity) was ac
quired from Hartmann Analytic GMBH (Braunschweig, Germany). 
Sewage sludge was provided by a WWTP in the city of Seville (Spain) 
where wastewater treatment included those from a nearby Hospital. The 
most relevant physicochemical properties of the sludge are described in 
Table S1 (Supplemental information), with 48 % organic matter and pH 
8.25, among other properties. Sewage sludge was used just after being 
received from the WWTP without any previous treatment to carry out 
the enrichment cultures with APAP to isolate degrader bacteria. For 
APAP biodegradation assays in sewage sludge, it was dried at 40◦ C to 
constant weight and stored at 4◦ degrees until use (maximum three 
months after receiving it).

Mineral salt medium (MSM) used to perform the experiments 
detailed underneath included principal and essential trace elements (g 
L− 1): 0.5 K2HPO4; 0.5 KH2PO4; 0.01 NaCl; 0.2 MgCl2⋅6H2O; 0.02 CaCl2; 
0.0004 ZnSO4⋅7H2O; 0.0004 CoCl2⋅6 H2O; 0.0003 MnSO4; 0.01 of EDTA 
(ethylenediaminetetraacetic acid), 0.0003 (NH4)6Mo7O24⋅4 H2O and 1 
(NH4)2HPO4. All these compounds were purchased from GPR REC
TAPUR® (VWR). Luria-Bertani (LB) broth, supplied in dehydrated form 
by BD Difco™ (Fisher Scientific), was used as culture medium and 
contained (g L− 1): 10.0 tryptone, 5.0 yeast extract, and 10.0 NaCl.

2.2. Bacterial strains

The experiments in this study were performed using bacterial strains 
P. extremaustralis CSW01 and S. stutzeri CSW02. Both these bacteria were 
collected via enrichment cultures of APAP, as previously described by 
Vargas-Ordoñez et al. [30]. They were selected due to their great 
degradation capacity for APAP in solution. In addition, a M. aubagnense 
HPB1.1 isolated from mine samples and described as APAP and HQ 
degrading bacteria by Lara-Moreno et al. [29] was used.

2.3. APAP biodegradation assays in solution under various pH and 
temperature conditions

Biodegradation experiments of APAP in solution as a sole carbon 
source were performed in triplicate by inoculating the P. extremaustralis 
CSW01 and S. stutzeri CSW02 strains. All materials were sterilized before 

the assays. 50 mL of MSM sterile solution spiked with APAP (500 mg 
L− 1) was added to 250 mL Erlenmeyer flasks. Sample flasks were inoc
ulated to obtain 108 CFU mL− 1 of the corresponding bacterial strain, 
whereas control remained without inoculation (to assess a potential 
abiotic degradation). The bacterial strains were grown in LB medium 
containing APAP (10 mg L⁻1) under conditions of 150 rpm agitation at 
30 ◦C and collected at the beginning of the exponential phase. The 
bacterial pellets were washed twice with MSM solution before the 
experiment. Growth was monitored using optical density measurements 
(OD600) on a VWR UV-3100 spectrophotometer, and colony-forming 
units (CFU) were assessed through serial dilutions plated on LB me
dium. Each strain was introduced into the degradation experiments at an 
initial cell density of 10⁸ CFU mL⁻1 . Samples were incubated on an 
orbital shaker at 150 rpm at different conditions of temperature (10, 20, 
30, 40 (± 1 ◦C)) and pH (5, 6, 7, 8, 9 ( ± 0.1)) during 20 days (although 
assays under pH 7 and 30 ◦C were maintained during 60 days to collect 
samples for toxicity measurements, as will be explained below). Since 
the beginning of the experiment, 1 mL samples were periodically 
sampled (after 1h, 2h, 3h, 4h, 5h, 6h, 7h, 8h, 24h, 30h, 48h, 5d, 10d, 
20d) to monitor the APAP concentration remaining in the solution and 
its possible metabolites produced. To ensure the recovery of APAP 
present in the supernatant and accumulated in the microbial biomass, 
samples were subjected to a process of three consecutive cycles of 
freezing and thawing to break cell walls [31]. Cell suspensions were 
stored in a freezer during 16–24 h and then thawing the material at room 
temperature during 8 h. Samples were mixed by vortex before the next 
cycle. Three cycles were necessary for efficient lysis. Afterward, samples 
were centrifuged at 11000 rpm for 2 min and supernatant separated for 
APAP measurement. This process was repeated for every different point 
of the assay.

2.4. APAP biodegradation assays in sewage sludge

The biodegradation process was also monitored in sludge suspen
sions. Assays were performed in Corex glass centrifuge tubes containing 
500 mg of sludge, spiked with 500 µL of 50 mg L− 1 APAP solution 
prepared in methanol, which was evaporated for 24 h in a fume hood to 
obtain a final concentration of 50 mg kg− 1. Afterward, 5 mL of MSM 
solution was added and inoculated with 108 CFU mL− 1 of bacterial 
strains in the treatments. Different treatments were carried out: (1) 
Sterile sludge. Previously autoclaved sludge and MSM solution con
taining 200 mg L− 1 of sodium azide to determine the abiotic dissipation 
of the drug; (2) Sludge. No autoclaved sludge and MSM solution without 
bioaugmentation with P. extremaustralis CSW01 or S. stutzeri CSW02 to 
show the ability of sludge endogenous microbiota to degrade APAP; (3) 
Sterile sludge + P. extremaustralis CSW01 or S. stutzeri CSW02; (4) 
Sludge + P. extremaustralis CSW01 or S. stutzeri CSW02; (5) Sterile 
sludge + P. extremaustralis CSW01 + M. aubagnense HPB1.1; (6) Sludge 
+ P. extremaustralis CSW01 + M. aubagnense HPB1.1. Inoculation of non- 
sterilised sludge considers the possible synergies or antagonisms that 
might exist between the endogenous microbiota and our degrading 
bacterial strains.

All treatments were equally incubated at 30 ◦C, pH 7 and 150 rpm 
during 28 days. At different sampling times (2, 7, 10, 14, 21, 28 d), the 
corresponding glass tubes were removed and went through a process of 
freezing and thawing to break the cell walls. APAP content which 
remained adsorbed in the sludge and dissolved in the supernatant 
fractions was analysed separately. After centrifugation, 4 mL of the so
lution were retired for direct analysis by HPLC as described below in 
Section 2.5. APAP present in the solid phase was extracted using a 
QuEChERS (Quick, Easy, Cheap, Effective, Rugged & Safe) method: 5 mL 
of acetonitrile (acidified with 1% acetic acid) were added to the wet 
residue. The mixture was agitated for 1 min in a vortex mixer. Next, 1 g 
of a QuEChERS Extract Pouch (Agilent Technologies, reference number 
5982–0650) was added, vortexed for another minute, and then centri
fuged. The organic phase was separated and cleaned up using 200 mg of 
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Primary Secondary Amine (PSA, Agilent Technologies). The liquid was 
decanted, filtered through a 0.45 µm PTFE filter, and analysed by HPLC 
(as described in Section 2.5). The extraction method had been previ
ously validated in spiked sludge samples, resulting in a recovery of 
90–93% of APAP content and a detection limit of 0.05 mg kg− 1. The total 
residual APAP content at each sampling time of the assay was calculated 
by adding the contents of APAP in the liquid fraction (MSM) and the 
sludge (QuEChERS extraction) fraction.

2.5. Analytical methods for detection of APAP and metabolites

High-Performance Liquid Chromatography (HPLC) was the tech
nique used to determine the APAP concentration of the supernatant 
samples. An HPLC coupled to an UV–vis detector (LC-2010AHT, Shi
madzu) was used, with a Liquid Purple C-18 column (4×150 mm; 
Análisis Vínicos, Spain) as stationary phase. Mobile phases consisted of a 
mixture of methanol and water (10:90 V/V) at pH adjusted to 3 using 
orthophosphoric acid 85%. The flow was set at 1.1 mL min− 1, injection 
volume was 25 µL and detection wavelength was 244 nm. APAP con
centration in sample vials was determined by comparison with cali
bration curves. In assays of APAP biodegradation in solution, samples 
were diluted 10-fold, the calibration curve concentration range was 0.1 
– 10 mg L− 1, with seven calibration points, and correlation coefficient R2 

> 0.96. In those assays from biodegradation in sewage sludge, the 
maximum APAP concentration extracted by ACN from QuEChERS was 
10 mg L− 1, and the calibration curve used was in the range 0.1 – 10 mg 
L− 1, with seven calibration points, and correlation coefficient R2 > 0.99.

The analysis of APAP-formed metabolites was carried out by liquid 
chromatography tandem mass spectrometry (LC-MS). The instrument 
was an Agilent 1290 II Infinity LC system equipment with a vacuum 
degasser, a binary pump, an autosampler, and a thermostated column 
compartment (Agilent, USA). Mass spectrometry analysis was carried 
out on an Agilent 6495c triple-quadrupole-mass spectrometer equipped 
with an electrospray ionization source. The separation of target com
pounds was carried out by the injection of 20 µL of sample extract in a 
Halo C-18 Rapid resolution (50 ×4.6 mm i.d.; 2.7 µm) analytical column 
(Advanced Materials Technologies, USA) protected by and Halo C18 (5 
×4.6 mm i.d. 4 µm) guard column. Chromatographic analysis was car
ried out using gradient elution at a flow rate of 0.4 mL min− 1 using a 
mobile phase composed of 10 mM ammonium formate (0.05% v/v, 
formic acid) (solvent A) and acetonitrile (solvent B). Elution started with 
2% of solvent B, increased to 5% in 1 min, then to 30% in 3 min and 
finally to 45% in 4 min. Back to initial conditions was performed in 2 
min and held for 4 min for re-equilibration.

The targets APAP metabolites analyzed were: 4-AP, HQ, 1,2,4-trihi
droxybenzene, 1,2-dihydroxybenzene, and Trans-2-hexenoic acid. For 
the ionization of the compounds, the following settings were applied: 
MS capillary voltage: 3000 V, drying-gas flow rate: 14 L min− 1, drying- 
gas temperature: 200 ◦C, nebulizer pressure: 20 psi, Fragmentor: 160 V. 
Each extract was measured using Multiple Reaction Monitoring (MRM) 
mode. At least two transitions were selected for each target compound, 
except in the case of Trans-2-hexenoic acid. MRM1 was used for the 
quantification and MRM2 and the ratio were used for confirmation. 
Conditions applied in MRM mode are shown in Table S2. Calibration 
curves were constructed by the injection of at least seven calibration 
standards. Linear range, linearity, limits of detection and quantification, 
accuracy, and precision of the analytical method are shown in Table S3 
(Supplementary material). The analysis of other metabolites whose 
presence could be suspected, among the previously described in the 
scientific literature [32,33], was conducted using the same chromato
graphic conditions applied to the determination of target compounds 
and mass spectrometry analysis but using Selected Ion Monitoring (SIM) 
mode. Both positive and negative ionization were applied to the search 
of potential precursor ions (M+1 and M-1). Subsequently, for the 
identified parent ions, analysis was performed twice using the Product 
Ion (PI) mode to identify the MRM transitions of potential APAP 

metabolites.

2.6. APAP mineralization experiments in solution and sewage sludge

Mineralization studies of 14C-ring-labeled APAP in solution were 
performed in triplicate, using respirometers, which consist of a modified 
100 mL Erlenmeyer flask with a soda tramp, containing 1 mL of 0.5 N 
NaOH. Erlenmeyer flasks contained 20 mL of MSM, 14C-ring labelled 
(450 Bq per flask), and unlabelled APAP to obtain a final concentration 
of 10 or 500 mg L− 1 in solution. Mineralization studies were conducted 
as follows: 

− In the presence of 10 mg L− 1: (1) Control: non-inoculated; (2) 
P. extremaustralis CSW01; (3) S. stutzeri CSW02; (4) M. aubagnense 
HPB1.1; (5) P. extremaustralis CSW01 + M. aubagnense HPB1.1; (6) 
S. stutzeri CSW02 + M. aubagnense HPB1.1; (7) P. extremaustralis 
CSW01 + S. stutzeri CSW02 + M. aubagnense HPB1.1.

− In the presence of 500 mg L− 1: (1) Control: non-inoculated; (2) 
P. extremaustralis CSW01; (3) S. stutzeri CSW02; (4) P. extremaustralis 
CSW01 + S. stutzeri CSW02; (5) P. extremaustralis CSW01 +
M. aubagnense HPB1.1.

The different treatments were inoculated with the volume of the 
bacterial inoculum necessary to reach an initial concentration of 108 

CFU mL− 1. After inoculating, samples were incubated at 150 rpm and 
30 ◦C during 28 days. The conversion of ring-labelled APAP into 14CO2 
allowed us to monitor the mineralization of the drug. 14CO2 produced 
was retained using the alkali trap at the top of the flask. Radioactivity 
was measured by extracting periodically (2–3, 6, 10, 14, 21, 28 days) the 
NaOH solution and mixing it with 3 mL of a liquid scintillation cocktail 
(Ready Safe from PerkinElmer, Inc., Waltham, MA, USA). This mixture 
was stored in darkness for about 24 h to dissipate the chem
iluminescence. Radioactivity was evaluated using a liquid scintillation 
counter (Perkin Elmer Inc., Waltham, MA, USA, Tricarb 4810-TR).

Mineralization assays in sewage sludge slurry were also performed in 
the same conditions as described in Section 2.4 with the sole difference 
that 100 mL Erlenmeyer flasks were used instead of Corex Glass tubes. 
To maintain the proportions mentioned before, sludge was artificially 
contaminated with a mixture of 14C-APAP (450 Bq per flask) and unla
belled APAP to obtain a concentration of 50 mg kg− 1. For that, 2 g of 
sludge were spiked with 2 mL of 50 mg L− 1 APAP solution prepared in 
ethanol, which was then evaporated for 24 h in a fume hood. After 
evaporation, 20 mL of MSM medium were added to Erlenmeyer flasks 
and inoculated with 108 CFU mL− 1 of bacterial strains. Samples incu
bation and measurement took place just as described for assays in so
lution, with sampling times at 1, 2–3, 4, 7, 14, 21 and 28 days.

2.7. Models of biodegradation and mineralization kinetics

The biodegradation and mineralization kinetics were analysed by 
fitting curves to the most appropriate kinetic model using an Excel file 
provided by the FOCUS [34] workgroup on degradation kinetics. The 
software uses the solver tool from Microsoft’s statistical package along 
with rate curves. Three kinetic models were tested for curve adjustment: 
a simple first-order model (SFO), a first-order multicompartment model 
(FOMC), and a biphasic first-order sequential model known as the 
Hockey-stick (HS) model. The equations for these models are as follows: 

Mt = M0⋅ e− kt (SFO)                                                                            

DT50 = ln 2/k (SFO)                                                                           

Mt= M0/((t/β)+1)α (FOMC)                                                                

DT50 = β (2 (1/α) − 1) (FOMC)                                                           

α = 1 / (N-1) (FOMC)                                                                         

A. Lara-Moreno et al.                                                                                                                                                                                                                          Journal of Hazardous Materials 480 (2024) 136128 

4 



β = (M0/ 1-N) / [k(N-1)] (FOMC)                                                        

Mt = M0 * e(-k1tb) * e(-k2(t-tb)) (HS)                                                       

DT50 = (ln 100 / 100 − 50) / k1 if DT50 ≤ tb (HS)                               

DT50 = tb + (ln (100 / 100–50) − k1 tb) / k2 if DT50 > tb (HS)            

In these equations, M0 and Mt are the initial APAP concentration and 
at time t (mg L− 1), respectively. DT50 denotes the time required for the 
pollutant concentration to reach half of its initial value. The constant "k" 
corresponds to the rate of mineralization and biodegradation. In the 
FOMC model, the parameter α represents the shape, while the parameter 
β represents the location, the parameter N to calculate α and β corre
sponds to the number of input compartments. The HS model includes 
two distinct rate constants for mineralization, "k1" and "k2," and "tb," 
which marks the time at which the rate constant changes. To determine 
the best-fitted model, the Chi-square (χ^2) test was conducted. This test 
considers the chi-squared and scaled error values, using the least square 
of 0.05 as the threshold, to estimate the appropriateness of the model 
and assess the accuracy of each resulting fit. The selection of these 
models was based on their relative simplicity, while still having the 
potential to accurately fit the measured dissipation kinetic datasets for 
both monophasic and biphasic biodegradation and mineralization [35].

2.8. Ecotoxicity assays

The potential toxicity of the samples before and after of bioremedi
ation experiment in solution was assessed using the Microtox® Test 
System. This assay employed the bioluminescence of the bacterium 
Vibrio fischeri to measure toxicity, based on the standard protocol using 
the basic test UNE-EN ISO 11348–3. V. fischeri bacterium was rehy
drated immediately before use. Assays were conducted in a temperature- 
controlled photometer at 15 ◦C (Microbics Corporation (1992). The 
initial APAP concentration (500 mg L− 1) and biodegradation samples at 
different times were analysed. Before analysis, samples from the APAP 
biodegradation assays in solution ((1) P. extremaustralis CSW01; (2) 
S. stutzeri CSW02; (3) P. extremaustralis CSW01 + M. aubagnense HPB1.1; 
(4) S. stutzeri CSW02 + M. aubagnense HPB1.1) were centrifuged for 10 
min to 7000 rpm and serially diluted (1:2) with 2% NaCl solution. The 
luminescence of samples was measured before adding our bacteria and 
after inoculation. Samples inoculated with (1) P. extremaustralis CSW01, 
and (2) S. stutzeri CSW02 were measured after 2h, 5h, 7h, 1d, 2d, 5d, 
10d, 20d, 30d, 45d, and 60d. Samples inoculated with (3) 

P. extremaustralis CSW01 + M. aubagnense HPB1.1, and (4) S. stutzeri 
CSW02 + M. aubagnense HPB1.1 were measured after 1d, 3d, 5d, 10d, 
and 20d. The Microtox® Text System provided the EC50 parameter, 
representing the APAP concentration (% v/v) that induced a toxic effect 
on 50% of the V. fischeri population for each sample tested. To quantify 
the toxicity, the values were converted into toxic units (TU) using the 
formula TU = 100/EC50. The resulting TU values were categorized ac
cording to Persoone et al. [36] as follows: TU < 0.4: No acute toxicity; 
0.4 < TU < 1: Light acute toxicity; 1 < TU < 10: Acute toxicity; 10 < TU 
< 100: High acute toxicity; TU > 100: Very high acute toxicity.

2.9. The genome sequencing data and gene annotation of degrading 
bacteria

Isolated colonies of P. extremaustralis CSW01 and S. stutzeri CSW02 
were independently transferred to liquid LB medium and cultured 
overnight. Then, cells were harvested from a 2 mL aliquot by centrifu
gation (11000 rpm, 2 min) and their DNA was extracted using G-spin™ 
Total DNA Extraction Kit (iNtRON Biotechnology, Inc). The quality and 
concentration of DNA were analysed by NanoDrop 2000 (Thermo Fisher 
Scientific) and horizontal electrophoresis (Sub-Cell GT Cell, BioRad), 
using 1% (w/v) agarose gel in 1x TAE buffer.

The CSW01 genome was sequenced by Stab Vida company (Capar
ica, Portugal), using Illumina NovaSeq sequencing data at a coverage of 
202x (https://www.stabvida.com/). The generated sequencing reads 
were assembled using CLC NGS Cell genome assembler version 22.0.1. 
The CSW02 genome was sequenced by Integrated Microbiome Resource 
(IMR, Dalhousie University, Canada) using PacBio Sequel2 at coverage 
from 341x to 351x (https://imr.bio). The generated sequencing reads 
were assembled using PacBio’s SMRTlink genome assembler version 10. 
The genomes were annotated using the RAST tool (Rapid Annotation 
Subsystem Technology) and NCBI Prokaryotic Genome Annotation 
Pipeline. The sequencing data generated in this study has been deposited 
in the National Center for Biotechnology Information (NCBI). The 
genome of CSW01 consists of 184 contigs assembled to scaffold level 
(accessions JAQKGS010000001 to JAQKGS010000184), while the 
genome of CSW02 consists of three complete genomic sequences (ac
cessions CP140616 to CP140618).

2.10. In silico analysis: nucleotide and protein sequence analysis

Reference protein sequences involved in the APAP biodegradation 
pathway were sourced from databases and literature and used to search 
homologs in the genomes of Pseudomonas extremaustralis CSW01 and 

Table 1 
Kinetic parameters calculated from paracetamol (500 mg L− 1) biodegradation curves in solution after inoculation with P. extremaustralis CSW01 and S. stutzeri CSW02 
at different temperatures and pH.

Bacterial strain Temperatures 
(◦C)/pH

Model 
kinetic

K1 

(h− 1)
K2 

(h− 1)
tb α β DT50* 

(h)
Extent of 
biodegradation 
(%)

Calculated 
χ2 *

Scaled 
error

R2

Pseudomonas 
extremaustralis 
CSW01

10/7 FOMC ​ ​ ​ 108842 1373248 8.7 97.54 5.398 5.24 0.960
20/7 SFO ​ ​ ​ ​ ​ 3.4 99.99 14.618 7.87 0.935
30/7 SFO 0.45 ​ ​ ​ ​ 1.5 97.05 13.570 5.72 0.966
40/7 HS 0.22 0.0018 2.30 ​ ​ 190 49.46 11.070 0.66 0.985

Stutzerimonas 
stutzeri CSW02

10/7 SFO 0.05 ​ ​ ​ ​ 14.5 33.34 0.737 2.06 0.938
20/7 SFO 0.19 ​ ​ ​ ​ 3.6 98.85 14.508 8.48 0.915
30/7 SFO 0.99 ​ ​ ​ ​ 0.7 99.97 3.249 0.72 0.999
40/7 SFO 0.96 ​ ​ ​ ​ 0.7 99.95 3.964 0.87 0.999

Pseudomonas 
extremaustralis 
CSW01

30/5 SFO 0.51 ​ ​ ​ ​ 1.4 98.13 13.122 7.88 0.939
30/6 SFO 0.55 ​ ​ ​ ​ 1.3 98.69 12.502 7.60 0.941
30/8 SFO 0.56 ​ ​ ​ ​ 1.2 98.77 12.505 7.68 0.939
30/9 SFO 0.45 ​ ​ ​ ​ 1.3 98.69 12.101 7.60 0.941

Stutzerimonas 
stutzeri CSW02

30/5 FOMC ​ ​ ​ 42824 228487 37 37.62 2.095 3.47 0.815
30/6 SFO 0.59 ​ ​ ​ ​ 1.3 98.69 12.111 7.60 0.941
30/8 SFO 0.56 ​ ​ ​ ​ 1.2 97.84 9.885 8.11 0.936
30/9 SFO 0.59 ​ ​ ​ ​ 1.2 98.26 7.999 7.22 0.948

*DT50: time to decline to half the initial concentration of APAP ** χ2 calculated values < χ2 corresponding tabulated value (p < 0.05).
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Stutzerimonas stutzeri CSW02. In the results and discussion section of this 
subject there is an explanation of the choice of each protein used as a 
reference. Tblastn (https://blast.ncbi.nlm.nih.gov/Blast.cgi) was used 
to align these sequences with the genome of the studied bacteria. Default 
algorithm parameters were employed, with the following settings: Max 
target sequences: 100, Expect threshold: 0.05, Word size: 5, Max 
matches in a query range: 0, Matrix: BLOSUM62, Gap costs: Existence: 
11, Extension: 1, Compositional adjustments: conditional compositional 
score matrix adjustment, and Filter: low complexity regions. There is no 
fixed threshold to determine the precise percentage of identity needed to 
establish functional. Subsequently, we conducted a study of the catalytic 
domains of the selected proteins using the Conserved Domain Database 
(CDD) (https://www.ncbi.nlm.nih.gov/cdd) and InterProScan [37].

3. Results and discussion

3.1. Biodegradation assays in solution under different conditions of 
temperature and pH

Temperature plays a critical role in the bacterial biodegradation of 
organic compounds because it influences the growth and metabolism of 
microorganisms [38,39].

The relationship between temperature and the rate of bacterial 
biodegradation is well-documented, with higher temperatures generally 
leading to increased biodegradation rates. This phenomenon can be 
attributed to the heightened metabolic activity of microorganisms at 
elevated temperatures, which in turn enhances the diffusion of sub
strates into the cells, facilitating the biodegradation process [40]. 
However, there is an optimal temperature range for each 

microorganism, beyond which the rate of biodegradation may decrease 
or stop altogether due to the denaturation of enzymes and other cellular 
components. The maximal biodegradation of xenobiotics seems to occur 
at the temperature of 30–40 ◦C [41]. To determine the optimal tem
perature to carry out the biodegradation of APAP of our bacterial iso
lates, and that can occur in the environment, the following were tested: 
10, 20, 30 and 40 ◦C (Table 1 and Fig. 1). In the case of S. stutzeri, a 
positively correlated effect of temperature on the degradation of APAP 
in solution was observed, reducing DT50 from 14.5 h for 10 ◦C to only 
0.7 h for 30 and 40 ◦C. In general, bacteria exposure to low temperatures 
results in reduced membrane fluidity and low diffusion rates across the 
membrane, decreasing protein synthesis and protein cold-denaturation 
and slowing down the kinetics of the cellular processes [42]. On the 
contrary, in the case of P. extremaustralis, a clear trend was observed in 
the kinetics of APAP degradation, accelerating in the range from 10 to 
30 ◦C (DT50 from 8.7 to 1.5 h), but at 40 ◦C there is a drastic decelera
tion, with DT50 value up to 190 h. This behaviour agrees with the results 
of López et al. [43] who observed that the growth of this bacterium 
occurred in a range from 4 to 37 ◦C, but not at 42 ◦C, and is consistent 
with the fact that P. extremaustralis is an Antarctic bacterium able to 
grow under low temperatures [44] which is related to its adaptability to 
cold environments [45]. Bacteria develop protective adaptation mech
anisms in response to very low or very high temperatures, which must be 
investigated to understand their possible biotechnological applications 
[40]. As far as we know, only some publications have studied the in
fluence of temperature in APAP biodegradation by bacteria. Most of 
them indicated that around 30 ◦C was the optimal temperature [22,15, 
8]. However, using Design-Expert® software Chopra and Kumar [16]
observed that 25 ◦C gave the best results when using Bacillus lichen
iformis PPY‑2 to degrade APAP, and 40 ◦C when using Bacillus drentensis 
S1 [14].

As well as temperature, pH range is a critical factor influencing the 
optimal functioning of microorganisms involved in biodegradation 
processes. While the majority of microorganisms thrive in a neutral pH 
range of approximately 6.5 to 7, some are capable of tolerating acidic or 
alkaline environments. For example, fungi generally prefer lower pH 
levels compared to bacteria. The pH of the surrounding environment 
directly impacts the ionic charge of microbial cells and the speciation of 
metal ions, thereby influencing the biodegradation processes and bio
sorption capabilities of microorganisms. Therefore, changes in pH can 
affect microbial activity and, consequently, the rate of biodegradation. 
In particular, the pH may influence the APAP degradation by two 
different mechanisms: i) bacterial strain: pH value may modify both the 
enzyme structure and substrate affinity. Also, pH can affect the charge of 
the bacterial cell, which would affect biosorption. At higher pH values 
surface of the bacterial cells becomes negative, which would lead to 
changes in electrostatic interaction between the drug and biomass sur
face. The correlation between biosorption and biodegradation processes 
has been reported, and changes in pH can influence the biodegradation 
rate [46]; ii) chemical: different pH values determine the chemical 
speciation of paracetamol. The protonated form (ROH) is present at 
lower pH and the formation of the phenolate form (RO-) in an alkaline 
environment has been observed. However, since pKa of APAP is 9.5, at 
neutral and even slightly alkaline pHs APAP is presented mostly in its 
non-ionic form, and, therefore, its behaviour under the range of pH 
studied should not be greatly influenced.

When APAP biodegradation assays were performed inoculating 
P. extremaustralis CSW01 at 30 ◦C in the range of pH from 5 to 9, the 
kinetic parameters (Table 1) did not show significant differences (DT50 
from 1.2 to 1.4 h) and APAP was completely degraded in about 4–5 h 
(Figure S1), indicating that P. extremaustralis CSW01 can degrade the 
pollutant in a broad range of pH. However, in the case of S. stutzeri 
CSW02, although APAP was completely degraded after only 4 h for the 
pH values 7, 8 and 9, and after 6 h at pH 6, only 25 % APAP could be 
degraded at pH 5 (Figure S1), even after 48 h′ assay. It seems to indicate 
that pH 5 is affecting S. stutzeri CSW02 microbial cell activity, and the 

Fig. 1. Paracetamol (500 mg L− 1) degradation profiles by P. extremaustralis 
CSW01 (A) and S. stutzeri CSW02 (B) under different conditions of temperature.
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range of pH to obtain its maximum degradation is from 6 to 9, also a 
broad range. Żur et al., [13] carried out a study to determine the optimal 
pH value for APAP degradation by P. moorei KB4 in the range of 4–8, 
observing a progressive slight increase in APAP degradation up to pH 7, 
decreasing at pH 8. The same behaviour was also observed by other 
authors [47,16,8], although, in the case of APAP degradation by Bacillus 
pumilus PYP2, pH 5.0 was the optimum observed [15].

In conclusion, P. extremaustralis CSW01 and S. stutzeri CSW02, which 
were very recently described for the first time as APAP-degraders [19], 
have demonstrated degradation capacity of very high concentrations of 
this pharmaceutical in wide ranges of both temperature (10–40 ◦C) and 
pH (6–9, although CSW01 is also very active at pH 5). It indicates that 
both bacterial strains are very promising candidates for their use in 
APAP bioremediation in treatment systems, probably in various envi
ronmental conditions.

3.2. APAP mineralization in solution

This study performed mineralization tests using P. extremaustralis 
CSW01 and S. stutzeri CSW02 using an APAP concentration of 10 and 
500 mg L− 1. The environmental conditions selected for the mineraliza
tion studies were those previously determined to be the most suitable: 
pH 7 and 30 ◦C. Both isolated strains showed mineralization capacity 
(Fig. 2, Table 2). Similar mineralization capacities after 28 days of assays 
were observed for both strains and for both concentrations studied, 
reaching percentages of mineralization extent in the range 23.2–27.6 % 
for 10 mg L− 1 APAP concentration and 27.7–29.6 % for 500 mg L− 1. 
The most noteworthy result was the inability of these degrading strains 
to fully mineralize all the APAP, although, as previously observed, 

Fig. 2. Paracetamol mineralization in solution A) 10 mg L− 1 and B) 
500 mg L− 1 after application of different treatments.
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complete biodegradation of APAP was reached in only 4 and 6 h (Fig. 1). 
Also, the consortium formed by these two bacteria was proved to 
mineralize 500 mg L− 1 APAP, but the result was worse, decreasing the 
extent of mineralization to 17.3 % (Table 2), likely due to an antago
nistic effect between the two bacteria for food sources and territory [48]. 
Therefore, the observation of limited mineralization capacity by these 
bacteria leads us to speculate that APAP metabolites should be present in 
the solution.

To improve APAP mineralization rates, CSW01 and CSW02 were 
used in conjunction with M. aubagnense HPB1.1. This strain has been 
previously described to be, not only an APAP-degrading bacterium but 
also capable of degrading its main metabolite, HQ [29]. Fig. 2A shows 
the APAP mineralization curves for HPB1.1 strain and different combi
nations of the 3 bacteria used (CSW01 + HPB1.1, CSW02 + HPB1.1, and 
CSW01 + CSW02 + HPB1.1) for an APAP concentration of 10 mg L− 1. 
In the study with the HPB1.1 strain, the mineralization curve reached 
55.3 % APAP mineralization (Table 2), and the kinetic model calculated 
that 50 % of mineralization (DT50) would be reached after 14 d. A 
drastic increase in the percentage of mineralization was observed for the 
mixture of CSW01 + HPB1.1, up to 73.9 % of mineralization, achieving 
a DT50 of only 0.9 days, improving the results obtained with both iso
lated strains. In the case of CSW02 + HPB1.1 the mineralization results 
did not improve significantly in comparison to that obtained using only 
HPB1.1 (58.4 % of mineralization, DT50 9 days). When the three bac
terial strains were inoculated forming a consortium, 66.9 % of the extent 
of mineralization and a DT50 of 0.9 days were observed.

Considering mineralization results using a concentration of 
10 mg L− 1, a higher concentration of 500 mg L− 1 was tested, using the 
treatment that yielded the most favorable mineralization results during 
the 10 mg L− 1 testing (CSW01 + HPB1.1) (Fig. 2B and Table 2). A sig
nificant increase in mineralization extent was also observed, up to 
65.2 %, in comparison to inoculation with only CSW01, and a DT50 
value of only 1.9 days was obtained (Table 2). This mineralization 
percentage obtained for 500 mg L− 1 agrees with the data indicated 
above for low APAP concentration (10 mg L− 1). This suggests that the 
studied degrading consortium can mineralize a wide variety of APAP 
concentrations. From the results, it can be concluded that the observed 
improvement in degradation kinetics could be a consequence of the 
ability of both bacteria to complement each other. On the one hand, 
CSW01 is highly effective in degrading APAP into HQ, and on the other 
hand, the mineralization process is enhanced probably thanks to the 
ability of HPB1.1 to degrade HQ or any other metabolites formed, 
thereby avoiding its accumulation, and achieving an accelerated process 
through their combined action.

These results demonstrated the advantages of applying simulta
neously two bacterial strains as a biological technique to improve the 
extent of the mineralization, as well as to accelerate the rate of 
biodegradation, being the inoculation of M. aubagnense HPB1.1 together 
with P. extremaustralis CSW01 the best treatment to restore or reclaim 
APAP contaminated waters. Bacterial consortia have been previously 
used to increase the extent of degradation of many organic compounds 
such as trifluralin [49], diuron [50], polycyclic aromatic hydrocarbons 
[51] or ibuprofen [52], among others. However, the cooperative 
mechanism involved in the APAP biodegradation is still unknown. The 
work carried out by Zhang et al. [12] compared APAP biodegradation 
using pure bacterial cultures (Stenotrophomonas sp. f1, Pseudomonas sp. 
f2 and Pseudomonas sp. fg-2) and their bacterial consortium, with 
different removal efficiency. 2000 mg L− 1 APAP degraded after 45 h 
and 60 h, respectively for fg-2 and f2 strains. However, the f1 strain 
degraded 440 mg L− 1 of APAP after 116 h. When these strains were 
combined into a consortium, 4000 mg L− 1 of APAP was degraded within 
37 h. Chopra and Kumar [47] studied the combination of five strains 
isolated from sewage wastewater, which degraded 1200 mg L− 1 of 
APAP in 70 h, whereas individual strains required 10 days for the same 
task, concluding that the combined microbial culture produced a syn
ergistic impact on the degradation of APAP increasing the rate of the 

process.
Among all bacteria described as APAP degraders, only a few of them 

have been able to mineralize it. For most of them, mineralization has 
been deduced by the intermediates produced, especially those metabo
lites obtained after ring cleavage, but not directly by measuring the 
amount of CO2 produced, and therefore the real mineralization rate, as it 
has been done in the present study. In this sense, Żur et al. [13] observed 
that the main metabolites formed during APAP degradation by P. moorei 
KB4 included 4-AP, HQ, benzoquinone and p-nitrophenol, and based on 
the measurements of specific activity of acyl amidohydrolase, deami
nase and hydroquinone 1,2-dioxygenase they proposed a mechanism of 
APAP mineralization by KB4 strain under co-metabolic conditions with 
glucose. Chopra and Kumar [47] also proposed APAP mineralization by 
a co-culture of five strains and proposed a new degradation pathway 
based on new intermediate metabolites detected: 4-AP, HQ, oxalic acid, 
(R)− 2-methylpentanoic acid, 1,5-hexadiene, benzamide, and 
methylene-3-vinyl cyclohexane, but also ions like –CO, –NH2, nitrates, 
and nitrites were detected. Chopra and Kumar [14] also proposed that 
Bacillus drentensis S1 mineralized APAP based on the detection of nitrites 
and nitrates. Also, Chopra and Kumar [15] proposed APAP mineraliza
tion by B. pumilus PYP2 based on the presence of oxalic acid and formic 
acid as precursors for CO2 and H2O production.

On the contrary, Hu et al. [8] used Pseudomonas aeruginosa HJ1012 
and observed a CO2 yield rate up to 71.4 % (similar to the percentage 
obtained in the present study using the consortia CSW01 +HPB1.1) 
which proved that the loss of APAP was mainly via mineralization. They 
identified eight metabolites (4-AP, HQ, formic acid, lactic acid, oxalic 
acid, succinic acid, nitrate, and nitrite) and proposed two different APAP 
degradation pathways. Also, Zhang et al. [12] confirmed APAP miner
alization based on the total amount of organic carbon (TOC) removals 

Table 3 
Acute toxicity test towards V. fischeri in solution polluted with 500 mg L− 1 of 
paracetamol in the presence of P. extremaustralis CSW01 or S. stutzeri CSW02, 
and forming consortium with M. aubagnense HPB1.1.

Treatment Time TU* SD* * Toxicity* **

Non-inoculated 0 0.8 0.1 Slight acute toxicity
P. extremaustralis CSW01 2 h 31.5 5.8 High acute toxicity

5 h 43.0 5.1 High acute toxicity
7 h 55.3 7.9 High acute toxicity
1 day 6.7 2.3 Acute toxicity
2 days 9.1 1.9 Acute toxicity
5 days 19.9 1.4 High acute toxicity
10 days 10.0 0.8 High acute toxicity
20 days 4.5 1.3 Acute toxicity
30 days 2.7 0.1 Acute toxicity
45 days 2.6 0.4 Acute toxicity
60 days 0.2 1.0 No acute toxicity

S. stutzeri CSW02 2 h 22.1 1.4 High acute toxicity
5 h 17.0 0.4 High acute toxicity
7 h 10.2 0.3 High acute toxicity
1 day 10.7 1.7 High acute toxicity
2 days 10.1 4.2 High acute toxicity
5 days 16.6 0.9 High acute toxicity
10 days 12.1 1.4 High acute toxicity
20 days 4.3 1.8 Acute toxicity
30 days 3.8 1.1 Acute toxicity
45 days 3.9 0.4 Acute toxicity
60 days 3.3 0.6 Acute toxicity

CSW01 + HPB1.1 1 day 130.2 35.7 Very high acute toxicity
3 days 20.5 11.4 High acute toxicity
5 days 15.9 9.6 High acute toxicity
10 days 12.4 3.1 High acute toxicity
20 days 11.1 1.4 High acute toxicity

CSW02 + HPB1.1 1 day 19.7 7.9 High acute toxicity
3 days 13.2 8.7 High acute toxicity
5 days 11.2 6.5 High acute toxicity
10 days 9.2 2.0 Acute toxicity
20 days 7.1 3.1 Acute toxicity

*TU: toxic units. * *SD: Standard deviation of three replicates. * ** According to 
Persoone et al. [36]
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when using the co-culture of Stenotrophomonas f1 strain, and two Pseu
domonas f2, and fg-2, reaching up to 87.1 %. The metabolites identified 
include 4-AP, HQ, and some carboxylic and inorganic acids (2-hexenoic 
acid, succinic acid, malonic acid, oxalic acid, formic acid, nitrate, and 
nitrite).

Given the scarce number of APAP mineralizing bacterial strains in 
the literature, it becomes evident importance of P. extremaustralis 
CSW01 and S. stutzeri CSW02 and their consortia with M. aubagnense 
HPB1.1 for APAP bioremediation purposes in the environment.

3.3. Ecotoxicity studies in paracetamol-contaminated aqueous samples

We tested the toxicity of non-inoculated APAP solutions 
(500 mg L− 1) and the aqueous samples at different times of APAP 
degradation in the presence of CSW01 and CSW02 strains (Table 3), and 
its relation to the presence of APAP metabolites produced throughout 
the biodegradation process (Fig. 3). The initial concentration of APAP 
was classified as “Slight acute toxicity” (0.4 < TU < 1) according to 
Persoone et al. [36], with a value of TU = 0.8. When bioaugmentation 
techniques were applied by inoculating CSW01 and CSW02 strains, 
higher toxicity (>TU values) was observed (Table 3). At 2, 5, and 7 h 
high acute toxicity was reached indicating the formation of toxic me
tabolites in the biodegradation process [47]. Three APAP metabolites 
were detected, 4-AP, HQ and Trans-2-hexenoic acid. This higher toxicity 
could be due to the presence of 4-AP in the solution at concentrations 
higher than 50 mg L− 1 and up to more than 80 mg L− 1 (Fig. 3A). 4-AP is 

characterized by mutagenic and teratogenic effects, significant neph
rotoxicity, and ability to induce DNA cleavage in human lymphoma cells 
[39]. However, after only one day of degradation in CSW01 or 7 h in 
CSW02, 4-AP concentration decreased drastically, with concentrations 
lower than 200 µg L− 1 and decreasing with time. Only several bacteria 
able to degrade 4-AP have been described and CSW01 and CSW02 are 
two of them. Similar to APAP, 4-AP is poorly biodegradable, being able 
to inhibit degradation metabolic pathway, slowing down or even stoping 
the bioremediation processes (Zur et al., 2018a). Also, the metabolite 
Trans-2-hexenoic acid was detected for both bacterial strains, but fairly 
early in the experiment (only at 0 h and 2 h), with concentrations in the 
range 493–2967 µg L− 1 (Fig. 3C), being completely removed afterward. 
The presence of Trans-2-hexenoic acid as metabolite was also observed 
by Zhang et al. [12] and Li et al. [33] and is indicative of the ring fission 
of APAP aromatic structure. This compound can enter directly into the 
Krebs cycle leading to mineralization. Despite the very low concentra
tions of 4-AP and the absence of Trans-2-hexenoic acid, acute toxicity or 
even high acute toxicity remained. The presence of another APAP 
metabolite such as HQ (Fig. 3B) was also observed, and in this case, it 
remained until day 20 for CSW01 and day 5 for CSW02 (Fig. 3B), but at a 
much lower concentration (below 2 µg L− 1), which was maintained 
more or less constant. APAP can be degraded to HQ directly or via 4-AP 
as a metabolic intermediate [18]. HQ is known to be a transient 
metabolite [17], and this is the reason for the extremely low concen
trations observed since it is degraded very quickly.

Despite the low concentrations of 4-AP after 5–7 h of inoculation and 

Fig. 3. Concentration of paracetamol metabolites in solution throughout its biodegradation process in the presence of P. extremaustralis CSW01 and S. stutzeri 
CSW02. A) Paracetamol and 4-aminophenol; B) Hydroquinone and C) Trans-2-hexanoic acid. Standard deviation (vertical bars).

A. Lara-Moreno et al.                                                                                                                                                                                                                          Journal of Hazardous Materials 480 (2024) 136128 

9 



the extremely low concentrations of HQ, toxicity was maintained mainly 
as “high acute toxicity” until day 10, after which it remained as “acute 
toxicity” until day 45 for CSW01 and day 60 for CSW02. It indicates that, 
although APAP had disappeared from solution in only 4–6 h when 
bioaugmented with CSW01 or CSW02, the presence of other toxic me
tabolites produced throughout the process and that remained for almost 
two months must be a certainty. However, no more metabolites were 
detected with the analytical method used.

The toxicity concentration of APAP for Escherichia coli demonstrated 
that its minimum inhibitory concentration (MIC) was 2.5 g L− 1 [53], 
higher than 1.75 g L− 1 for 4-AP [54], and much higher than only 
0.26 g L− 1 for HQ [55]. Park and Oh [18] also observed that 4-AP and 
HQ inhibit nitrogen metabolism (ammonium oxidation) of microbial 
communities to a greater extent than APAP, suggesting the higher 
toxicity of these APAP metabolites. To know if the metabolites detected 
in this study, 4-AP and HQ were responsible for the toxicity observed, 
pure solutions of 4-AP and HQ were subjected also to ecotoxicity mea
surements by Microtox (data not shown). The results obtained indicated 
that a 4-AP concentration of 10 mg L− 1 presented a TU value of 9.97 
(1 <TU<10, acute toxicity), but a 4-AP concentration of 1 mg L− 1 was 
not toxic (TU <0.1). It indicates that 4-AP values > 50 mg L− 1 measured 
in CSW01 and CSW02 in Fig. 3A could be responsible for the toxicity 
observed. In the case of HQ, a concentration of 100 µg L− 1 presented a 
TU value of 3.88 (acute toxicity), but concentrations of 10 and 1 µg L− 1 

presented TU values < 0.4 (no acute toxicity), indicating that the con
centrations of HQ measured, which were in almost all cases < 2 µg L− 1 

(Fig. 3B), were not the responsible of the toxicity in those samples where 
4-AP was not present. The results of the ecotoxicity test indicate that 
there must be a continuous formation of toxic metabolites throughout 
APAP biodegradation process, most of them not detected by the 
analytical method used in this work, which are even more toxic than the 
parent compound [56].

Toxicity analysis of the samples was also conducted when 
M. aubagnense HPB1.1 was inoculated simultaneously with CSW01 or 
CSW02 (Table 3), and the toxicity values were similar to those observed 
when both strains were inoculated alone. The metabolites detected were 
also similar (Figure S2), but in the case of 4-AP the concentrations 
detected were lower (Fig. 3SA), and in the case of CSW01 + HPB1.1 the 
drastic decrease of its concentration occurred much later, remaining in 
solution until day 3. Also, HQ concentrations detected were quite similar 
to those obtained with only CSW01 or CSW02 (Figure S2B). Similarly, 
Trans-2-hexenoic acid was detected (Figure S2C), but very early in the 
treatment process in the case of the consortium CSW02 + HPB1.1 
(1265 µg L− 1 at day 0), while for CSW01 + HPB1.1 it remained until day 
1 with 1058 µg L1. In the present study, despite observing high per
centages of mineralization after 28 days of the inoculation with both 
consortia (73.9 % % and 58.4 % for CSW01 + HPB1.1 and CSW02 +

HPB1.1, respectively), elevated levels of toxicity were still observed, 
likely due to the presence of other not detected metabolites. The pres
ence of 4-AP and HQ as the main APAP metabolites has been shown by 
several authors [8,57,58,13], which have reported also the formation of 
highly toxic intermediates derived from APAP distinct from HQ and 
4-AP. In the presence of microorganisms in soil, Li et al. [33] identified 
eight aromatic intermediates from APAP biodegradation, including 
3-hydroxyacetaminophen, HQ, and 1,4-benzoquinone. Chopra and 
Kumar [47] identified benzamide, (R)− 2-methylpentanoic acid, 
methylene-3-vinyl cyclohexane, and 1,5-hexadiene as relevant inter
mediate metabolites in the APAP biodegradation test. According to the 
metabolites detected, various APAP biodegradation pathways have been 
described [39].

In conclusion, previous results show that assessing target contami
nant levels through analytical techniques remains crucial for the 
implementation of bioremediation treatments, but merely observing a 
decline in the target pollutant concentration is not sufficient to confirm a 
decrease in toxicity. This is due to the potential presence of toxic me
tabolites resulting from the biodegradation process, as highlighted by 

previous studies [59,60].

3.4. APAP biodegradation in sewage sludge

One aim of this study was to diminish the levels of APAP and its 
metabolites, not only in solution but also in samples of sewage sludge, to 
produce environmentally friendlier biosolids. Consequently, the effec
tiveness of the individual degrading bacterial strains CSW01 and 
CSW02, as well as the combined strains CSW01 + HPB1.1, which 
demonstrated the highest APAP mineralization efficiency in solution, 
was evaluated in sewage sludge. The goal of this assay was to reduce the 
concentration of APAP in sewage sludge suspensions that were delib
erately contaminated with this pollutant. Fig. 4 illustrates the percent
ages of remaining APAP in the slurry system (the sum of what is present 
in the solid and the aqueous phases) under the various treatments, and 
the corresponding kinetic parameters are shown in Table 4.

The assay using sterilized sludge (SS) (Fig. 4) demonstrated the 
abiotic dissipation of APAP in the sludge after treatment with sodium 
azide to eliminate any biotic effect. A significant dissipation was 
observed (15.7 % after 28 days). This means that abiotic factors have to 
be taken into account as partially responsible for the degradation or 
transformation achieved with the different treatments. Several authors 
describe abiotic factors as responsible for the removal of paracetamol 
from the environment. Palma et al. [61] observed the presence of HQ 
and 4-AP in the abiotic control of APAP biodegradation tests. This study 
justifies their presence due to the hydrolysis of APAP, which is accel
erated by the presence of oxygen. Also, a partially irreversible adsorp
tion of APAP on sludge, which could be increased with time, could be 
occurring. In this system SS and also in the unsterilized sludge control 
without bacterial inoculum (NSS), only about 37 % of APAP previously 
adsorbed on sewage sludge was transferred to the aqueous phase when 
5 mL of MSM solution was added to 0.5 g sludge to obtain the slurry. The 
rest of APAP remained adsorbed.

In NSS, a higher APAP dissipation was observed (50.3 % after 28 
days) compared to the sterile control (SS). From this result, it was 
concluded that, in addition to abiotic dissipation, the endogenous 
microbiota of the sludge harbors microorganisms capable of utilizing 
APAP as a carbon source.

When the CSW01 and CSW02 strains were individually inoculated in 
both, SS and NSS, a complete APAP degradation was observed after only 
4–7 days (Fig. 4). Additionally, the DT50 was significantly reduced to 
less than 1 day compared to 122 and 31 days for SS and NSS, respec
tively (Table 4). These results indicate that both bacterial strains can 
fully degrade APAP, not only in solution but also when it is adsorbed 
onto sludge. It is worth noting that the bacterial strains studied in this 

Fig. 4. Biodegradation curves of paracetamol in sterile (SS) and non-sterile 
sewage sludge (NSS) without treatments, and in the presence of CSW01, 
CSW02, and HPB1.1 strains. Vertical lines show standard deviation.
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work had never been previously described in the literature as APAP 
degraders in biodegradation studies in sludge. As far as we know, this is 
the first study dealing with the degradation of pharmaceuticals from 
sludge through bioaugmentation using isolated bacteria. Only the 
studies of Liu et al. [62] and Aguilar-Romero et al. [52] demonstrated 
the degradation of gentamicin and ibuprofen, respectively, but using 
bacterial consortia.

Finally, the degrading capacity of the CSW01 bacterium alongside 
HPB1.1 was tested in both sterile and non-sterile sludge. This selection 
was based on the mineralization results in solution, where 
CSW01 + HPB1.1 achieved the highest mineralization percentage 
(Fig. 2). The results showed very similar outcomes to when CSW01 was 
inoculated individually: 91.7 % and 98.6 % APAP biodegradation 

(slightly lower), with DT50 of 0.5 and 0.4 days in SS and NSS, respec
tively (Fig. 4 and Table 4). Based on these findings, it is concluded that 
the complete biodegradation of APAP in sludge does not require the 
combination of the studied strains forming consortia with other 
degrading bacteria.

3.5. APAP mineralization in sewage sludge

Fig. 5 and Table 5 show the APAP mineralization curves and the 
corresponding kinetic parameters obtained after the application of 
different treatments in sterilized sludge (SS) and non-sterilized sludge 
(NSS). As expected, APAP mineralization in SS was not observed in this 
study (Fig. 5A), whereas the effect of natural attenuation by the presence 
of endogenous microbiota using NSS (Fig. 5B) showed a minimal APAP 
mineralization (3.2 %, Table 5). An increase in mineralization to 16.9 % 
and 10.8 % after 28 days for SS and NSS, respectively, was observed 
when the CSW01 strain was inoculated, and similar results were ob
tained when the CSW02 strain was incorporated into the SS or NSS, in 
which 12.8 % and 10.1 % of APAP mineralization were achieved, 
respectively. Despite improving the mineralization process when the 
isolates CSW01 and CSW02 were used for inoculation, the previous re
sults of APAP mineralization in solution suggest the need to resort to the 
combination of the CSW01 and HPB1.1 strains forming a consortium. 
Compared to the previously discussed treatments, the addition of 
CSW01 + HPB1.1 did not increase the percentage of mineralization for 
SS (16.9 %) and only a slight increase up to 14.9 % for NSS. Data about 
the required time to achieve 50 % mineralization given by the kinetic 
model are not useful in these cases where only mineralization below 
17 % was obtained.

The results obtained indicate that, although the percentages of APAP 
mineralization in solution drastically increased when CSW01 formed a 
consortium with HPB1.1 (from 27.6 % to 73.9 % for APAP 10 mg L− 1, 
and from 24.5 % to 65.2 % for 500 mg L− 1), the same is not observed 
when this consortium is applied in sewage sludge contaminated with 
APAP, with a value up to only 16.9 % APAP mineralized. It could 
indicate that the presence of the sludge prevents CSW01, CSW02 and the 
consortia CSW01 + HPB1.1 from exercising their mineralizing power 
demonstrated in solution. Such behaviour is not due to competence with 
endogenous microbiota because the same effect was also observed when 
the sludge was sterilized (SS) (Table 5).

On the other hand, this low mineralization value (only 16.9 %) also 
contrasts with those obtained for APAP biodegradation in sewage sludge 
using CSW01 (100 % APAP biodegraded) and the consortium 
CSW01 + HPB1.1 (98.6 % APAP biodegraded). In summary, although a 
complete APAP biodegradation was achieved in sewage sludge, only 
limited mineralization was observed. It could indicate that the metab
olites produced due to the biodegradation process could be more hy
drophobic than APAP, remaining adsorbed on the sludge, and reducing 
their bioavailability to be mineralized. But this possibility does not seem 
to be the reason, because 4-AP and hydroquinone are highly soluble in 
water (16 and 72 g L− 1, respectively) and their log Kow values are also 

Table 4 
Kinetic parameters calculated from paracetamol (50 mg Kg− 1) biodegradation curves in a water-sludge system after inoculation with M. aubagnense HPB1.1, 
P. extremaustralis CSW01 and S. stutzeri CSW02.

Bacterial strain Model kinetic K1 

(day− 1)
K2 

(day− 1)
Tb (h) DT50 * 

(days)
Extent of biodegradation (%) Calculated χ2 * * Scaled error R2

SS SFO 0.006 - - 122 15.7 0.299 1.71 0.849
SS + CSW01 SFO 0.950 - - 0.7 100 6.148 0.46 0.999
SS + CSW02 SFO 2.017 - - 0.3 100 5.098 0.36 0.999
SS + CSW01 + HPB1.1 HS 1.471 0009 1.37 0.5 91.7 5.822 1.04 0.979
NSS SFO 0.022 - - 30.7 50.3 5.683 6.73 0.763
NSS + CSW01 SFO 0.997 - - 0.7 100 0.839 0.36 0.997
NSS + CSW02 SFO 2.636 - - 0.3 100 0.002 0 0.999
NSS + CSW01 + HPB1.1 HS 1.687 0.058 1.57 0.4 98.6 9.834 0.83 0.993

* DT50: time to decline to half the initial concentration of APAP. * * χ2 calculated values < χ2 corresponding tabulated value (p 0.05).

Fig. 5. Paracetamol mineralization in sewage sludge (50 mg Kg− 1) after 
application of different treatments: A) Sterilized Sludge (SS); B) Non-Sterilized 
Sludge (NSS).
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low (− 0.09, 4-AP; 0.59, HQ), indicating these compounds do not have a 
high potential for adsorption to sewage sludge. It seems to indicate again 
that, as in the results obtained in toxicity studies, other metabolites not 
detected with the analytical method used in this study must be present, 
and these could be more hydrophobic than APAP and the metabolites 
detected. The adsorption on sludge of these more hydrophobic metab
olites could prevent further mineralization. Despite this, the fact that a 
complete biodegradation of 50 mg kg− 1 APAP in sewage sludge has 
been reached is a magnificent result, although the presence of certain 
APAP metabolites in sludge must be considered.

3.6. In silico analysis of genes involved in paracetamol degradation 
pathway

In this work, an in silico study of the bacteria P.extramaustralis CSW01 
and S. stutzeri CSW02 has been carried out to identify genes potentially 
involved in the degradation pathway of APAP. This study provides 
valuable genetic information in the field of bioremediation, by offering a 
deeper understanding of the microbial mechanisms involved in the 
biodegradation/mineralization of APAP. In the case of M. aubagnese 
HPB1.1, a complete analysis of the protein involved in the APAP 
biodegradation pathway was conducted by Lara-Moreno et al. [29].

The P. extramaustralis CSW01 and S. stutzeri CSW02 genomes are 
composed of 184 and 3 contigs for a total of 7056,049 bp and 
5025,868 bp and 60.1 % and 63,5 % of G + C content, respectively. A 
total of 6584 coding sequences were identified in the genome of CSW01. 
Moreover, one 16 s rRNAs, two 5 s rRNAs, one 23 s rRNAs, and 56 
tRNAs were found. In the case of the CSW02 strain, 4806 coding se
quences were identified, including four 16S rRNAs, four 5S rRNAs, four 
23S rRNAs, and 60 tRNAs.

For a general characterization of the potential of the strains to 
degrade persistent organic compounds, the metabolism of aromatic 
compounds was seen in more detail. Interestingly, the CSW01 and 
CSW02 genomes contain 66 and 75 genes related to the metabolism of 
aromatic compounds, respectively (Fig. 3S, boxed in red). These genes 
have been classified into different subsystems: (1) peripheral pathways 
for catabolism of aromatic compounds, (2) metabolism of central aro
matic intermediates, and (3) metabolism of aromatic compounds - no 
subcategory. 38 genes in the case of CSW01 strain and 45 genes for 
CSW02 were classified within the peripheral subsystems. They are 
involved in the degradation of salicylate, phenol, biphenyl, quinate, n- 
Phenylalkanoic acid, benzoate, and p-Hydroxybenzoate. Conversely, 23 
genes for CSW01 and 28 genes for CSW02 are responsible for the 
metabolism of central aromatic intermediates, such as the catechol and 
protocatechuate branch of the beta-ketoadipate pathway, salicylate and 
gentisate catabolism, and homogentisate pathway. Finaly, 5 and 2 genes 
were identified for CSW01 and CSW02 strains, respectively, related to 
the degradation of gentisate.

Furthermore, even if some enzymes responsible for the above- 
mentioned pathways have been reported in the APAP degradation 
pathway [63], an additional search was carried out following another 

strategy to specifically identify P. extremaustralis CSW01 and S. stutzeri 
CSW02 genes potentially involved in APAP degradation. Genes poten
tially associated with APAP biodegradation were in silico predicted in 
the genomes of these strains by analyzing the sequence homology of 
their encoded proteins with enzymes having a role in the APAP degra
dation pathway described by Ríos-Miguel et al. (2022), thus considered 
reference proteins in this in silico search strategy. The homologous 
proteins putatively involved in the APAP biodegradation identified in 
the CSW01 and CSW02 genomes are listed according to the hypothe
sized metabolic pathway in Tables 6 and 7, respectively.

Typically, the required level of similarity to confirm that two pro
teins in different bacteria share the same function can vary based on 
several factors, such as the degree of conservation at the protein level 
and the specific functional regions involved. There is no fixed threshold 
to determine the precise percentage of identity needed to establish 
functional equivalence. However, in general, a higher level of similarity 
suggests a greater likelihood of functional resemblance between the 
proteins. According to Rost [64], sequence alignments can reliably 
differentiate between pairs of proteins with similar and dissimilar 
structures when the sequence identity is high (above 40 % for lengthy 
alignments). Also, Todd et al. [65] investigated the variation in enzyme 
function among different superfamilies and concluded that, in the case 
of both single and multi-domain proteins, there is minimal variation in 
the Enzyme Commission (EC) number (a number associated with a 
specific enzyme-catalyzed reaction) when the sequence identity exceeds 
40 %. Thus, if the sequence identity surpasses this threshold, it is highly 
likely that the proteins retain the same function. Nevertheless, the per
centage of identity between proteins might be below 40 % due to 
evolutionary divergence but maintain similar functions. Indeed, Rost 
[64] reported that there is an ambiguous zone (30 % to 35 % similarity) 
described by an explosion of false negatives, and above a cut-off of 30 % 
identity about 90 % of the detected pairs were homologous. This clearly 
shows the considerable diversity of homolog proteins across organisms, 
highlighting the interest in searching for new homologs.

Based on Ríos-Miguel et al. [66], amidases are responsible for the 
first APAP biodegradation step by transforming APAP into 4-AP. Four 
amidases reported as able to transform APAP to 4-AP or to a brown 
compound (aryl acylamidase described for Bacterium CSBL00001, 
Accession number: ACP39716.2 [67]; aryl-amidase A described for 
Paracoccus huijuniae FLN-7, Accession number: AFC37599.1 [68]; 
aryl-amidase described for Ochrobactrum sp. PP-2, Accession number: 
ANS81375.1 [69]; aryl-amidase described for Rhizorhabdus wittichii 
DC-6, Accession number: AGC74206.1 [70] were used as references to 
search for homologsand, in the P. extremaustralis CSW01 and S. stutzeri 
CSW02 genomes and significant alignments were found with all of them 
(thresholds described in the Materials and Methods section). Each found 
amidase showed an identity percentage greater than 30 % with the 
respective reference protein (described in the literature) (Tables 6 and 7, 
respectively). Interestingly, the protein described for Bacterium 
CSBL00001 reached an identity percentage of 85 % to proteins encoded 
in both the target genomes (CSW01 and CSW02), which shows very 

Table 5 
Kinetic parameters calculated from paracetamol (50 mg kg− 1) mineralization curves in a water-sludge system after inoculation with M. aubagnense HPB1.1, 
P. extremaustralis CSW01 and S. stutzeri CSW02.

Bacterial strain kinetic Model K1 

(day− 1)
K2 

(day− 1)
Tb (days) DT50 * 

(days)
Extent of mineralization (%) Calculated χ2 * * Scaled error R2

Sterilized sludge (SS) SFO 0.0001 - - ∞ 0 0.002 1.25 0.991
SS + CSW01 HS 0.029 0.001 4.6 583 16.9 0.174 0.26 0.927
SS + CSW02 HS 0.014 0.001 5.4 1020 12.8 0.075 0.17 0.958
SS + CSW01 + HPB1.1 HS 0.145 0.003 0.9 159 16.9 0.558 0.78 0.839
Non Sterilized sludge (NSS) SFO 0.001 - - 647 3.24 0.0008 0.30 0.881
NSS + CSW01 HS 0.018 0.001 4.7 1140 10.8 0.061 0.15 0.9369
NSS + CSW02 HS 0.013 0.001 7.3 610 10.1 0.014 0.07 0.983
NSS + CSW01 + HPB1.1 HS 0.247 0002 0.5 225 14.9 0.275 0.53 0.891

*DT50: time to decline to half the initial concentration of APAP. * * χ2 calculated values < χ2 corresponding tabulated value (p 0.05).
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Table 6 
Information about the alignment of amidase, deaminases, hydroxylase, and dioxygenase proteins, known to degrade paracetamol and proteins annotated in the genome of P. extremaustralis CSW01.

- * Candidate proteins most likely to be responsible for APAP biodegradation based on identity and coverage percentage (respective gene sequences are reported in Supplementary material S5).
- Peg (Protein Encoding Gene) from RAST server.
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Table 7 
Information about the alignment of amidase, deaminases, hydroxylase, and dioxygenase proteins, known to degrade paracetamol and proteins annotated in the genome of S. stutzeri CSW02.

- * Candidate proteins most likely to be responsible for APAP biodegradation based on identity and coverage percentage (respective gene sequences are reported in Supplementary material S5).
- Peg (Protein Encoding Gene) from RAST server.
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strong evidence of homology, and Ko et al. [71] have proved, through 
overexpression in Escherichia coli cells, the direct involvement of this 
enzyme (aryl acylamidase) in the transformation of APAP, acting on the 
amide bond between aryl and acyl groups. Therefore, it is highly prob
able that the most similar proteins found in the target genomes are the 
enzymes responsible for catalyzing the first step of the APAP degrada
tion pathway in the studied strains.

It is known that deaminases are responsible for the second step in the 
APAP biodegradation pathway. The function of deaminases is to cata
lyze the removal of an amino group (-NH2) from a molecule. Hence, 4- 
AP is turned into HQ [1]. A cytosine deaminase (Accession number: 
WP_130204088.1) was described for the Pseudomonas sp. MIL9 and used 
as a reference protein. Interestingly, both the CSW01 and CSW02 ge
nomes contain a similar protein with 92 %/30 % and 89 %/30 % of 
coverage/identity, respectively for each bacterium and annotated as 
cytosine deaminase (Tables 6 and 7). Since the remarks made in the 
foregoing paragraphs, for proteins sharing less than 40 % sequence 
identity functional differences may emerge. In such instances, structural 
data becomes crucial to comprehend the functional similarities or dis
similarities. On the other hand, as noted by Galperin and Koonin [72], 
enzymes within a superfamily usually display shared sequence motifs, 
and essential active site residues, and often have predicted reaction 
mechanisms. Therefore, an analysis of the catalytic domains has been 
performed on the identified proteins with alignment identity percent
ages below 40 %. Figure S4 shows the alignment between the reference 
enzyme and the putative homolog proteins found, where the residues 
from the active site are highlighted. The alignments show conserved 
amino acids (highlighted in red) within the active sites related to the 
function under investigation in both strains. This indicates that the 
proteins encoded by these strains may be potential candidates for the 
enzymes responsible for the second step of the APAP biodegradation 
process. A similar study conducted by Pandey et al. [73] revealed po
tential genes capable of mediating the degradation of APAP, including 
guanidine deaminase (Accession number: WP_147428858.1). This 
enzyme converts 4-AP to HQ, similar to the enzyme cytosine deaminase. 
In the present study, the genome sequences of the CSW01 and CSW02 
strains identified a guanine deaminase with 53 % and 54 % identity, 
respectively (Tables 6 and 7). Therefore, these are also candidates for 
the enzymes responsible for the second step of the APAP biodegradation 
process.

The subsequent step to transform HQ into hydroxyquinol is catabo
lized by hydroxylases, in particular ring hydroxylating oxygenase. This 
enzyme catalyzes the introduction of a hydroxyl group (-OH) into a 
substrate molecule. One aromatic-ring-hydroxylating oxygenase was 
reported by Musumeci et al. [74] for uncultured bacterium and it is 
recognized as being a key step in the aerobic biodegradation of aromatic 
compounds [75]. Both the α and β subunits of this enzyme (Accession 
numbers: AKA64675.2 and AYA78733.1) were used as a query for the 
search and two similar sequences of amino acids were found in each one 
of the target genomes, with similar levels of identity: 28 % and 32 % in 
the case of CSW01 strain and 30 % and 32 % in CSW02 strain (Tables 6 
and 7). In the case of the α subunit, the corresponding active sites were 
identified on the candidate aromatic-ring-hydroxylating oxygenase 
protein of each studied strain (Figure S5). The alignments exhibit 
conserved amino acids (in red bold) in the active sites associated with 
the investigated function in both strains, suggesting that both encoded, 
despite the evolutionary differences with the enzyme described for an 
uncultured bacterium, and used as reference (< 40 % identity). How
ever, the active site of the protein aromatic-ring-hydroxylating dioxy
genase subunit beta is not well-defined. Interestingly, in the case of 
P. extremaustralis CSW01, these two genes appear in the contig 2 fol
lowed by each other, which gives more indications of being enzyme 
subunits.

Additionally, a 4-hydroxybenzoate 3-monooxygenase (Accession 
number: WP_024845849.1) identified in the Paracoccus genus was 
examined in the genomes under investigation. This enzyme was selected 

based on its involvement in the conversion of HQ to hydroxyquinol [73]. 
The alignments revealed a 54 % identity in the case of P. extremaustralis 
CSW01 (Table 6), a significant percentage that suggests the P-hydrox
ybenzoate hydroxylase gene found in this strain might be responsible for 
the formation of hydroxyquinol in the APAP degradation pathway. 
However, the genome of S. stutzeri CSW02 did not show evidence of the 
presence of 4-hydroxybenzoate 3-monooxygenase (Table 7), confirming 
the previously mentioned hypothesis.

The final group of proteins under investigation were dioxygenases. 
Several dioxygenases have been identified as the catalysts responsible 
for breaking open the aromatic ring during the breakdown of aromatic 
compounds [76,77] but their role in APAP biodegradation remains 
poorly understood. Rios-Miguel et al. [78] showed three possible op
tions: (1) hydroxyquinol is transformed into 2,5-dihydroxy-6-oxo-2, 
4-hexadienoic by the activity of type I extradiol dioxygenase; (2) the 
aromatic ring of HQ is cleaved to form 4-hydroxymuconic semialdehyde 
by type III extradiol dioxygenase; (3) hydroxyquinol is converted to 
3-hydroxy-2,4-hexadienedioic metabolite by the action of the enzyme 
intradiol dioxygenase. All options were considered in this study 
(Tables 6 and 7 for CSW01 and CSW02, respectively). For 
P. extremaustralis CSW01 the best result in terms of identity was 
observed for the option of intradiol ring-cleavage dioxygenase. Namely 
with a catechol-1,2-dioxygenase encoded in contig 2 showing 98 % 
coverage and 41 % identity with both the intradiol ring-cleavage diox
ygenases (Accession number: ANH99603.1) reported for Pseudomonas 
koreensis and for Pseudomonas putida NBRC 14164 (Accession number: 
BAN53997.1). In S. stutzeri CSW02, the best result was also for the op
tion intradiol ring-cleavage dioxygenase, with the highest coverage 
(98 %) and percentage of identity (41 %) in this case just with the 
hydroxyquinol 1,2-dioxygenase described for P. putida NBRC 14164. 
This suggests the presence of functional intradiol ring-cleavage dioxy
genase in both strains CSW01 and CSW02, and a process similar to that 
previously reported by Sarwade and Funde [79], in which catechol de
rivatives formed from the aromatic compounds’ biodegradation path
ways could undergo ortho or meta cleavage induced by catechol 1, 
2-dioxygenase activity transforming it to cis-cis muconate.

With the goal of contributing to a broader genomic knowledge 
related to the biodegradation of APAP in bacteria, the reference proteins 
for which candidate homologs were found in the strains under study 
were used to search for similar genes in three bacteria known for 
degrading APAP and another bacteria able to degrade several aromatic 
compounds, whose complete genomes are available in the NCBI data
base. The selected bacteria for the analysis are P. moorei KB4, 
M. yunnanensis TJPT4, R. wittichii RW1, and Paracoccus sp. APAP_BH8 
[80,17,73,13]. All of them have been described as APAP-degrading 
bacteria, except for R. wittichii RW1, which has been reported as a 
degrader of dibenzofuran, dibenzo-p-dioxin, polychlorinated biphenyls, 
and other aromatic compounds [80]. The results of the alignments be
tween the reported degrading bacteria and reference proteins are shown 
in Table S4. Regarding the amidase enzyme (aryl acylamidase), several 
putative homologous copies were identified in P. moorei KB4 and Par
acoccus sp. APAP_BH8, with wide ranges of coverage and identity. The 
analysis of deaminases revealed that all four bacteria present proteins to 
the enzyme guanine deaminase, with significant percentages of 
coverage and identity. The third group of proteins analyzed were hy
droxylases, which exhibited greater diversity depending on the bacterial 
strain studied (Table S4). P. moorei KB4 and R. wittichii RW1 showed 
similarities with the enzyme aromatic-ring-hydroxylating oxygenase α 
and β subunits, as well as with the enzyme 4-hydroxybenzoate 3-mon
ooxygenase, suggesting that both may be involved in APAP-degradation. 
In the case of Paracoccus sp. APAP_BH8, almost complete homology 
(98 %) was found with the protein 4-hydroxybenzoate 3-mono
oxygenase. However, in M. yunnanensis TJPT4, no homologous proteins 
were detected for the hydroxylases proposed for the CSW01 and CSW02 
strains. Lastly, the dioxygenases, a key group in the degradation of ar
omatic compounds responsible for opening the aromatic ring, were 
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analyzed. All bacteria presented putative homologous proteins to the 
intradiol ring-cleavage dioxygenase. However, the percentages of 
identity and coverage were higher for the hydroxyquinol 1,2-dioxyge
nase, an intradiol ring-cleavage dioxygenase enzyme specific for 
hydroxyquinol, an intermediate metabolite in the degradation pathway 
of many aromatic compounds, including APAP [73]. In the case of 
M. yunnanensis TJPT4, the similarity was low, suggesting that this bac
terium may follow an alternative degradation pathway catalyzed by an 
extradiol ring-cleavage dioxygenase.

After analyzing the possible candidate genes involved in the APAP 
degradation pathway, it was observed that the main genes amidase, 
hydroxylase, and dioxygenase are in the contig 2 of P. extremaustralis 
CSW01 and close to each other (peg annotations 1844, 1865, 1867, 
1868). This suggests the possible presence of a cluster of genes respon
sible for the degradation of APAP (Fig. 6S). This hypothesis is also 
supported by the presence of an AmiS/UreI family transporter gene (peg 
1843), which is thought to be responsible for the transport of APAP 
inside the cell [78], next to the aryl acylamidase amidase gene (peg 
1844). Several mobile genetic elements were also found near these genes 
(e.g., Tn5045 resolvase, Tn3 trasposase, Transposon Tn21 modulator 
protein, peg. 1845, 1847, and 1849). These elements could have been 
responsible for the acquisition of the aforementioned gene cluster. 
Something similar occurs in the case of S. stutzeri CSW02: the analysed 
genes are found on the bacterial chromosome (contig 23), except for the 
amidase enzyme (peg 4530), which is located on a plasmid (contig 33) 
followed by the mobile element Tn5045 resolvase (peg 4531).

Interestingly, following the in silico analysis of the studied bacteria, a 
relationship between the detected degradative genes and the metabo
lites identified in this study is inferred. First, the amidase produces 4-AP, 
followed by the transformation of 4-AP into HQ catalyzed by a deami
nase, and finally, the enzyme catechol-1,2-dioxygenase produces non- 
aromatic metabolic products that can lead to trans-2-hexenoic acid, 
ultimately destined for the TCA cycle (Fig. 6).

4. Conclusions

P. extremaustralis CSW01 and S. stutzeri CSW02, isolated from sewage 
sludge in the presence of APAP, demonstrated very high degradation 
capacity of this pharmaceutical in wide ranges of concentrations 
(10–2000 mg L− 1), temperature (10–40 ◦C) and pH (6–9, although 
CSW01 was very active at pH 5), exhibiting the highest capability to 
degrade APAP at 30 ◦C and pH 7.0. It indicates that both bacterial 
strains are very promising to be used in APAP bioremediation 
treatments.

Furthermore, these isolates were also able to mineralize APAP in 
solution although with percentages lower than 30 %, indicating that 

APAP metabolites should remain in solution. When the bacterial strain 
M. aubagnense HPB1.1, described as a degrader of the main APAP me
tabolites 4-AP and HQ, was co-inoculated with CSW01 or CSW02, the 
percentages of APAP mineralization increased significantly (up to 74 % 
and 58 %, respectively), with DT50 values of only 1 and 9 days, 
respectively. Given the scarce number of APAP mineralizing bacterial 
strains, the importance of these consortia for APAP mineralization in 
water should be highlighted.

Three metabolites (4-AP, HQ, and trans-2-hexenoic acid) were 
detected throughout APAP biodegradation in solution. Their removal 
was confirmed when the degrading strains were present, but other toxic 
metabolites must be formed since residual toxicity was detected until the 
end of the assay.

Also in sewage sludge artificially contaminated with APAP (50 mg 
Kg− 1), CSW01 and CSW02 demonstrated ability to degrade 100 % APAP 
in only 4 days, but mineralization was not greater than 15 % even when 
forming consortia with HPB1.1, concluding that some APAP metabolites 
may remain adsorbed on sludge.

Finally, a genome-based analysis of P. extremaustralis CSW01 and 
S. stutzeri CSW02 allowed to identify the genes involved in APAP 
degradation, and a possible pathway is proposed. Amidases, de
aminases, hydroxylases and dioxygenase enzymes were identified as 
possibly responsible for catalyzing the different steps of the APAP 
biodegradation pathway. The study of the CSW01 and CSW02 genomes 
provides new information about the mechanism of APAP biodegrada
tion, as the study of genes involved in the APAP degradation route is a 
little-known field that needs to be studied in more detail.

Environmental implication

The wide use of paracetamol (APAP) involves ecological risks, being 
considered an emerging pollutant. APAP excreted by humans ends up in 
WWTPs, where its elimination is not complete, remaining in part in the 
effluent treated waters (discharged into surface waters used for soil 
irrigation) and in part adsorbed on sewage sludge (used as fertilizer in 
agricultural soils). APAP bioremediation in WWTPs is the unique op
portunity to remove it from both matrices before its dispersion in the 
environment.
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Fig. 6. Simplified paracetamol biodegradation pathway proposed for P. extramaustralis CSW01 and S. stutzeri CSW02. In brackets, enzymes as possibly responsible for 
catalyzing each step (in purple, those encoded by genes present in CSW01 and CSW02; in green, encoded by genes in CSW01; and in orange, encoded by genes in 
CSW02). Dotted lines correspond to conversions that require more than one step.
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